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Engineered nanomaterials (NMs) used for industrial and commercial applications, 
represent an emerging contaminant of environmental concern. Due to their widespread 
use, their entry into the environment is believed inevitable, where the ocean represents 
the sink for contaminants entered into the aquatic environment. In this thesis new 
insight is provided on the likely environment risk of engineered NMs towards marine 
microbial organisms which represent the base of the marine food web and play major 
roles in global climatic and biogeochemical processes.  
Three commonly used NMs with clear pathways into the aquatic environment were 
selected for study; silver nanoparticles (AgNPs), titanium dioxide (nTiO2) and cerium 
oxide (nCeO2). Preliminary investigation exposing a natural phytoplankton 
community to AgNPs identified the marine cyanobacterium Prochlorococcus as 
particularly sensitive to NMs, and hence the model Prochlorococcus sp. MED4 was 
selected for use in ecotoxicity assessments. Toxicity testing and subsequent 
investigation of toxic mechanisms revealed varying impacts of metal-based NMs such 
as AgNPs, and metal oxide NMs upon Prochlorococcus, largely determined by their 
respective fate and behaviour upon entry into saline media. 
In chapter 2, AgNPs were observed to exert significant cell declines upon 
Prochlorococcus via the release of toxic silver ions and superoxide. This perturbation 
was associated with a significant alteration to the cellular proteome and was 
irreversible in the longer-term. However, cell declines were mitigated by increasing 
cell density likely due to an increase in production of superoxide dismutase at higher 
cell numbers. Significant cell declines were observed at concentrations ≥10 µg L-1 
under natural conditions, representing the upper limit of AgNPs predicted in the 
environment. Hence, it is believed that negative impacts of AgNPs upon marine 
microbial species is only likely in hotspots of contamination. 
In chapter 3, the potential impacts of metal oxide NMs (nTiO2 and nCeO2) were 
investigated. Here, little impact upon Prochlorococcus was recorded in extended 
exposure (240 h) except at extremely high concentrations (100 mg L-1). Temporary 
declines were observed in the short-term (≤72 h) and were associated with the hetero-
aggregation and co-precipitation with nanoparticles which were observed to aggregate 
xx 
 
rapidly upon entry into seawater, as confirmed by dynamic light scattering (DLS) and 
fluorescent microscopy. The key role of physical interactions in driving cell declines 
was further supported by shotgun proteomic analysis of Prochlorococcus exposed to 
nTiO2 (100 µg L-1), revealing no significant alteration to the cellular or exo- proteome. 
Effective protocols were established to extract and characterise nTiO2 utilised in 
consumer products such as cosmetics and sunscreen. Use of nTiO2 extracted from 
consumer sunscreen in exposures with natural marine microbial communities, found 
negligible impact upon the structure and diversity of prokaryotic or eukaryotic 
communities. Hence the current environmental risk of nTiO2 and nCeO2 towards 
marine microbial species is believed low. 
In the final experimental chapter 4, in collaboration with an industrial partner, the 
effectiveness of novel nCeO2 antifouling surface coatings was examined by use of 
amplicon sequencing, nutrient analysis and 3D microscopic imaging. Investigation 
revealed negligible impact of the addition of nCeO2 upon biofilm community 
structure, however nutrient analysis suggested a slight reduction in biofouling in the 









Nanomaterials in the marine environment 
 
 
Nanomaterials (NMs) refer to particles with at least one dimension <100 nm.1 Such 
particles have always been present in the environment, derived from natural and in 
more recent times, anthropogenic sources.2 Ecological concerns have been raised in 
regards to the environmental fate and behaviour of engineered NMs. These materials 
are observed to behave differentially to their bulk counterparts,3 and unique 
physicochemical properties has led to their widespread application, for example; as 
antibacterial agents in the biomedical industry;4 catalysts;5 conductive adhesives or 
pastes;6 cosmetics;7 and as agents for biosensing and imaging (Table 1.1).8 The 
production of NMs has increased exponentially and is predicted to rise.2, 9 Ever-
increasingly, NMs are being incorporated into commercial products and >1800 are 
now listed as containing nano-components.9, 10 With this in mind, it is increasingly 
likely that NMs will enter the natural environment, where the ocean represents the 
sink for the majority of contaminants entered into aquatic systems. Marine ecosystems 
play a fundamental role in regulating global climatic and biogeochemical cycles, as 
well as, significantly contributing to food security, world economics and human 
health. As such, the fate and effects of NMs released into marine waters requires 
investigation.2 This important research will be of great use to inform on the likely 
environmental risk of engineered NMs, and direct future policy regarding their 
monitoring and release into the environment. 
 
1.1 Entry of nanomaterials into the marine environment 
 
There are numerous pathways by which NMs of anthropogenic origin may enter the 
natural environment (Fig 1.1). Due to difficulties in environmental sampling in the 
nano-scale,11 the extent of NM release by each possible source has not been accurately 
recorded. Release of NMs into the marine environment may occur directly, or 




transportation by rivers, wind or surface-runoff.12, 13 The ocean is widely recognised 
as the sink for pollutants entering the aquatic environment, although this is governed 
by the pollutant’s physicochemical properties and stability in suspension, a factor 
known to vary between differing NMs and environmental zones.14  
 
Table 1.1. Global production and uses of common engineered nanomaterials.15-17 
 
Material Annual Production (tons) Example uses 
Silicon dioxide 5,500 – 1,400,000 
Paints, therapeutics, mechanical polishing 
agents, foods.18 
Titanium dioxide 3,000 – 150,000 
Sunscreens, plastic production, paints, foods.7, 
19, 20 
Zinc oxide 550 – 36,000 
Sunscreens, pharmaceuticals, cosmetics, 
sensors.21, 22 
Aluminium oxide 55 – 10,100 
Drug delivery, biosensors, cancer therapy, oil 
recovery.23, 24 
Carbon nanotubes 300 – 1,950 
Catalyst support, electronics, nanotweezers, 
high performance composite production, 
supercapacitors.25 
Cerium oxide 55 – 1,400 
Fuel catalyst, biomedical applications, drug 
delivery, glass production, incorporation into 
electronic components.26-29 
Silver 55 - 420 
Antibacterial agents, clothing, cosmetics, 
biological sensing, and electronics.6, 8, 30 
Fullerenes 0.6 - 100 
Photovoltaics, antioxidants, pharmaceuticals, 
catalysts, polymer additives, medical 
imaging.31 
Iron oxide 45 - 55 
Magnetic inks and seals, catalysts, bioimaging, 
therapeutics.32 
Quantum dots 0.6 - 9 
Photovoltaics, bioimaging, batteries, cancer 
diagnosis, lasers.33 
 
The widespread use of commercial products containing NMs means that particles are 
likely to enter the aquatic environment via wastewater systems. For example, silver 
nanoparticles (AgNPs) utilised in the antibacterial clothing industry,34, 35 have been 
found to readily leach colloidal AgNPs and ionic silver into distilled water during 




nanoparticles (nTiO2), have a clear pathway to enter the aquatic environment via 
wastewater in a similar manner to that recorded with microplastic beads derived from 
domestic use of facewash.36 For example, it is predicted that 160-240 metric tonnes of 
TiO2 is released into coastal waters following sunscreen use each year in tropical 
Figure 1.1.  Illustrative representation of possible routes of entry of engineered nanomaterials 
(NMs) into the marine environment: 
A – Direct entry of nano-products e.g., sunscreen; Sunscreens commonly use NMs for UV 
protection. These products are generally used by consumers at coastal locations where following 
coastal leisure activities (i.e., swimming, water sports) NMs will likely be washed into surface 
waters. 
B – Domestic use of nano-products; The use of products incorporating NMs within homes (e.g., 
cosmetics, cleaning products, clothing) is likely to release NMs into wastewater systems. Here, 
a proportion of NMs will be transported to the aquatic environment as wastewater effluent. 
C – Riverine input; NMs released within wastewater effluent, alongside any NMs that enter 
rivers via surface run-off or wind transport following terrestrial use (e.g., agricultural 
application, surface coating leachate) will be transported by riverine systems where the ocean 
will be their eventual sink. 
D – Transport emissions; NMs produced by and added to fuel used in terrestrial vehicles may 
enter aquatic environments following their release. NMs released by exhaust systems of shipping 
or leisure vessels will enter the aquatic environment directly. 
E – Break-down of larger debris; Entry of materials of anthropogenic origin (e.g., plastics) is 
ever-increasing. Such materials may break-down due to processes including environmental 
weathering into nano-scale particles. 
F – Industry; NMs may be entered into the marine waters directly because of industrial activity 
such as release of production by-products or waste, or indirectly through release of materials 
into terrestrial wastewater systems of into the air where they may be transported to the ocean. 
G – Atmospheric deposition; Airborne NMs will likely be transported via wind where they may 





countries.37 Considering that sunscreen use in many countries displays a seasonal 
trend, it is likely that products such as liquid foundation, which utilise nTiO2 for UV 
protection, or toothpastes used on a largely more regular basis may release 
considerably more NMs into the environment. It is therefore feasible to suggest that 
households may represent a considerable source of NM release into the environment. 
 
Extraction rates for metal oxide nanomaterials (MO NMs) from wastewater treatment 
plants (WWTPs) have been recorded in the range of 90-95%.38, 39 For metallic NMs 
such as AgNPs, WWTPs are predicted to release approximately 0.2% of particles into 
effluent based on influent concentrations of 5 µg L-1.34 However, observed extraction 
efficiencies for AgNPs vary (50-98%).39 It can be argued WWTPs provide good 
protection to the environment from any potential deleterious effects exerted by the 
release of NMs into wastewater systems. However, the presence of these materials 
within WWTPs may alter the activity and performance of WWTP communities.40-44 
Following treatment, NMs are collected into sewage sludge, believed to contain NMs 
in their highest environmental concentrations.19 Following the 1991 EU directive 
91/271/EEC45 and US Ocean Dumping Ban Act of 1988,46 oceanic dumping of sewage 
sludge was prohibited, resulting in the frequent use of sludge as an agricultural 
fertiliser.47 Here, approximately 250 mg/m2 of TiO2 is predicted to be released onto 
soil surfaces per year.47 Subsequently, these particles may enter the aquatic 
environment via surface runoff.12 Alternatively, sewage sludge may be added to 
landfill, where it is thought that NMs such as AgNPs may leach into the aquatic 
environment.48 
 
In a similar fashion, NMs that are used terrestrially may pollute soils and be 
transported into surface water and groundwater systems.2 For example, amphiphilic 
polyurethane nanoparticles are found to effectively remediate soils contaminated with 
polynuclear aromatic hydrocarbons.49 Such NMs are specifically designed to not 
adhere to the soil surface.49 Therefore, it is likely that such particles will be transported 
via surface run-off or wind into aquatic environments. Recently, NMs have also been 
utilised to remediate eutrophic waters.50 For example, nTiO2 is recorded to control the 
internal loading of nutrients, primarily phosphorous, in aquatic environments, due to 




order to remediate eutrophication are likely to end up in estuarine or oceanic 
environments. 
 
Given their widespread use, it is clear that numerous pathways for entry of NMs into 
the marine environment exist. As we gather more detailed data on the production, use 
and fate of NMs and related products, we will be better placed to identify key sources 
and hence environments of concern where the accumulation of particles is likely. 
Whilst these aspects remain uncertain, it is important a wide lens approach is selected 
to examine the impact of commonly used NMs upon marine biota. 
 
1.2 Environmental concentrations of nanomaterials 
 
Environmental risk is dependent on toxicity and exposure, hence, the importance to 
evaluate both effects and sinks. As described by Johnson et al. (2012), risk assessment 
is traditionally based upon the comparison of a measured environmental 
concentration, with a known effect concentration determined through laboratory 
testing.47 However, the exact concentration of engineered NMs in the natural 
environment remains unknown.39 The lack of clarity regarding environmental levels 
of engineered NMs is not surprising, given their relatively recent increase in use.  
Additionally, difficulties in sampling techniques and varying effectiveness of methods 
for characterising nano-pollutants has led to a lack of environmental data.11, 51 For 
example, the presence of natural and any manufactured bulk material that have 
previously been entered into the environment, makes the ability to distinguish between 
these and engineered NMs particularly challenging.47 Typically, our understanding is 
based upon ‘Environmental Fate Models’, identified as a key tool to estimate the likely 
levels of NM contamination in various environmental zones.52 
 
Gottschalk et al. (2009) simulated the predicted environmental concentrations (PECs) 
of five common engineered NMs across a range of environmental zones in three 
geographic regions: Europe, USA, and Switzerland. Here, highest environmental 
concentrations were predicted to occur in Europe.19 nTiO2 was predicted to be the 
most abundant NM released into the environment, followed by; AgNPs, zinc oxide 
nanoparticles (nZnO), and carbon-based materials, consisting of carbon-nanotubes 




ranging  from 1.68 mg kg-1 (AgNPs) to 136 mg kg-1 (nTiO2) for non- carbon-based 
materials.19 In surface waters, the PEC of NMs was predicted to be much lower, with 
nTiO2 representing the most abundant material at 0.015 µg L-1.19  
 
The research reported by Gottschalk et al. (2009), described above, was one of eight 
studies utilised by Maurer-Jones et al. (2013) to provide further information on the 
PEC of engineered NMs. Here, as expected, WWTP sludge was found to accumulate 
NMs in the highest concentrations.53 Of the materials examined, nTiO2 appeared to 
have the highest PEC in sludge, with concentrations ranging from 100-2000 mg L-1, 
followed by nZnO and AgNPs with predicted concentrations of 13.6-64.7 mg L-1 and 
1.29-39 mg L-1 respectively.53 WWTP effluent was similarly dominated by nTiO2, 
predicted to be present up to 100 ng L-1.53 In surface waters the range of nTiO2, AgNP 
and nZnO was predicted to be approximately 0.01-10,000 ng L-1.53 It was the opinion 
of the researchers that extensive characterisation of NMs in the environment, in terms 
of any alteration of oxidation state and/or species transformation would greatly benefit 
future research, both of which are believed to influence the ecotoxicological effects of 
NMs.53  
 
More recently, field concentrations of NMs are beginning to emerge in the literature.39 
Bauerlein et al. (2017) reported data upon the presence of organic and inorganic NMs 
in the Dutch environment. Here, once again titanium-based materials were most 
abundant, with concentrations of Ti in WWTP effluent recorded in the range of 1-4 
µg L-1,39 lower than the value predicted in modelling studies. However, in surface 
waters Ti was detected in 12 of 14 sites examined, recording concentrations within the 
range estimated by modelling (1.3-5.7 µg L-1).39, 53 A maximum concentration of 33 
µg L-1 was recorded in waters close to Eindhoven airport.39 Presence of nTiO2 particles 
was confirmed using scanning electron microscopy (SEM), revealing primary particle 
sizes of 60-300 nm.39 Within the study, removal of nTiO2 through WWTPs was 
recorded >90% at all sampling points.39 Extraction of AgNPs was recorded in the 
range of 50-98%, resulting in effluent concentrations approximately 1 µg L-1.39 Gold 
nanoparticles (AuNPs) were also detected in WWTP effluent, where extraction 
efficiencies were lower than expected (<50%) and surface water concentrations were 




WWTP sites sampled, however here release into effluent was minimal.39 As expected, 
those areas most susceptible to pollution (e.g. airports) are recorded to display 
relatively higher contamination by NMs.39 Whilst increased efforts have been made to 
monitor the concentrations of engineered NMs in the environment, little work has been 
carried out to uncover the baseline levels of NMs that may be of natural or 
anthropogenic origin.54 Such work will allow for improved analysis of data concerning 
engineered NMs and their presence in the environment. Graca et al. (2018) set out to 
address this problem by conducting analyses on environmental NMs obtained from 
the Baltic Sea to establish their atmospheric, biogenic or geogenic, or anthropogenic 
origin. Using a combination of Variable Pressure SEM and Energy-Dispersive X-ray 
spectroscopy, NMs were found to occur in the ranges of undetectable to 3.8x104 
particles cm-3.54 However of the NMs sampled, only a small fraction were believed to 
be of anthropogenic origin, identified as asbestos nanofibers.54 
 
By using data generated by modelling studies and the limited environmental sampling 
data available, we are able to consider key trends that emerge regarding the release of 
engineered NMs into the environment. Firstly, we can be confident that nTiO2 
represents the most abundant engineered NM in the natural environment, as can be 
expected given that it is one of the highest produced NMs used in commercial products 
globally.9 Secondly, NMs appear to accumulate in WWTP sludge in the mg kg-1 range, 
where they may be transferred to the environment through their use as fertiliser or 
addition to landfill. Extraction rates for NMs appear in the range 50-98%, thus in 
comparison, the concentration of NMs entering effluent and surface waters is 
estimated to be considerably lower, in the ng -µg L-1range. Researchers must consider 
these predicted values in experimental design and conduct both short- and long-term 
exposures at environmentally relevant concentrations to identify any sub-lethal or 
chronic effects that may be exerted upon biota. 
 
1.3 Behaviour of nanomaterials in the aquatic environment 
 
A key theme that runs throughout the discussion surrounding nano-ecotoxicology is 
the influence of NM fate and behaviour upon ecotoxicity. However, given the great 




environments our knowledge of NM fate remains limited. Currently, our 
understanding of the behaviour of NMs within natural waters is limited and often 
dependent on modelling. Analysis of NMs in environmental matrices which are 
complex and vary greatly is challenging and a lack of effective methods exist.55 
However, such knowledge is crucial to accurately predict risk of NMs within natural 
systems, as well as allowing us to predict the likely form of NMs that wildlife is likely 
to come into contact with in varying environmental zones.  
 
A number of techniques have been utilised by researchers to gain insight into the fate 
and behaviour of NMs in aquatic media under experimental conditions. However, 
given the challenges that exist in working with NMs, limitations to current capabilities 
exist.56, 57  Given these challenges, the development of novel techniques is required.56 
Current analytical techniques are not limited to but include: 
• Dynamic light scattering (DLS); DLS is commonly used to examine changes 
in z-average size, zeta-potential, and polydispersity of NMs.58 
• Ultraviolet–visible spectroscopy (UV-vis); assessment of the sedimentation of 
metallic NMs through loss of UV-vis signal over time.59 
• Nanoparticle Tracking Analysis (NTA); video microscopy is used to examine 
Brownian motion of particles in the range of nm to 1 µm. Particle size is 
determined using the Stokes-Einstein relation and concentration calculated is 
regard to the number of particles detected.60 
• Inductively coupled plasma mass spectrometry (ICP-MS); ICP-MS and related 
techniques can be utilised to assess the stability of NMs in experimental 
media.61 Monikh et al. (2018) propose the use of ICP-MS to determine the 
percentage of NMs remaining in suspension in relation to that added at the start 
of the experiment at defined timepoints. Here, particle size is not reported, nor 
aggregation rate or attachment efficiency.61 
• Nanoparticle separation and single particle inductive coupled plasma mass 
spectrometry (spICP-MS); Nanoparticle separation techniques such as 
asymmetric flow field flow fractionation (AF4), spICP-MS is believed to be 




• On-line light scattering analysis: combining both dynamic and static light 
scattering to assess aggregation behaviour and the structure of NM 
aggregates.56 
 
Alongside practical laboratory techniques, computational modelling of NM behaviour 
appears a useful tool.58, 63-66 Such models can predict the likely fate of NMs entering 
various media, as well as the likelihood of interaction with naturally occurring 
particulate or dissolved matter.58 Models make use of the experimental data currently 
available and are likely to be enhanced as increasing amounts of data becomes 
available. Therefore, to maximise effectiveness of predictive model, efforts must be 
made to optimise experimental procedures to best simulate natural conditions.66  
 
Evidence is readily available for the behaviour of NMs under laboratory conditions in 
a range of aquatic environments, including seawater.14, 57, 67, 68 In Figure 1.2, examples 
of important processes impacting on the fate of NMs within aquatic environments are 
displayed. NM mobility and fate in the aquatic environment is governed by a number 
of factors, including; particle size, shape, surface characteristics, and surface charge.69 
Local water chemistry is also influential, with ionic strength, pH, and the presence of 
natural organic and particulate matter all playing important roles.70, 71  
 
Generally, NMs are observed to aggregate upon entry into aquatic media.14, 57, 67 
Aggregation is typically recorded to be enhanced when entered into media of high 
ionic strength such as seawater.3, 14, 58, 72, 73 Here, based on the Derjaguin–Landau–
Verwey–Overbeek (DLVO) theory, as ionic strength increases, the thickness of the 
diffuse layer of NMs is decreased, allowing particles to come into close enough 
contact to aggregate.72 Additionally, under such conditions the ability of surface 
charge to stabilise nanoparticles is reduced.3 Indeed, both metallic and MO NMs have 
been recorded to aggregate upon entry into saline waters.14, 62, 74 In contrast, NMs 
appear more stable in freshwater with lower ionic strength.14 However, specific 
surface characteristics of NMs influence this process and can enhance or mitigate the 
aggregation process.71, 75 As NMs aggregate to larger sizes, their density also 
increases, thus increasing their likelihood to precipitate out of the water column.63 The 
pH of aquatic media can also impact upon NM stability,76 for example nTiO2 has been 




of NMs.3 In addition, NMs may undergo dissolution in aquatic media, as recorded in 
AgNPs and nZnO,77, 78 although this is largely dependent on particle type and surface 
characteristics.79 NMs may be transformed in the environment, for example losing 
their surface coating, or obtaining an eco-corona made up of organic material,71, 80, 81 
subsequently likely to alter their fate. These processes will largely determine the 
behaviour of NMs within the aquatic environment and dictate their transportation 
between environmental zones such as rivers, estuaries, and coastal waters. Here, 
sedimentation may facilitate the deposition and accumulation of NMs in sediments, 
where they may persist.63 
Whilst insights into general behaviours of NMs in the environment have been 
obtained, in some cases conditions often do not accurately represent the natural 
environment. For example, experiments are often carried out concentrations far 
exceeding those predicted in the environment. However, this is commonly 
unavoidable due to the limitations of current analytical techniques.56, 57 Typically, 
limits of detection fall in the ppb (µg L-1) to ppm (mg L-1) range,82, 83  surface water 
concentrations of NMs are predicted in the ng-µg L-1 range,53 meaning that is difficult 
Figure 1.2. Schematic representation of NM fate and behaviour within the aquatic environment. 


















or at times impossible to effectively analyse environmental samples.  For example, for 
reliable DLS analysis a concentration of 0.1-1 mg mL-1 is recommended.84 
Additionally, experiments may be carried out under static conditions, overlooking the 
effects of turbulence and other perturbations that may act to increase collision rate 
between particles of natural colloidal matter.85 It is also important that the presence of 
such colloids and natural organic matter (NOM) is considered during investigation. 
The organic complexity and presence of ligating agents in natural waters is likely to 
influence the fate and behaviour of NMs. 
 
The concentration of particulate matter and NOM within aquatic environments 
appears influential in determining NM aggregation. Here, hetero-aggregation between 
natural compounds and NMs is believed to primarily determine environmental fate.58 
Quik et al. (2014) identified that hetero-aggregation between NMs and natural colloids 
is highest in marine waters, where presence of particulate matter was associated with 
enhanced sedimentation. The rate of sedimentation is observed to vary between 
different particle types, recorded to be relatively low in polyvinylpyrrolidone-coated 
AgNPs (PVP-AgNPs) and comparatively high in carbon-based C60 NPs,67 likely a 
result of the varied surface characteristics of the two particle types. In accordance with 
the findings of Quik et al. (2014), modelling via a two-component Monte Carlo model 
system consisting of NMs and NOM fulvic acid monomers within a range of water 
models representing fresh and marine waters revealed that both homo- and hetero-
aggregation will be enhanced in marine waters due to increased availability of 
effective particle contact points.58 In contrast, the processes of homo- and hetero- 
aggregation were found to compete against each other in ultrapure or fresh- waters, 
dependent upon the initial attachment efficiency between individual particles or 
naturally occurring particulate matter.58  
 
Despite the evidence of varied sedimentation rate of different NMs reported by Quik 
et al. (2014) described above, when experiments are extended to a period of months 
with regular redispersion of water and associated sediments, sedimentation is not 
recorded to vary by particle type.85 Here, sedimentation is extensive and characterised 
by the entrapment of NMs in ‘sediment flocks’.85 The consideration of turbulence and 
action of resuspension is believed to improve environmental relevance as turbulent 




NMs and natural colloids.85 As a result, rates of hetero-aggregation were recorded up 
to 29 times higher in turbulent conditions when compared to studies carried out with 
natural colloids under static conditions.85  
 
Whilst the presence of particulate matter has been observed to enhance aggregation 
and subsequent sedimentation, stabilising effects of NOM upon NM suspensions in 
natural waters have been recorded.14, 62, 86, 87 In marine waters, dissoved organic carbon 
(DOC) in the form of alginate has been observed to form coatings upon AgNPs and 
enhance their stability in suspension.62 However, significant aggregation was still 
recorded.62 Stabilising effects of DOC (>2 mg L-1) is also observed in riverine and 
WWTP waters.86 Here, aggregation of AgNPs and nTiO2 is recorded to be positively 
associated with Ca+ concentration, affecting nTiO2 in a greater manner than AgNPs.86 
During this study high molecular weight biopolymers were also recorded to enhance 
AgNP stability.86 The presence of microbial species is also likely to influence NM 
behaviour in natural aquatic environments; for example, the adsorption of algal 
exopolymeric substances, via electrostatic attraction and complexation at the particle 
surface has been observed during experimental work, and is recorded to enhance 
stability of nZnO in freshwater.88 However, despite the growing evidence base 
surrounding NM fate in natural environments, results still vary. Addition of NOM 
extract had negligible effects upon aggregation or sedimentation of nZnO in marine 
media, where particles were observed to precipitate freely.89 The interaction of NMs 
with naturally occurring substances requires greater attention, in particular at NM 
concentrations relevant to the natural environment. 
 
In summary, it appears that NMs are likely to aggregate upon entry into the aquatic 
environment, the extent of which will be enhanced in saline waters due to increased 
ionic strength. The aggregation of NMs will alter their fate as increased density 
facilitates their transport to deeper zones. However, these processes will be largely 
dependent upon environmental variables such as the concentration of natural 
particulates and NOM, as well as specific water chemistry. It remains to be seen 
whether the processes recorded under experimental conditions are likely to occur at 
the concentrations of NMs predicted in the environment, where rate of particle contact 
is likely to be decreased. Nevertheless, research carried out to date has great use to 




ecotoxicity assessment, and efforts must be placed upon developing novel approaches 
to examine NM behaviour in situ or under representative environmental conditions. 
 
1.4 Ecotoxicological effects of engineered nanomaterials 
 
The increased ecological concern arising from release of engineered NMs into the 
environment has led to a rise in research output regarding their fate, behaviour, and 
effects upon biota. As a result, evidence for the ecotoxicity of nano-sized particles is 
becoming increasingly available. The research output within the field of nano-
ecotoxicology was assessed by carrying out a simple Web of Science® literature 
database search using the terms; ‘Nano* AND Ecotox*’ for articles published between 
2000-2019. After initial screening of article titles to remove any irrelevant 
manuscripts, a total of 1400 articles were identified. Figure 1.3A displays the number 
of articles published each year within the examined timescale. As can be seen, in the 
last decade the number of articles investigating the ecotoxicological effects of NMs 
has increased considerably from 0 in 2000 to 183 in 2019. Indeed, it appears little 
nano-ecotoxicological studies were published prior to 2006. Whilst the relatively 
simple search string utilised may not capture the entire evidence base, it is likely that 
the displayed results represent the general trend. By classifying studies in regard to 
Figure 1.3. Number of articles published annually (2000-2019) within the field of nano-
ecotoxicology (n=1400) (A); and proportion of studies belonging to major material groups (B), 
as identified by Web of Science database search (Topic: ‘Nano* AND Ecotox*’). Data correct 




the NM group studied (e.g., titanium based- /silver based-) we are able to gain insight 
into those materials that have been prioritised by researchers. As can be seen in Figure 
1.3B, the majority of studies examined multiple NM types or discussed 
methodological approaches; representing approximately one third (30%) of articles 
identified. Silver, titanium and carbon-based NMs appear the most studied to date, 
representing 16%, 11% and 10% of articles, respectively. Upon further observation of 
manuscript titles and abstracts, only 78 articles appeared to focus solely upon the fate 
or effects of NMs within saline waters, representing approximately 6% of the dataset. 
It appears that marine species have been little studied in the field of nano-
ecotoxicology when compared to species occupying other environmental zones e.g., 
soil or freshwater. In this section, a brief overview will be provided upon the ecotoxic 
effects of NMs upon marine biota, where focus will be placed upon metal- and MO 
NMs. 
 
Toxicity of engineered NMs is largely determined by the physicochemical 
characteristics of individual particles and the aquatic environment that they enter. In 
several studies NMs are observed to exert higher toxicity than their bulk 
counterparts.90, 91 This is likely due to the higher surface-to-volume ratio of NMs 
compared to bulk materials, or as a result of unique physicochemical properties of 
materials in the nano-form. Size-dependent effects appear a feature of NM toxicity, 
with increased toxicity observed with decreasing particle size.92, 93 Particle shape or 
form, on the other hand, has previously not been observed to influence toxicity of 
NMs, such was the case in exposures of copper oxide nanoparticles (nCuO) to a 
sediment-dwelling annelid.94 Specific physico-chemical characteristics of NMs are 
also likely to play a key role in determining their interaction with biota. For example, 
crystalline structure of nTiO2 has been recorded to influence toxicity, with anatase 
nTiO2 significantly more toxic than the rutile nTiO2,95 attributed to the lower lipophilic 
properties of anatase nTiO2 in aquatic media, thus enhancing their bioavailability to 
organisms.95 Surface coating is also recorded to determine toxic effects; for example, 
uncoated cerium oxide nanoparticles (nCeO2) induced a toxic response in the 
freshwater alga, P. subcapitata.92 Whereas, the toxicity of dextran-coated nCeO2 upon 
E. coli was negligible, rather inducing a mild antibacterial effect.96 It has been 
suggested that surface characteristics influence such differences in toxicity by altering 




appear well-dispersed in saline media, therefore remaining biologically available to 
species occupying the water column, and hence enhancing toxicity towards these 
organisms.97 Functionalisation of NMs can also increase or decrease their toxicity 
towards microbial species. Studies have also shown that antimicrobial agents, such as 
vancomycin, can be incorporated into NMs such as AgNPs and utilised to have 
effective antimicrobial effects upon a range of multi-drug resistant microorganisms.4 
In contrast, nCeO2 nanoparticles stabilised by addition of a dextran coating nCeO2 are 
recorded to exert negligible toxicity upon E. coli,96 believed to result from the 
stabilisation of nanoparticle oxidative state and reduced contact between particles and 
cells.96 Transformation of NMs within the environment will also alter their interaction 
with biota. For example, nCeO2 utilised in fuels undergo significant physicochemical 
transformation following combustion.69 
 
Similarly, characteristics of aquatic environments will also determine NM toxicity. As 
displayed in Figure 1.2, upon entry into the aquatic environment, NMs may aggregate 
with naturally occurring particulate matter or biota (hetero-aggregation), or with other 
individual particles (homo-aggregation).67 This aggregation appears enhanced in 
marine waters and gives rise to the process of sedimentation, transporting NMs from 
the water column towards sediment layers.67 As a result of these processes, the 
bioavailability of NMs is altered,98 varying the extent of exposure to planktonic and 
benthic, or sediment-dwelling species respectively (Fig 1.4). However, such processes 
appear dynamic in nature and general trends appear to vary between studies. NOM 
has been recorded to both enhance and mitigate toxic effects of NMs, whilst 
aggregation of NMs can both be beneficial by reducing exposure within the water 
column,99 as well as driving increased population decline in phytoplankton species.50 
As well as NOM and other particulate matter, the biological complexity of media will 
alter the interaction of NMs and biota by influencing NM fate and behaviour. 
Availability of proteins in media is observed to increase the stability of AgNPs and 
maghemite nanoparticles in biological cell culture medium regardless of chemical 
characteristics and surface charge.100 Whilst a negative surface charge has been shown 
to increase stability in media with high electrolyte concentration.100 It is likely that the 
biological composition of media where NMs may potentially interact with biota will 





Due to their small size, NMs are bioavailable to a great range of biota and adverse 
effects of exposure have been recorded in a number of marine species, including; 
fish,101-104 zooplankton,105 marine bivalves,106-108 and phytoplankton.78, 109, 110 In 
zooplankton and macrofauna NM uptake may occur indirectly through feeding or 
respiration, and bioaccumulation may occur as a result. Marine microbes may 
internalise particles, if they are able to pass through the cell wall or membrane. The 
uptake and accumulation of NMs has been recorded in the literature.111, 112 For 
example, bioaccumulation of silver derived from AgNPs (75 mg kg-1) by marine 
invertebrates was recorded during exposure via sediments, although no toxic effects 
were observed.111 Here, bioaccumulation and transformation of AgNPs was shown to 
differ with varying particle surface characteristics; where citrate-stabilised AgNPs 
Figure 1.4. Nanomaterial fate and interaction with biota in the 
marine environment; A) sea surface; B) pelagic/benthic regions; 




• NMs stable in surface waters remain 
bioavailable to planktonic and 
pelagic species. 
• NMs undergoing homo-/hetero- 
aggregation sink due to increased 
density. 
• Ingested NMs may re-enter the 
water column incorporated in faecal 
pellets and sink. 
• NMs may release toxic ionic species 
or ROS via dissolution or oxidation. 
• Homo-/hetero-aggregates carrying 
NMs sink, thus becoming 
bioavailable to pelagic and benthic 
organisms. 
• Individual NM particles with 
higher density may also sink to 
deeper regions. 
• Pelagic/benthic species may feed 
on faecal pellets carrying NMs, 
transporting them to other regions. 
• Dense NMs and aggregates 
continue to be transported through 
the water column and settle upon 
marine sediments, where they 
accumulate in their greatest 
concentrations.  
• Here, NMs become bioavailable to 
sediment-dwelling organisms. 
• Through feeding processes of 
sediment-dwelling species, as well 
as activity such as burrowing, NMs 
may be released back into the water 
column. 
• Any NMs entrapped in faecal 
pellets may also reach this region 




were accumulated to a higher extent than PVP-stabilised AgNPs.111 Similarly, copper 
accumulation by the marine mussel, Mytilus galloprovincialis was increased 60-fold 
when exposed to nCuO (3 mg L-1) compared to control organisms.106 Likewise, 
evidence of nTiO2 uptake by aquatic organisms is also available.112 The solubility of 
NMs is likely to influence their uptake and accumulation within biota. For example, 
nCeO2 which displays low solubility, is not accumulated in the same manner observed 
with other MO NMs following ingestion.113 The interaction of NMs with biota, 
provides a platform for biotransformation which may alter NM fate in the 
environment. Aggregates of nCeO2 (~500 nm) were observed in pseudofaeces 
produced by marine mussels after exposure to 65 nm rod-shaped nCeO2.113 The 
packaging of NMs into pseudofaeces, is likely to reduce mobility of particles and 
cause sedimentation.113 Although, these particles may become increasingly 
bioavailable to species that feed upon faecal matter, enhancing their transport, as 
observed with microplastics.114  Following sedimentation, entrapped NMs are likely 
to remain bioavailable to a number of sediment-dwelling or benthic species, 
accumulating to higher concentrations.113 
 
The trophic transfer of NMs has been recorded in experimental studies within aquatic 
media.102, 104, 115 Juvenile turbot, Scophthalmus maximus, were able to uptake and 
accumulate nTiO2 that had previously been bioaccumulated by the clamworm, 
Perinereis aibuhitensis.104 Following 20 d exposure, individuals were recorded to 
display reduced growth and abnormal symptoms in the liver and spleen.104 In contrast, 
AgNPs ingested by brine shrimp were not significantly transferred to marine Medaka, 
indicating low dietary bioavailability of AgNPs,102 highlighting the variability of this 
process. Although, here it is believed that extensive aggregation of AgNPs during 
exposure was likely to have influenced their uptake.102 The process of trophic transfer 
has the potential to negatively impact upon ecosystem functioning in highly polluted 
areas and reduce the quality of aquaculture production.104 The ingestion and 
accumulation of pollutants by marine species, particularly those at lower trophic levels 
is particularly concerning, given the potential for biomagnification that could threaten 
ecosystem functioning, aquaculture and human health. This is especially concerning 





Under laboratory conditions, a number of physiological effects of NM exposure have 
been observed using a range of model organisms. nTiO2 have been found to be 
genotoxic to fish,116, 117 exerting chromosomal damage in co-exposure with cadmium 
chloride.117 Similar effects were recorded in the bivalve, M. galloprovincialis exposed 
to the same stressors.118 The occurrence of NM uptake into cells is likely to be a key 
driver of toxicity, with NMs entering close proximity to molecular targets.119 AgNPs 
are believed to exert toxicity upon phytoplankton in this manner.119 Although NMs 
such as nCeO2 display relatively high insolubility, nanoceria particles have been found 
to be internalised by immune cells of marine invertebrates,120 albeit at relatively high 
concentrations. Morphological damage to the endoplasmic reticulum and lysosomes 
of immune cells have also been recorded in response to NMs, observed in the sea 
urchin, Paracentrotus libidos exposed to high concentrations of nCeO2.120 Similarly, 
sub-lethal damage to the lysosomal system has been recorded in the freshwater mussel, 
Dreissena polymorpha, alongside reductions in overall fitness, associated with the 
antioxidant activity of nCeO2.121 In the same study no negative effect upon the fitness 
of the freshwater amphipod, Gammarus roeseli, was observed.121 Given that G. roeseli 
occupies the water column, whereas D. polymorpha is sediment dwelling, this result 
highlights the variation in toxicity arising from altered exposure following aggregation 
and sedimentation of particles,121 described above. NM exposure has also been 
recorded to alter protein expression; In Daphnia, proteomic analysis revealed that 
uptake of Ti during nTiO2 exposure led to altered regulation of proteins associated 
with vitellogenesis, likely impairing normal reproductive function.122 Whilst this 
result was observed in freshwater, it can be predicted that this may occur in marine 
zooplankton given similarities in physiology and similar findings recorded in marine 
zooplankton exposed to dissolved silver.123 
 
As well as exerting a detrimental physiological response, it appears that NMs also 
have the potential to adversely affect the behaviour of individual organisms.124 
Individuals of the bivalve Scrobicularia plana experienced impairments to burrowing 
behaviour as a response to nCuO (10-100 nm).124 Such responses, are likely to 
negatively affect the fitness of the individual in terms of feeding and predator 
avoidance. These behavioural responses, however, appear species-specific as under 
the same conditions no adverse effects were observed in the polychaete, H. 




behaviour has also been recorded, reducing clearance rates of M. galloprovincialis by 
up to 50%, impairing growth.106 
 
The toxicity of NMs appears to be species-specific, varying greatly between species 
types and position occupied in the water column. Gambardella et al. (2015) 
investigated the relative toxicity of AgNPs towards various taxonomic groups of 
marine species. Here, after exposure to AgNPs it was found that the jellyfish, Aurelia 
aurita, was most sensitive; followed by species representing bivalves, benthic 
invertebrates, algae, diatoms and zooplankton respectively.125 In addition to 
taxonomic variations, adverse effects of NM exposure have been recorded to alter with 
varying organismal life stage.126 Early life stages experience higher toxicity than 
juveniles and adults,126 which is likely to adversely affect development to later life 
stages and may incur a negative effect on local ecosystem functioning in higher 
polluted habitats. For example, humic-acid capped AgNPs were found to induce 
abnormal development in the benthic annelid, Platynereis dumerilii.126 Similarly, 
oleic acid coated- and PVP- AgNPs reduced the growth and settlement of benthic 
invertebrate larvae, with settlement rate significantly lower when exposed to these 
AgNPs rather than dissolved silver nitrate.127 Embryotoxic effects of nZnO have also 
been recorded in marine fish species, Medaka.101 
 
Although a range of toxic effects of NMs upon biota have been observed, the exact 
mechanisms by which particles exert toxicity are not fully understood under 
environmental conditions. The majority of ecotoxicological studies carried out to date, 
investigate concentrations considerably higher than those predicted in the environment 
(i.e., mg L-1). Few studies exist that utilise environmentally relevant concentrations in 
their work, however, data suggests that an environmental concentration can cause 
oxidative stress in marine biota.128 An integrated biomarker assay carried out upon the 
bivalve, Chlamys farreri, revealed that environmentally-relevant concentrations of 
nTiO2 exerted toxicity characterised by neurotoxic damage, and alterations to the gills 
and digestive system.128 Although here the environmental-relevance of test 
concentration (1 mg L-1) can be argued, given that PEC are estimated up to 10 µg L-
1.53, 128 Advances in the use of molecular techniques such as metabolomics and 
proteomics provides great scope for investigation in this area. For example, following 




occurrence of oxidative stress and apoptosis could be identified through the altered 
regulation of associated metabolites.129 Similarly, proteomics has revealed alterations 
in protein synthesis following NM exposure in invertebrates122 and marine 
phytoplankton.130 
 
Evidence of NM toxicity towards marine biota is concerning, particularly declines in 
fitness of key species that play key roles in ecosystem functioning and are important 
to aquaculture industries, such as marine mussels. The potential for bioaccumulation 
and possible biomagnification of contaminants is also of concern. Severity of toxicity 
varies greatly between studies and adverse responses are recorded largely at 
concentrations much higher than those predicted in the environment. Commonly, 
research has been carried out upon model marine invertebrate species. However, to 
understand ecosystem level effects comprehensively, we must first examine the effects 
of NMs upon those species occupying the base of the marine food chain, particularly 
photosynthetic organisms. Such species play a vital role in ecosystem functioning, 
global biogeochemical cycling and climate regulation.131  
 
1.5 The effects of nanomaterials upon marine microbes 
 
The marine microbial community is often the first group of organisms to interact with 
anthropogenic pollutants present in the aquatic environment.132 This dynamic 
community plays a fundamental role in the functioning of the entire marine ecosystem 
and therefore understanding the potential effects of contaminants upon marine 
microbes is key. Approximately 50% of global primary productivity is attributed to 
marine microbes, influencing climate and major biogeochemical cycles.131, 133 As 
mentioned previously, the small size of NMs means that they are bioavailable to all 
marine biota including marine microorganisms. Figure 1.5 displays the relative sizes 
of NMs and major planktonic classes found in the marine environment; NMs (<100 
nm) appear in the size range of viruses (~22-150 nm),134 highlighting this 
bioavailability. In a number of laboratory investigations, exposure to NMs is reported 
to exert negative effects upon the fitness of aquatic microorganisms, including; green 
algae,135-138 diatoms,74, 77 raphidophytes,139 dinoflagellates,137, 140 and 
cyanobacteria.141 Here, toxicity is recorded to differ in severity between freshwater 




media (i.e., ionic strength, hardness). However, trends vary across studies; Freshwater 
algal species have been recorded to be more resistant to nZnO than marine species at 
high concentrations, although adverse effects upon population growth were 
experienced by both groups.142 In contrast, reduced toxicity to nCeO2 in saline media 
has been observed in the filamentous cyanobacterium, Anabaena CPB4337.98 AgNPs 
on the other hand, appear to exert highest toxicity to phytoplankton in freshwaters.77 
It appears, upon an overview of the literature available, that toxicity of NMs towards 
microbial species is case-specific, dependent on the NM studied, experimental 
approach and model organism.  
 
Research has revealed a variety of responses displayed by marine microbial organisms 
following NM exposure. Commonly, toxicity is characterised by a reduction in growth 
rate or a decline in cell density. For example, ~60% growth inhibition was recorded in 
T. pseudonana in response to AgNPs at a concentration of 10 µM.141 Phytoplankton 
have also been observed to reduce cell size in response to NMs; green microalgae 
reduced average cell size by approximately 50% after incubation with iron oxide 
nanoparticles.138 In phototrophic organisms, NMs have been found to interfere with 
photosynthetic processes, reducing photosynthetic output as well as chlorophyll 
content.109, 136 Such effects are recorded to be influenced by varying temperature, with 
Figure 1.5. Illustrative representation of the relative size of nanomaterials compared to the major 




















phototoxicity increasing when temperature was increased from 25°C to 31°C.136 
Evidence of oxidative stress appears a common response, characterised by induction 
of antioxidant pathways and increased intracellular reactive oxygen species (ROS) 
content, recorded in the presence of a number of NMs including metallic NMs such 
as AgNPs,109, 135 and MO NMs such as nTiO2.143 Additional responses include; 
inhibited cell motility and sporulation in marine Bacillus when exposure to alumina 
nanoparticles (nAl2O3),144 and physical damage to cell morphology.98, 145 Responses 
appear to vary between species, with differential sensitivity observed between phyla. 
For example, the dinoflagellate Amphidinium carterae appeared more resilient than 
the green alga,  Nannochloropsis gaditana, when exposed to nTiO2.140 However, 
whilst exposure to NMs has resulted in toxic responses in a range of marine microbial 
species, albeit often at concentrations far exceeding those predicted in the 
environment, examples where NMs exert no adverse effect exist, highlighting the need 
for further investigation to accurately evaluate their environmental risk.132, 146 
 
Whilst the exact mechanisms driving NM toxicity under environmental conditions 
remain unknown, a number have been proposed by researchers (Fig 1.6). In 
experimental work, NMs (primarily MO NMs) have been observed to attach to the 
cell wall or membrane of marine phytoplankton. Here, it is proposed that ‘shading 
effects’ may cause declines in photosynthetic output by reducing light intensity, 
however results suggest this effect may be minimal.147 The attachment of NMs to the 
cell wall is also believed to cause physical damage to cell morphology in some cases, 
such as observed in phytoplankton exposed to nCeO248 and nTiO2.87 The hetero-
aggregation of NMs and microbial cells is likely to increase density, thus resulting in 
transport of the aggregate through the water column towards sediments. Upon entry 
into aquatic media, metallic and MO NMs have been observed to undergo dissolution, 
releasing ionic species and in a number of cases where oxidative dissolution occurs 
generating ROS. Where this release of toxic species occurs, metal ions and ROS may 
be transported by diffusion, inducing a toxic effect upon interaction with microbial 
cells. Toxicity recorded in exposure of cobalt nanoparticles (CoNPs) and nZnO 
towards marine phytoplankton have both been attributed to the release of toxic Co and 
Zn ionic species respectively.137, 148 The ROS hydrogen peroxide (H2O2) and 
superoxide (SOx) have also both been associated with NM toxicity in microbial 




delivery of toxic ionic species and ROS occur at a more local scale, likely disrupting 
enzymatic process, membrane permeability and eventually resulting in lysis of the 
cell. In a number of cases, NMs have been recorded to be internalised by microbial 
species.119, 141 This process is likely to enhance toxicity by facilitating the delivery of 
toxic species closer to molecular targets.119 Researchers have developed techniques to 
visualise the internalisation of NMs into cells,119 and such techniques will be highly 
useful in determining the exact mechanisms by which particles induce toxicity in 
microbial species. By exploiting electron microscopy AgNPs in the range of 5-120 nm 
Figure 1.6. Proposed mechanisms of NM toxicity towards microbial species: 
A – Shading effects; Attachment of NMs to the cell wall/membrane may reduce photosynthetic 
output by blocking sunlight, thus compromising photosynthetic activity. 
B – Dissolution of toxic ionic species and associated ROS generation; metal and metal oxide 
NMs are recorded to release ionic species by processes of dissolution. Oxidative dissolution may 
release toxic ROS in addition. Such toxic species may be transported by diffusion to microbial 
species where they may interact and exert adverse effects. 
C – NM-cell membrane/wall interaction; attachment of NMs to the cell wall/membrane may 
release toxic ROS and ionic species in close proximity to the cell wall/membrane. 
D – Internalisation; NMs may be internalised where toxic species may be released in close 
proximity to molecular targets. 
E – Physical damage; Aggregates of NMs may come into contact with microbial species where 
they may cause physical damage to cell morphology. 
F – Hetero-aggregation; NMs and microbial cells may undergo hetero-aggregation, causing the 
negative effects observed in A, C and D, as well as potentially removing cells from the water 


























have been observed to be internalised and enter the cytoplasm of T. pseudonana.119 
Similarly, internalisation of AgNPs was observed in the diatom, P. tricornutum, 
exerting toxicity by increasing cell complexity.77 Cell morphology as well as solubility 
of NMs is likely to affect the uptake of particles by cells. For example, internalisation 
of nCeO2 is believed to generally not occur in microbes and algal species with thick 
cell walls.151 The internalisation and uptake of NMs by organisms raises questions 
regarding the possible transfer of pollutants to higher trophic levels via ingestion, and 
subsequent bioaccumulation of contaminants, as described in the previous section. It 
has been observed that primary consumers receive much of their dietary metals from 
those metals accumulated in algal species.152 The pathways by which metals are 
transferred between phytoplankton and primary consumers is not well understood.153 
Such processes should be considered when evaluating the likely trophic-level effects 
resulting from NM-microbe interactions, particularly as phytoplankton have been 
recorded to accumulate metals derived from NMs in their cell wall.153 
 
Research pertaining to the adaptation and defence mechanisms utilised by marine 
microbes towards NM exposure is also starting to emerge in the literature.144 
Following treatment with aluminium oxide nanoparticles (nAl2O3), marine Bacillus 
sp. elevated surfactin production and biofilm formation, as well as altering cell 
morphogenesis, motility and sporulation.144 It is believed that direct contact between 
the cell membrane and nAl2O3 induced a defensive response to counteract damage to 
the cell membrane, oxidative stress and damage to the flagellum, optimising 
conditions for growth.144 Whether such a response is unique to nAl2O3 is not known 
and requires investigation. Secretion of extracellular polymeric substances (EPS) by 
algae is also believed a defensive mechanism in response to NMs.154, 155 The function 
of these high-molecular polymers is to protect the algal cells from external 
compounds.154 The presence of EPS has been found to mitigate the toxic effects of 
AgNPs to Chlorella pyrenoidosa.154 It is believed that the EPS is able to bind AgNPs, 
as well as ionic Ag+, which effectively reduces internalisation of silver into algal cells 
and mitigates toxicity.154 The production of EPS, therefore, could serve as an effective 
defensive strategy for algal species exposed to NMs. However, the binding of NMs 
and metal ions to EPS may act as a pathway for transportation to higher trophic levels 
via feeding and possible bioaccumulation of pollutants.154 The emergence and advance 




NM toxicity in more detail. Proteomic analysis was carried out to investigate the 
response of P. tricornutum to cadmium selenide nanoparticles (nCdSe).130 Here, it was 
observed that diatom cells regulated the synthesis of proteins associated with oxidative 
stress protection, cellular redox homeostasis, S-nitrosylation and S-glutathionylation, 
as well as the regulation and signalling of Ca2+.130 As a result, P. tricornutum was able 
to regulate intracellular ROS and ionic Cd2+ levels as to maintain growth.130 Molecular 
methods such as proteomics provide great scope for further investigation into the 
manners by which microbial cells are able to deal with NM-associated stress and 
reveal new information regarding mechanisms of toxicity. 
 
The majority of studies have examined antibacterial or antimicrobial action upon 
single species. However, it is important work is extended to study their effect upon 
communities of microbial species. A review of the effects of NMs upon microbial 
communities is provided by Mohanty et al. 2014.156 Exposure to NMs has been found 
to affect microbial communities that inhabit soils,157-163 sediments,164, 165 freshwater 
environments166-168 and sludge from wastewater treatment plants;40-44 exerting a 
number of varying effects that are both material- and community- dependent, but 
include alteration to community composition and functioning.41, 159, 167 Although this 
evidence exists, in a number of studies little or no impact of NMs upon the microbial 
community structure or functioning is recorded.164, 169-172 Limited research is available 
upon for the impact of engineered NMs upon natural marine communities; in the 
above mentioned review only 1 of 40 studies was carried out upon marine 
microorganisms.156  
 
Since 2014, the number of studies examining the impacts of NM exposure upon 
marine microbial communities has increased, much of this work has focussed upon 
the effects of AgNPs.9, 30, 173-177 In contrast, relatively little data is available for the 
impact of MO NMs upon marine microbial communities, despite these NMs being the 
highest produced worldwide.9 However, evidence for effects of MO NMs on terrestrial 
and freshwater communities is more readily available.162, 163, 168, 178, 179 In the evidence 
currently available, NMs have been recorded to drive a number of effects upon marine 
microbial communities, including; decline in cell number,173 a reduction in 




in bacterial diversity,174 and an alteration of community structure and dynamics.30, 175, 
176, 180  
 
Experimental work has been carried out upon planktonic, as well as biofilm 
communities.30, 173-176, 181 Here, planktonic cell growth has been recorded to decline 
relative to control populations in free-living communities,174 whilst in biofilms both 
density and biovolume have been recorded to decrease.30 Studies upon sediment-
dwelling microbes also exist.164 However, here no impact of AgNPs upon the bacterial 
community inhabiting estuarine sediments was identified, believed due to the 
formation of AgCl complexes, which display lower toxicity than Ag+ due to decreased 
bioavailability.77, 164 Likewise, no impact upon abundance of prokaryotic organisms 
inhabiting waters above the sediment was recorded during the incubation.164 
 
Through community analysis, it is possible to identify specific taxa that appear 
particularly sensitive to NM exposure. In coastal seawater, photosynthetic 
cyanobacteria have been recorded to display high sensitivity to AgNPs at 
concentrations close to those predicted in the environment.175, 176 Likewise, when 
exposed to nTiO2, the relative abundance of Bacteroidetes within marine biofilms was 
observed to decrease, whilst abundant Proteobacteria on the other hand displayed a 
relative increase.180 The increased sensitivity of particular members may affect 
community functioning due alterations in abundance of community members which 
possess specific roles in community functioning. Such effects have been observed in 
other environments, for example alteration of activated WWTP sludge communities 
following the addition of nTiO2 reduced the efficiency of nitrogen removal by 24-
80%.179 Community analysis provides the opportunity to gather a comprehensive 
understanding of the response of various taxa to NM exposure, thus enabling the 
identification of sensitive or resistant taxonomic groups, allowing for more effective 
inference of likely environmental impacts. Increased research output in this area will 
be of great use to evaluate the environmental risk of nano-sized pollutants. 
 
The small size of NMs means that unlike some pollutants they are bioavailable to the 
majority of marine biota and their potential to interact at a cellular level must be 
assessed. Evidence suggests that these contaminants have the potential to exert 




may have negative knock-on effects for entire marine ecosystems. It is clear that due 
to the great variation in particle-specific properties, there is unlikely to be a ‘one-size-
fits-all’ mechanism by which engineered NMs exert stress on marine organisms. 
However, key drivers of toxicity can be identified through experimental work, such as 
the dissolution of toxic species, production of ROS and associated oxidative stress, 
internalisation of NMs, which appears to be size-specific, and the direct physical 
interaction between particles and cells. A limitation of previous experimental work is 
that in most studies experimental conditions do not accurately represent the natural 
environment. Similarly, any differences in toxicity of research-grade versus 
commercial NMs remains unclear and requires addressing. Modern molecular 
methods allow us to examine the interaction between NMs and microbial species in 
greater detail, and such work will be of great importance in accurately assessing the 
safety of pollutants entering the environment. Laboratory work must be carried out 
using environmentally relevant concentrations and conducted over a range of 
timeframes in order to gain a strong understanding of the likely short and long-term 
effects that NMs may have upon the microbial community, allowing for the 
comprehensive evaluation of their likely risk. 
 
1.6 Summary and aims 
 
In this PhD thesis, novel insights are provided upon the ecotoxicological effects of 
engineered NMs within the marine environment, allowing for an improved perception 
of their likely environmental risk and impact upon biota. Owing to their ecological 
significance and key role in regulating major biogeochemical and climatic cycles, 
focus is placed upon marine microbial species which often are the first group of 
organisms to interact with anthropogenic pollutants. These species represent the base 
of the marine food web and thus any negative effect experienced may incur adverse 
outcomes upon the local ecosystem, potentially affecting aquatic industries and human 
health. Given the vast array of NMs that are currently produced worldwide and that 
may enter the natural environment, a selection of commonly used NMs are utilised for 
research based on their prevalent use and likely entry into aquatic environments.  
 
The first two experimental chapters focus upon two groups of NMs: AgNPs and MO 




Prochlorococcus is assessed under environmentally relevant conditions. 
Subsequently, additional experimentation utilising advanced imaging and molecular 
techniques provides insight into toxic mechanisms. In the third experimental chapter, 
to provide a commercially relevant case study, and explore any effect of NM exposure 
upon biofilm communities, the impact of novel NM-based antifouling surface coatings 
upon marine biofilm formation is examined in collaboration with an industrial partner. 
 
Experimental techniques have been developed to enhance the environmental relevance 
of work, thus improving their function in accurately recording effects representative 
of those in that may occur in nature. Natural seawater is used as experimental medium 
throughout, examining impacts of NMs upon microbial species at ambient cell 
densities representative of those found in the natural marine environment. 
Additionally, NMs are extracted from consumer products to allow for the 
characterisation of materials likely to enter the environment following domestic use 
and allowing for their toxicity relative to research-grade NMs to be assessed. 
Molecular methods including shotgun proteomics and amplicon sequencing of the 16S 
and 18S rRNA genes, provide new insight into the effects of NMs upon marine 
microbial species at both the organism- and community- level. Whilst a combination 
of light scattering, flow cytometric and microscopic methods is utilised to infer likely 
NM fate and behaviour under natural conditions. 
 
As a result of this comprehensive investigation, findings provide scope to evaluate the 
likely environmental risk of NMs in the ocean and provide recommendations for future 
research in the field of nano-ecotoxicology. Ultimately, providing evidence to direct 













Investigating the toxicity of silver nanoparticles upon 






Much of the data presented in this chapter is published in the article, “Mechanisms of 
silver nanoparticle toxicity on the marine cyanobacterium Prochlorococcus under 
environmentally-relevant conditions”, Sci Total Environ, 2020, 747, 141229. C. J. 

























The fate and effects of engineered NMs within the aquatic environment has become a 
subject of concern and focus of research in recent years.66, 182-184 Silver nanoparticles 
(AgNPs) are present in approximately one quarter of commercially marketed nano-
products (24%), primarily because of their antibacterial properties.9, 185 This represents 
the fastest growing class of engineered NMs used for commercial purposes.186 Global 
production of AgNPs is currently >800 metric tonnes per annum187 and is predicted to 
rise.188 The surfaces of AgNPs can be altered to control the release of ionic Ag+, 
believed to be primarily responsible for their antibacterial properties.189 Citrate-
stabilised AgNPs represent the most widely used silver colloids for research and 
commercial purposes.190-193  
 
The widespread use of AgNPs and the significant increase in the production of 
consumer goods utilising nanosized Ag, has increased the likelihood of these particles 
entering the aquatic environment, either through accidental release, leaching of AgNP-
treated surfaces or in wastewater discharge.34, 194 Antibacterial fabrics utilised in the 
antibacterial clothing industry are recorded to contain AgNPs in concentrations up to 
1360 µg-Ag g-1.34 Such fabrics have been found to readily leach colloidal and 
dissolved silver.34, 35 For example, up to 650 µg of silver (AgNPs, 10-500 nm) was 
recorded to leach when representative fabrics were entered into 500 mL distilled 
water,34 a process enhanced under conditions representative of domestic washing due 
to addition of cleaning agents containing bleach.35 It is feasible to suggest that 
domestic or industrial scale washing of fabrics incorporating AgNPs, is likely to 
release nanoparticles and ionic silver into wastewater systems. Leaching of AgNPs 
from outdoor paints has also been recorded; concentrations up to 145 µg L-1 are 
released during runoff events, with 30% total loss of AgNPs over the course of one 
year.194 Environmental sampling of NMs remains challenging11 and uncertainties exist 
in the concentrations of engineered NMs predicted in the environment.195 Therefore, 
little evidence exists for the exact concentration of AgNPs within aquatic 
ecosystems.53 Current values for surface waters vary according to their proximity to 




ng L-1 range, up to 10 µg L-1.53 Due to water fluxes, oceans represent the ultimate sink 
for these materials. 
 
Approximately 50% of global primary production is carried out by marine 
phototrophic microorganisms131, 133 and, hence, the effect of AgNPs on these 
organisms is of uttermost relevance. However, relatively little evidence exists for the 
effects of AgNPs upon marine microbial species compared to those from 
freshwater.196 Growth inhibition following AgNP exposure has been previously 
recorded in a number of marine photosynthetic species (e.g. diatoms,74, 77, 109, 125, 141, 
197, 198 green microalgae,125, 135, 136, 199, 200 marine raphidophytes,139 and 
cyanobacteria141). A summary of recorded effects of AgNPs upon marine microbial 
species is displayed below in Table 2.1. Here, AgNPs appear to exert adverse effects 
upon microorganisms in a species- and material-specific manner.109, 125, 199 Typically, 
ecotoxicological endpoints (i.e., EC50 and IC50 values) are recorded in the 
concentration range of 24.3 µg L-1 to 25.77 mg L-1, dependent on the model species 
and specific AgNPs used.74, 77, 109, 125, 198, 199 Often toxic effects are attributed to 
oxidative stress and damage to cell walls or membranes due to the generation of ROS 
or release of toxic silver ions.150, 189 Disruption to photosynthetic processes have also 
been recorded, such as a decrease in chlorophyll-a content,198, 200 and interference of 
photosystem-II electron transport.109, 136 However, it appears that in most studies, high 
cell-dense, rich-nutrient cultures are used for experimentation with a potential loss of 
environmental significance. As a result, the exact antimicrobial action of AgNPs under 
environmentally-relevant conditions remains unclear.201 
 
In this chapter, new evidence is provided upon the toxicity of citrate-stabilised AgNPs 
towards marine microbial microorganisms. Experimentation utilising natural 
phytoplankton communities shows how the marine cyanobacterium Prochlorococcus, 
numerically the most abundant phototrophic organism on Earth and major contributor 
of primary production in oligotrophic oceans,202, 203 experiences the strongest 
detrimental effect recorded during community exposure to AgNPs. Owing to its 
ecological significance, this species is identified as an appropriate and relevant model 


























20, 40, 100 nm 
AgNPs 
24 h exposure 
0, 0.01, 0.1, 1, 10 mg L-1 
Seawater growth medium 
Cell density at T0: 1 x 106 cells 
mL-1 
100 mL culture 
1 h exposure 
0, 0.02, 0.2, 2, 10, 20 µ M 
GSe medium 
1 mL culture 
72 h exposure 
0, 10 µ M 
Artificial seawater/natural 
seawater (Harbour) 
Cell density at T0:  
0.75 x 106 cells mL-1 







- AgNP exposure resulted in; decreased chlorophyll, 
decrease in cell viability, increased lipid peroxidation and 
increased ROS generation. 
-  Dissolved silver displayed considerably higher toxicity 
than AgNPs. 
- 25% uptake in silver from AgNPs by C. marina 
- Toxicity attributed to the release of ionic silver. 
- 20 and 40 nm AgNPs exerted relatively higher toxicity 
than 100 nm AgNPs (50, 60 and 40% growth inhibition 
respectively). 
- Toxicity results from synergistic effect of AgNPs and 




























AgNPs (Suzhou Cold 
Stones Technology Co., 
Ltd., China) 10 nm 
 
AgNP suspension in 
deionized water 
(Polytech Inc., 
Germany) 1-10 nm 
- Citrate-stabilised 




- PVP-coated (Mercator 




24 h exposure 
0, 0.05, 0.5, 5, 50 mg L-1 
f/2 culture medium 
Cell density at T0:  
1 x 106 cells mL-1 
72 h exposure 
0, 0.4, 0.8, 1.6, 3.2, 6.4 mg L-1 
f/2 culture medium 
12:12-h light:dark 
72 h exposure 
F/2 growth medium (half 
strength) 
6 mL culture 
Cell density at T0:       
3 x 104 cells mL-1 
Exposure conditions 
EC50 25.77 mg L-1 
D. tertiolecta: 
IC50 0.9 mg L-1 
S. costatum: 
IC50 3.1 mg L-1 
Cit-stabilised AgNPs: 
IC50 2380± 1880 µ g L-1 
 
PVP-coated AgNPs: 
IC50 3690± 2380 µ g L-1 
IC50/EC50 Reported? 
- Dissolved silver displayed higher toxicity by one order of 
magnitude. 
- Intracellular ROS was significantly induced by AgNPs. 
- Chlorophyll-a  content was reduced and disrupts 
photosynthetic processes in a different manner to ionic 
silver. 
- Growth of the green alga was inhibited at the lowest 
concentration. 
- The diatom showed a significant decline in growth in 
relation to the control at concentrations >1.6 mg L-1. 
- Growth inhibition recorded 
- Ionic silver relatively higher toxicity than NPs 
- Toxicity to silver in both forms was >two orders of 





































<2, <15, 30-50 nm 
AgNPs 
72 h exposure 
0, 0.01, 0.05, 0.1, 1, 5 mg L-1 
Substitute Ocean Water 
Cell density at T0: 
1x104 cells mL-1 
96 h exposure 
0, 1, 10, 20, 50, 100 µ g L-1 
f/2 media 
12:12 h light:dark 
Cell density at T0:  
5 x 104 cells mL-1 
72 h exposure 
0, 10, 40, 75, 150, 300 µ g L-1 
f/2 medium without EDTA 
Cell density at T0:  
1 x 104 cells mL-1 
Exposure conditions 
C. autotrophica: 
EC50 0.57 mg L-1 
 
D. salina: 
EC50 0.64 mg L-1 
EC50 24.3 µ g L-1 
<2 nm AgNPs: 
EC50 not reached. 
<15 nm AgNPs: 
EC50 143-184 µ g L-1 
30-50 nm AgNPs: 
EC50 not reached 
IC50/EC50 Reported? 
- Ionic silver exerted higher toxicity than AgNPs. 
- Cell density was observed to decline in presence of 
AgNPs. 
- Toxicity was associated with ROS production, decreased 
chlorophyll and decreased effective quantum yield of PSII. 
- Growth inhibition recorded at a higher extent than 
freshwater green algae Scenedesmus acuminatus. 
 
- Toxicity to P. tricornutum was attributed to direct AgNP 
effects: cell surface attachment and internalization. 
- Oxidative stress, disruption to photosynthetic processes, 





































24 h exposure 
0, 0.1, 1, 10 mg L-1 
Seawater growth medium 
25° C and 31° C 
Cell density at T0:  
1 x 106 cells mL-1 
50 mL culture 
96 h exposure 
0, 10, 50, 100, 200 mg L-1 
f/2 media 
12:12 h light:dark 
Cell density at T0:  
3.3 x 105 cells mL-1 
72 h exposure 
0, 5, 20, 50, 100, 200 µ g L-1 
f/2 media 
12:12 h light:dark 
Cell density at T0:  






µ g L-1 
IC50/EC50 
Reported? 
- AgNPs exert a stronger adverse effect upon marine D. 
tertiolecta than freshwater Chlorella vulgaris. 
- AgNPs disrupt photosynthetic processes, namely PSII 
electron transport. This effect is enhanced at higher 
temperature. 
- AgNPs entered into and formed aggregates inside microalgal 
cells 
- ROS formation was increased in the presence of AgNPs. 
- Cell viability was negatively affected. 
- Larger particles (100 nm) exerted higher levels of toxicity. 
- EC50 higher than that recorded in freshwater green algae 
Scenedesmus acuminatus. 
- 100 and 200 µ g L-1 AgNPs caused a significant increase in 
cell diameter in Thalassiosira sp. 
- AgNP concentrations >20 µ g L-1 caused a significant 
decrease in chlorophyll-a  











Using the model Prochlorococcus sp. MED4 grown under environmentally relevant 
conditions (i.e., at environmentally-relevant cell densities in natural oligotrophic 
seawater) it is shown for the first time that the toxicity and ability of populations to 
recover from short-term stress caused by AgNP exposure is largely dependent on cell 
density, a feature often overlooked in ecotoxicological studies upon microbial 
organisms. A simplistic approach is used, utilising natural seawater without added 
nutrients to enhance our understanding of the effects of AgNPs in natural waters, 
hence minimising any effect of other experimental parameters observed to alter 
outcomes of research.72 The calculation of the particles-to-cell (NPs cell-1) ratio at the 
beginning of exposures (T0) is presented as an effective tool to account for any 
variation in cell density, and correctly assess AgNP toxicity. Where appropriate, the 
consideration of this particles-to-cell value in future research within the field of nano-
ecotoxicology is promoted. Novel insight into the mechanisms of AgNP toxicity 
towards marine microbial organisms under natural conditions is provided through a 
series of experimental approaches, exploring the respective influence of ROS and 
ionic silver in driving toxicity; and any alterations to the Prochlorococcus sp. MED4 
proteome in response to sub-lethal to- toxic concentrations of AgNPs. 
 
 




Research-grade materials were purchased from Sigma Aldrich (for material-specific 
information please see specific sections). Glassware used for experimentation was 
acid-washed and rinsed in Milli-Q ultrapure water (0.22 µm filter operated at 18.2 MΩ 
at 298 K) prior to their use. Synthesised nanoparticles and those purchased from Sigma 
Aldrich were stored at 4°C and stocks used for experimentation were freshly prepared 
prior to use. Natural seawater (NSW) used in experimental work was obtained from 
Station L4, Plymouth (50°15.0'N; 4°13.0'W), and was prepared by autoclave (20 mins, 
120°C), and subsequently filtered through a 0.22 µm polyethersulfone membrane 
(Corning®). Transmission electron microscopy (TEM) was used to determine the size 




200 kV, LaB6 instrument was used, operated with a beam current of ~115 mA. Images 
were captured using a Gatan Orius 11-megapixel camera. Samples were prepared by 
deposition and drying of nanoparticle samples (10 µL aqueous suspension) onto 
formvar-coated 300 mesh copper TEM grids (EM Resolutions). Diameters were 
measured using ImageJ version 3.2; average values were calculated by counting a 
minimum of 100 particles.  
 
2.2.2 Synthesis of citrate-stabilised AgNPs for use in community exposure and 
preliminary tests with cyanobacteria 
 
Citrate-stabilised AgNPs were synthesised by the stepwise reduction of silver nitrate 
by sodium borohydride and trisodium citrate, using a protocol adapted from Dong et 
al. (2010).204 
 
Synthesis 1: AgNPs utilised in community exposure (section 2.2.3). 
Trisodium citrate (0.83 g, 3.23 mmol) and sodium hydroxide (30 µg, 0.0038 mmol) 
were dissolved in 160 mL Milli-Q ultrapure water. The resulting solution was heated 
to 60 °C in the dark for 30 mins whilst stirring. Separately, AgNO3 (14 mg, 0.08 mmol) 
was dissolved in 40 mL Milli-Q ultrapure water and added to the citrate solution 
dropwise. The temperature was increased to 90 °C and sodium hydroxide (0.1 M) was 
added to adjust the pH to 10.5. After 20 mins stirring, the solution was removed from 
the heat and allowed to cool to room temperature.  
 
Synthesis 2: AgNPs utilised in preliminary experiments section 2.2.5). 
Reactions were set-up as follows: AgNO3 (0.00255 g, 1 mmol) and trisodium citrate 
(0.103 g, 3.5 mmol) were added to 90 mL Milli-Q ultrapure water in a 250 mL round-
bottomed flask and put on ice whilst stirred. NaBH4 (0.01g) was added to 10 mL 
ultrapure H2O to produce a stock solution. Subsequently, 19 µL NaBH4 stock solution 
was added to 10 mL Milli-Q ultrapure water, producing a final concentration of 1.9 x 
10-5 g (0.005 mmol). This was then added dropwise to the 90 mL aqueous solution 
under vigorous stirring, resulting in a colour change of the solution from pale yellow 




30 mins, the temperature was raised to 70°C and the solution stirred for 2 h. Final 
solutions were subsequently allowed to cool to room temperature.  
 
Following synthesis, nanoparticles were washed with Milli-Q ultrapure water using 
dialysis and stored at 4°C. AgNP size and morphology was assessed using TEM as 
described above (section 2.1.1). Synthesis yielded two stocks of AgNPs; the first used 
in community exposures (section 2.2.3) represented a mixed population of spherical 
(22.0±3.3. nm, diameter) and rod-shaped (51.2±14.9 nm, length) AgNPs. The second 
stock utilised in preliminary experiments with Prochlorococcus (section 2.2.5) 
comprised of spherical AgNPs (10.5±3.3 nm) only. 
 
2.2.3 Natural marine community exposure to AgNPs 
 
Surface seawater (SW) containing its full natural microbial community was obtained 
from Mallorca, Spain (39°29'37.9"N 2°44'23.4"E, 6th January 2017). 10 mL of SW 
was incubated in 50 mL tissue culture flasks and exposed in triplicate to a mixed 
population of laboratory-synthesised citrate-stabilised AgNPs (22.0±3.3 nm (spheres), 
51.2±14.9 nm (rods, length)) at 0, 1 and 500 µg L-1. Flasks were incubated at ambient 
seawater temperature (18 °C) at a light intensity of 10 μmol photons m−2 s−1 and 
light:dark cycles of 14:10 h. Phytoplankton communities were monitored by flow 
cytometry at days 1, 5 and 8, using their distinctive autofluorescence and size to gate 
the different phototrophic populations (section 2.2.8 below for details). 
 
2.2.4 Prochlorococcus culture 
 
Axenic Prochlorococcus sp. MED4 cultures were routinely prepared in nutrient rich 
Pro99 media throughout experimental work. Pro99 media205 was prepared in 
autoclaved and filtered natural oligotrophic seawater; to 500 mL NSW, 0.8 mL NH4Cl 
(final concentration, 0.5 M), 1 mL NaH2PO4•H20 (final concentration, 0.025 M) and 
50 µL trace metal stock was added and mixed by inversion three times. To make-up 
trace metals stocks; a)1.5 g ZnSO4•7H20; b) 0.595 g CoCl2•6H20; c) 8.905 g 
MnCl2•4H20; d) 0.363 g Na2MoO4•2H20; e) 0.865 g Na2SeO3; f) 1.19 g NiCl2•6H20; 




4ºC. Subsequently, to make up the working stock, 50 µL of each primary trace metal 
stock was added to a falcon tube containing 50 mL Milli-Q ultrapure water to which 
0.2175 g Na2EDTA•2H20 and 0.16 g FeCl3•6H20 had been added. 
 
Each component of media was filter sterilized using a 0.22 µm filter prior to addition 
to NSW. Ionic strength of the NSW used during experiments was measured using an 
Eutech Instruments COND610 handheld meter and was recorded as 44.2 and 50.5 mS, 
before and after autoclaving respectively, within the range of natural seawater in 
relevant regions (~40-60 mS).206  
 
2.2.5 Observational study of Prochlorococcus sp. MED4 when exposed to AgNPs 
in rich culture. 
 
Axenic Prochlorococcus sp. MED4 culture was prepared as described in section 2.2.4. 
To establish exposures, 30 mL of cell-dense Prochlorococcus culture (~107 cells mL-
1) was added to 50 mL filter-capped tissue culture flasks in triplicate. Flasks were 
spiked with a defined volume of laboratory-synthesised AgNP stock (citrate-stabilised 
spheres, 10.5±3.3 nm (TEM)) made up in Milli-Q ultrapure water to a final 
concentration of 0, 0.66, 6.61, 65.93 and 639.53 µg L-1. Following spiking, samples 
were placed onto an orbital shaker (100 rpm) inside a 23.5°C incubator at constant 10 
μmol photons m−2 s−1 light intensity for a period of 144 h. At regular intervals (T0, T24, 
T48, T72, T144) photographs of the culture were taken to determine the health of the 
cyanobacterial culture by visual observation. Here, populations were assessed to have 
crashed when cultures were no longer green in colour, indicating a loss of the living 
cyanobacterial population. 
 
2.2.6 Behaviour and dissolution of AgNPs within natural seawater 
 
a) AgNP behaviour 
To examine behaviour of AgNPs in NSW, as prepared above, AgNPs (citrate-
stabilised spheres, Sigma Aldrich, 20.4±3.9 nm (TEM)) were added to 20 mL NSW 
at a test concentration of 1 mg L-1 and maintained at room temperature for a period of 




h) a 200 µL subsample was collected from the mid-point of flasks and analysed using 
Dynamic Light Scattering (DLS) using a Malvern Zetasizer Nano instrument. For each 
sample, data was collected as the average of 3 measurements made up of 11 readings, 
each lasting 10 seconds. To assess aggregation of AgNPs, the alteration in z-average 
size (d.nm) was recorded at each timepoint. An observation of the mean count rate 
(kcps) provided insight into the extent of AgNP precipitation out of the water column. 
The test concentration of 1 mg L-1 was selected based on preliminary investigation, 
which revealed this to be the lowest detectable AgNP concentration for reliable data 
acquisition. 
 
b) AgNP dissolution 
For monitoring of the dissolution of ionic Ag+ from AgNPs during the timescale of 
toxicity testing, AgNP (citrate-stabilised spheres, Sigma Aldrich, 20.4±3.9 nm 
(TEM)) suspensions were made up in 100 mL NSW, as prepared above, in tissue 
culture flasks to produce concentrations of 0, 10, 50 and 250 µg L-1 (n=3). Flasks were 
maintained under the experimental conditions described in section 2.2.7.  At defined 
timepoints (0, 0.5, 1, 2, 24, 48, 72, 168 and 240 h), a 5 mL sub-sample was collected 
from each flask. To ensure AgNPs were effectively removed, ultrafiltration via 
centrifugation using a Macrosep Advance Centrifugal Device with 10K Omega 
Membrane (Pall Laboratory, approximate pore size 2.9 nm) was carried out, as done 
previously.74 Subsequently, filtered NSW samples were transferred to a new 15 mL 
falcon tube and stored at -20°C. Prior to analysis, samples, including controls, were 
thawed at room temperature and acid-digested by nitric acid (70% HNO3, Sigma 
Aldrich) under heating, to remove particulate material and ensure all AgNPs were 
converted to their ionic form. To remove excess salt, samples were diluted 100x in 
Milli-Q ultrapure water. Following this, ionic silver content was measured against an 
internal metal ion standard (100 mg L-1 in 5% HNO3) by inductively coupled atomic 
emission spectroscopy (ICP-AES) using a Varian 720-ES ICP-AES. 
 
2.2.7 Prochlorococcus sp. MED4 culture exposure to AgNPs 
 
Axenic Prochlorococcus sp. MED4 was routinely grown using Pro99 media205 (see 




20.4±3.9 nm (TEM)), Prochlorococcus was preadapted to environmentally relevant 
conditions by inoculating cells in NSW (obtained from station L4, Plymouth, 
50°15.0'N; 4°13.0'W; filtered through a 0.22 µm polyethersulfone membrane 
(Corning®) to eliminate particulate organic carbon and further autoclaved for 
sterility). Prochlorococcus was added at close-to-ambient cell densities (i.e., 104-105 
cells mL-1)207 and incubated for 72 h under optimal conditions (i.e. 23 °C at constant 
10 μmol photons m−2 s−1 light intensity using a Lifeliteä full spectrum bulb, with 100 
rpm shaking). The light intensity used is optimal for cultured Prochlorococcus sp. 
MED4 and ensured cyanobacteria were not affected by light stress during 
experiments. After 72 h, 30 mL of preadapted Prochlorococcus cultures were 
transferred to 50 mL filter-capped tissue culture flasks (n=3) and spiked with AgNPs 
(citrate-stabilised spheres, Sigma Aldrich, 20.4±3.9 nm) at final concentrations of 0, 
5, 10, 25 and 50 µg L-1 as determined by preliminary screening tests carried out under 
identical conditions in the concentration range 0-500 µg L-1. Cultures were incubated 
under optimal conditions and monitored by flow cytometry after 0, 6, 24, 48 and 72 h 
of incubation.  
 
Table 2.2.  Summary of experiments included in the NPs cell-1 investigation (Fig 2.2); a T0 refers to the 
cell density at the start of the experiment, at which point treated samples were spiked with AgNPs. 
 
 
To aid our interpretation of experimental data, the number of particles-per-cell (NPs 
cell-1) added to cultures at T0 was calculated by estimating the number of NPs mL-1 
based on the mass and density of nanoparticles at each concentration (equation 2.1).208, 
209  
 
T0 Cell Densitya (cells mL-1) Test volume (mL) Test concentration (µg L-1) 
2.5 x 104 30 0, 5, 10, 25, 50 
3.1 x 104 30 0, 1, 10, 25, 50, 250 
1.3 x 105 30 0, 5, 10, 25, 50 
1.4 x 105 40 0, 1, 5, 10, 50, 100, 500 
8.7 x 105 30 0, 5, 10, 25, 50 




!"#	%&!" = ()*	+,-+.-/01/2,-	 ÷ )*	4.-#2/5)!"	7,89%.  
 
Subsequently, this value was divided by the cell density at timepoint zero (T0) to 





Longer incubations (i.e., 240 h) were set up in both NSW (~3 x 104 Prochlorococcus 
cells mL-1) and nutrient-rich Pro99 medium (~1.8 x 106 Prochlorococcus cells mL-1) 
to evaluate the ability of cultures to recover after initial stress. AgNPs were spiked at 
final concentrations of 0, 1, 10, 25, 50, 250 µg L-1 and cultures were monitored over 
time by flow cytometry (i.e., 0, 24, 48, 72, 96 and 240 h). For details of flow cytometric 
analyses see section 2.2.8, below. 
 
2.2.8 Flow cytometric analysis 
 
Flow cytometry was carried out using a Becton Dickinson Fortessa Flow Cytometer. 
Data was collected three times per replicate to ensure accuracy of the flow cytometric 
output. For the natural community experiment (outlined in section 2.2.3) data was 
collected at days 1, 5 and 8. Here, a 2 mL subsample was collected from each sample 
and fixed using 0.5% glutaraldehyde. This sample was stored at 5°C prior to sampling 
by flow cytometry. Samples were stained prior to data collection by adding 1 µL 
SYTOX green nucleic acid stain (ThermoFisher). Gates were established using BD 
FACSDiva software and used to count distinct populations of cells (Eukaryotes, 
Synechococcus (type I), Synechococcus (type II), and Prochlorococcus). Cell densities 
of each group were calculated in reference to AccuCheck counting beads 
(ThermoFisher). 
 
For experimental work with Prochlorococcus sp. MED4 (outlined in section 2.2.7), 
when examining cultures grown to ambient cell densities in oligotrophic NSW, a 1 
mL sub-sample of each replicate was analysed at each time-point. For analysis of 
samples grown in Pro99 media, a 10-fold dilution in autoclaved and filtered NSW was 






Spherotech FH-2056-2 (106 particles mL-1) was added to each sub-sample to act as a 
reference for cell count quantification. Gates were set-up using BD FACSDiva 
software in order to quantify the number of reference beads and cyanobacteria cells 
(Fig 2.1). Here, chlorophyll fluorescence and side scatter (SSC) were routinely used 
to monitor Prochlorococcus populations. Samples were run at a medium flowrate until 
100 reference beads were counted by the software. Subsequently, cell counts were 
calculated using Microsoft Excel.  
 
 
2.2.9 Role of reactive oxygen species in the toxicity of AgNPs on Prochlorococcus 
 
Prochlorococcus sp. MED4 was exposed to AgNPs (citrate-stabilised spheres, Sigma 
Aldrich, 20.4±3.9 nm (TEM)) at a concentration of 50 µg L-1 under environmentally-
relevant conditions (i.e., ~104-105 cells mL-1 in NSW) and supplemented with sodium 
pyruvate, a quencher of hydrogen peroxide (H2O2);210 added at 0, 40 and 60 mM 
(>99% purity, Sigma Aldrich) or superoxide dismutase (SOD, Sigma Aldrich); a 
quencher for superoxide (SOx); added at 250 U mL-1 during two individual 
experiments. Cultures were incubated under optimal conditions (section 2.2.7) for 24 
h and cell density was monitored by flow cytometry, as previously described (section 
2.2.8).  
Figure 2.1. Gates used for enumeration of Prochlorococcus sp. MED4 (blue) in relation to 





2.2.10 Prochlorococcus culture exposed to dissolved silver. 
 
Cultures of axenic Prochlorococcus sp. MED4 were prepared as described in section 
2.2.4 and exposed to Ag2SO4 (>99% purity, Sigma Aldrich) under identical 
experimental conditions following 72 h pre-adaptation (see section 2.2.7). Test 
concentrations of 0, 0.5, 1, 2.5, 5, 10, 25 and 50 µg L-1 total Ag (n=3) were established, 
and cyanobacterial populations monitored by flow cytometry, as previously described 
at defined timepoints (0, 6, 24, 48 and 72 h). 
 
2.2.11 Shotgun proteomic analysis of Prochlorococcus sp. MED4 exposed to 
AgNPs. 
 
To investigate changes to the Prochlorococcus sp. MED4 proteome under AgNP-
stress, cell-dense cultures of were routinely grown in Pro99 media (section 2.2.4). 
Cell-dense cultures were used to ensure sufficient biological material for proteomic 
analysis. At T-72 cultures were subbed and supplemented with additional Pro99 media 
to a final volume of 20-30 mL, allowing for growth to rich cell densities and adaptation 
to experimental conditions, as above (n=3). At T0 treated samples were spiked with 
AgNPs (citrate-stabilised spheres, Sigma Aldrich, 20.4±3.9 nm (TEM)) at five sub-
lethal to toxic concentrations, as determined by previous toxicity testing (section 
2.2.7), over three experimental runs (outlined in Table 2.3). Following the addition of 
AgNPs, treated samples and untreated controls were maintained under experimental 
conditions (section 2.2.7) for 24 h. Proteomic analysis was carried out upon cellular 
and exoproteomes of AgNP-treated cultures and compared to that of an untreated 
control. 
 
Table 2.3. Experimental conditions during sample collection for proteomic analysis of sub-lethal 
AgNP exposure. 
Experimental run 





of NPs cell-1 
1 ~1 x 107 0, 100 0, 250 
2 ~1 x 106 0, 25, 50 0, 750, 1500 





a) Sample collection 
After 24 h incubation, samples were immediately placed on ice and centrifuged for 10 
mins at 4 °C at 4000 xg. The resultant cell pellet was kept on ice and transferred to a 
1.5 mL Eppendorf. Following this the cell pellet was further centrifuged for 1 min at 
13,000 rpm at 4 °C. Supernatant was then discarded and the pellet snap-frozen on dry 
ice and stored at -20 °C before further processing. The culture supernatants containing 
the exoproteomes were subsequently collected and filter-sterilised using a 0.22 µm 
filter before being stored at -20 °C. 
 
b) TCA protein precipitation for exoproteomes 
Supernatants were thawed at room temperature and underwent trichloroacetic acid 
(TCA) protein precipitation as previously described.211 For 30 mL extracellular 
proteome samples that had previously been filtered, 750 µL 0.6 % (w/v) sodium 
deoxycholate (DOC) was added and vortexed to mix. Samples were incubated at room 
temperature for 10 mins before adding 1.8 mL 50% trichloroacetic acid (TCA) and 
incubating on ice for a further 30 mins. Subsequently, samples were then centrifuged 
for 15 mins at 4 °C at 4000 rpm and the supernatant was discarded. The resultant pellet 
containing exoproteome proteins was resuspended in 750 µL Milli-Q ultrapure water 
and transferred to a 1.5 mL Eppendorf. 28 µL 0.6 % DOC was added, and the solution 
was incubated for 10 mins at room temperature, followed by the addition of 67.5 µL 
50 % TCA and incubation on ice for 30 mins as previous. Eppendorfs were then 
centrifuged for 10 mins at 4 °C at 8000 rpm and the supernatant was discarded. Finally, 
pellets were resuspended in 750 µL ethanol/ether (1:1 v/v) and centrifuged for a 
further 15 mins at 4 °C at 13,000 rpm. The supernatant was carefully removed by 
pipette and the pellet left to dry completely. Once dried, extracellular proteome pellets 
were stored at -20 °C. 
 
c) Preparation and processing of protein gels 
Cell and extracellular proteome pellets were resuspended in 1x LDS buffer 
(ThermoFisher) containing 1% beta-marcaptoethanol and run on a NuPage 4-12% 
Bis-Tris precast polyacrylamide gels as previously done.212 Firstly, cell and 
extracellular proteome pellets were resuspended in 300 µL and 70 µL LDS beta-




suspended samples were first placed on a 95 °C hot plate for 5 mins and subsequently 
vortexed, this process was repeated three times. Following this samples were sonicated 
for 5 mins and heated once again for 5 mins at 95 °C, this process was also repeated 
three times. Prior to loading, samples were maintained at 95°C. Samples (30 µL) were 
subsequently loaded into 10-well NuPage 4-12% Bis-Tris Novex Gels,212 using 
separate gels for cellular and extracellular samples. Two wells were left blank between 
control and treated samples to ensure no cross-contamination occurred. SDS-PAGE 
was performed at constant voltage (200 V) and gels run for 5 mins. Following this, 
gels were washed with Milli-Q ultrapure water and stained using SafeStain for 30 
mins. Gels were washed following staining three times using Milli-Q ultrapure water 
and left overnight. Subsequently, gel bands for proteomic analysis were cut into small 
cubes (approx. 2-4 mm) using a sterile blade and placed in 50% ethanol- 50 mM 
ammonium bicarbonate (ABC) overnight and maintained at 5 °C to aid the de-staining 
process. 
 
d) In-gel protein digestion and mass spectrometry 
In-gel trypsin digestion and peptide recovery was performed.213 To remove the stain, 
gels were washed three times in 50% ethanol 50 mM ABC for 20 mins whilst heated 
to 55 °C under shaking (650 rpm). Following washing 100% ethanol was added to 
dehydrate the gel for 5 mins whilst shaken (650 rpm) at room temperature. 
Subsequently, 10 mM tris(2‐carboxyethyl)phosphine hydrochloride (TCEP) 40 mM 
chloroacetamide (CAA) was added and shaken gently for 5 mins at 70 °C. The 50% 
ethanol 50 mM ABC washing procedure was repeated at room temperature and gel 
samples dehydrated using 100% ethanol, as previous. Following this, gels were 
hydrated with 2.5 ng L-1 Trypsin solution (Promega) for 10 mins at room temperature, 
after which sufficient 50 mM ABC was added to cover gels and samples were left 
overnight at 37 °C for digestion. The following day peptides were extracted by 
sonication (5-10 minutes) with the addition of 25% acetonitrile 5% formic acid. 
Following sonication, all liquid extractions were transferred to a clean 1.5 mL 
Eppendorf. This process was repeated three times. Extracted peptides were 
concentrated using a Speed-vac set at 45 °C and resuspended in 50 µL 2% acetonitrile 
(CAN), 0.1% trifluoroacetic acid (TFA). To ensure no gel passed through to the final 




Spin-X® centrifuge tube before being stored at -20 °C. Following this, a nano liquid 
chromatography tandem mass spectrometry (nanoLC-ESI-MS/MS) analysis was 
carried out using an UltiMate 3000 RSLCnano System coupled to an Orbitrap Fusion 
(Thermo Scientific) using conditions and settings as previously described.214 
 
e) Data processing and analysis 
The RAW mass spectrometry data files have been deposited to the ProteomeXchange 
Consortium (http://proteomecentral.proteomexchange.org) via the PRIDE partner 
repository215 under the dataset identifier, PXD025932. RAW mass spectral files were 
processed using MaxQuant version 1.5.5.1216 for peptide identification and protein 
label-free quantification using the Prochlorococcus UniProt coding domain sequences 
(downloaded on 16/01/2018) using default parameters with the exception of “Match 
between runs” for “Identification”. Downstream statistical analysis was carried out 
using Perseus version 1.5.5.3217 following the pipeline described previously.218 
Briefly, two-way multi-variate analysis was carried out between untreated and treated 
samples at each concentration, and any significantly up- or down-regulated proteins 
identified for further analysis. To aid our understanding of the overall impact of 
AgNPs upon the proteome of Prochlorococcus sp. MED4, proteins were classified 
into key groups, Basic cellular processes, Photosynthesis, Metabolism, Carbon 
fixation, Membrane transport, Oxidative stress, Energy production and storage, and 
Inorganic nutrient processing. The relative abundance of each protein group compared 
between control samples and treatments by means of two-way T-tests. 
 
 
2.3 Results and discussion 
 
2.3.1 Natural marine phytoplankton community response to AgNPs 
 
Previous studies have revealed an ability of AgNPs to alter marine microbial 
communities, reducing bacterial growth and diversity.173, 174 In particular, 
photosynthetic microorganisms such as cyanobacteria and diatoms have been recorded 
to display enhanced sensitivity to AgNPs at concentrations as low as 0.2-2 µg L-1.175, 




incubated for a period of 8 days with citrate-stabilized AgNPs (laboratory-synthesised 
spheres and rods, 22.0±3.3 and 51.2±14.9 nm, see Fig 2.2 and section 2.2.2) at 1 and 
500 µg L-1. These concentrations were selected to represent predicted environmental 
and supra-environmental concentrations, respectively. A clear reduction of the 
photosynthetic community due to AgNP exposure was observed even at the lowest 
concentration (i.e., 1 µg L-1; ~50% cell number decline; Fig 2.3). This decline was 
primarily driven by the decrease in abundance of the cyanobacterial community in 
accordance with previous studies carried out with natural seawater.175, 176 Here, 
cyanobacterial decline was mainly of Prochlorococcus, displaying 67% and 91% 
decline in cell numbers at the end of the 8 day incubation in presence of 1 and 500 µg 
L-1 of AgNPs, respectively (Fig 2.3). In contrast, little or no effect was observed in 
other phototrophic groups (i.e., pico-eukaryotic or Synechococcus) when exposed to 
the lowest concentration of AgNPs (1 µg L-1). However, at higher AgNP 
concentrations (500 µg L-1), cell declines of 57%, 73% and 33% compared to the 
untreated control were recorded in the pico-eukaryotes, and Synechococcus subgroups 
SYN-I and SYN-II, respectively (Fig 2.3).  
AgNPs are believed to exert toxicity primarily via the release of toxic silver ions into 
media and that other modes of AgNP toxicity are neglible.219 Dissolution of ionic 
silver from AgNPs within saline media has been reported, and occurs at an increased 
rate compared to freshwater.74, 77, 135 Silver ions may be released by AgNPs via 
processes of desorption or oxidation, where the latter produce reactive oxygen species 





Figure 2.2. TEM images of laboratory-synthesized citrate-stabilised AgNPs used in 
experimental work with Natural seawater. Two populations of AgNPs were observable in the 
images grouped by shape: spherical and rod-shaped. These two groups were measured separately 





marine cyanobacteria is attributed to the increased affinity of AgNPs to sulfur groups 
present in the cell wall of cyanobacterial cells,176 thus driving increased interaction 
between cells and particles by generating silver ions and ROS in close proximity of 
these organisms. This causes disruption to membrane permeability and deactivation 
of enzymes, resulting in lysis and cell death.222 The higher toxicity on 
Prochlorococcus observed here may also be caused by the particularly higher 
susceptibility of this genus to oxidative stress due to the lack of mechanisms for 
quenching ROS.223  
 
2.3.2 Preliminary investigation of AgNP toxicity towards Prochlorococcus: 
Establishing experimental conditions. 
 
Based on the high susceptibility of Prochlorococcus to AgNPs observed in the natural 
community analysis (section 2.3.1) and in the literature,175, 176 the strain 
Prochlorococcus sp. MED4 was selected as a model for further laboratory 
investigation on the ecotoxicity of AgNPs towards marine microbial organisms.  
Figure 2.3. Effect of AgNPs (1 and 500 µg L-1) upon natural communities of marine 
phytoplankton. Phytoplanktonic groups are: Green - Prochlorococcus (PRO), Yellow – 
Synechococcus-I (SYN-I), Red – Synechococcus-II (SYN-II), Blue – Pico-eukaryotes (EUK). 
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To establish effective experimental conditions two preliminary experiments were 
completed (see sections 2.2.5 and 2.2.7). First, cell-dense cultures of Prochlorococcus 
(~107 cells mL-1) were exposed to laboratory-synthesised AgNPs (citrate-stabilised 
spheres, 10.5±3.3 nm) (Fig 2.4) under optimal growth conditions for a period of 144 
h (0-639.53 µg L-1). Here, a wide range of concentrations were used, spanning the 
predicted environmental, to 
supra-environmental range 
in order to facilitate the 
identification of a suitable 
concentration range for 
further study. A single 
population of spherical 
AgNPs were used to 
minimise any variation in 
outcome caused by a mixed 
particle size and 
morphology. A clear 
negative response of 
exposure could be seen at 
the highest concentration 
(639.53 µg L-1) after 24 h, 
which continued throughout 
the experiment (Fig 2.5), 
evident by the clear 
Figure 2.4. TEM images of laboratory-synthesised citrate-stabilised AgNPs used in preliminary 
observational study. Average diameter of particles was calculated as 10.5±3.3 nm. 
 
Figure 2.5. Photographic observations of 
Prochlorococcus culture in nutrient-rich Pro99 media 
when exposed to a range of AgNP concentrations (0-
















discolouration of the cyanobacterial culture indicating the loss of living cells. For 
treated groups <639.53 µg L-1, no visual difference was observed between treated and 
control groups (Fig 2.5). This preliminary screening allowed for the identification of 
a toxic concentration range of AgNPs to Prochlorococcus sp. MED4 under optimal 
growth conditions between ~65-650 µg L-1, providing scope for further 
experimentation with quantitative methods.  
 
Further testing of Prochlorococcus cultures grown in NSW to ambient cell 
densities207, 224 exposed to purchased AgNPs (citrate-stabilised, 20.4±3.9 nm, Sigma 
Aldrich), revealed a negative response of exposure at concentrations ³50 µg L-1 (Fig 
2.6), resulting in significant declines in cell density of up to 90% in comparison to the 
untreated control after 72 h (two-way T-test, p£0.05). As a result of this preliminary 
investigation, a concentration range of 0-50 µg L-1 was selected for evaluation of 
AgNP ecotoxicity under environmentally relevant concentrations. For the remaining 
work presented in this chapter, purchased AgNPs (citrate-stabilised spheres, Sigma 
Aldrich, 20.4±3.9 nm) continued to be used based on their uniformity facilitating more 
effective comparison between experiments and the elucidation of toxic mechanisms, 
which may be complicated by any variability in morphology and size of particles 
Figure 2.6. Preliminary screening of Prochlorococcus sp. MED4 to 20.4±3.9 nm AgNPs (0-500 
µg L-1). Data points are provided as the mean ± standard error (n=3). Crosses indicate where 
two-way T-tests identified the cell density of treated groups to be significantly lower than the 
control group at each timepoint (p£0.05). 
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obtained though synthetic approaches. The particle size of ~20 nm examined falls 
within the size range of spherical AgNPs used in commercially available antimicrobial 
products.225 
 
2.3.3 Behaviour and dissolution of AgNPs in natural seawater 
 
Prior to establishment of experiments with Prochlorococcus, the behaviour of AgNPs 
(citrate-stabilised spheres, Sigma Aldrich, 20.4±3.9 nm (TEM)) (Fig 2.7) to be used 
during ecotoxicity assessments upon entry into NSW was investigated, to aid 
understanding of how these materials may interact with marine microorganisms and 
exert their potential toxic effects. It was found that currently available techniques do 
not provide reliable measurements at the concentrations assayed in this study and 
hence we discuss these results in the context of higher AgNP concentrations and 
available literature. 
 
a) Aggregation behaviour of AgNPs 
The fate and behaviour of NMs within the environment is believed to greatly influence 
their bioavailability and interaction with biota.98, 226 DLS was utilised to observe the 
behaviour of AgNPs upon their entry into NSW (Fig 2.8). Previously, the aggregation 
of AgNPs within saline media has been recorded but is often altered by use of nutrient-
rich media.74, 109, 135, 136 To address this, NSW was utilised in this study to maximise 
environmental relevance. Here, the aggregation of AgNPs was observed to occur 
immediately upon entry into NSW (i.e., DLS z-average size of 122.2±55.2 d.nm), 
increasing to 271.2±121.6 d.nm after 30 mins (Table 2.4 and Fig 2.8), as compared to 
Figure 2.7 TEM images of purchased citrate-stabilised AgNPs. Average diameter of particles 






the initial 36.9 d.nm of the AgNP stock measured in Milli-Q ultrapure water. This 
confirms that AgNPs aggregate following their addition to NSW, a finding consistent 
with previous research.74, 77, 109, 227, 228 The enhanced aggregation of AgNPs in NSW is 
likely explained by DLVO theory due to the enhanced ionic strength of saline water 
acting to promote particle aggregation as repulsion between charged particles is 
hindered by the increased presence of ions in the solution.228 
 
Table 2.4. Z-average size (d.nm) of AgNPs (1 mg L-1) suspended in natural seawater for a period 










Over the subsequent 48 h, z-average size continued to increase, reaching a maximum 
value of 964.0±105.0 d.nm. The high variability recorded in z-average size throughout 
the experiment highlights the large range in AgNP aggregate sizes that are generated 
once introduced into NSW. However due to limitations of analytical techniques,226 
particularly DLS, only concentrations far exceeding those predicted in the 
environment could be effectively analysed. Typically, studies utilising DLS examine 
AgNP behaviour using concentrations in the range 1-100 mg L-1.74, 109, 135, 136 
 
A concentration of 1 mg L-1 was identified as the minimum concentration that allowed 
effective data acquisition throughout the 72 h test period which represents 100-fold 
those predicted in the environment53 and that were used in experiments with 
cyanobacteria (section 2.3.4). Therefore, whilst the potential for AgNPs to aggregate 
in the marine environment exists, the decreased encounter rate between individual 
AgNPs caused by dilution in the environment (i.e., <10 µg L-1) is likely to cause a 
considerably reduced aggregation rate under environmentally-relevant 
concentrations.229, 230 As such, the true fate and behaviour of AgNPs at environmental 
Time (h) z-average size (d.nm) 
0 122.2 ± 55.2 
0.5 271.2 ± 121.6 
2 379.6 ± 159.4 
4 532.3 ± 170.5 
24 826.4 ± 106.5 
48 964.0 ± 105.0 




concentrations remains uncertain. Interestingly, despite observed AgNP aggregation, 
examination of the mean count rate revealed that AgNPs and aggregates remained 
suspended in the water throughout the experiment (Fig 2.8B) with negligible 
sedimentation of AgNPs as previously recorded.227 Therefore, AgNPs under 
environmentally relevant concentrations will remain bioavailable to planktonic 
species and other marine biota. 
 
b) Dissolution of ionic silver from AgNPs in natural seawater 
The release of ionic silver from AgNPs within saline media via dissolution has been 
widely reported, although largely only at high concentrations.74, 77, 135 Despite ICP-
AES analyses having been utilised for trace metal analyses in seawater in the ppb to 
ppm range,82, 83 the release of ionic silver from AgNPs at the concentration range 
utilised in this study (i.e., 0-250 µg L-1) was below the technique’s limit of detection. 
Previous work examining citrate-stabilised AgNP dissolution (10 mg L-1) revealed the 
process to be slow.231 Hence, the slow dissolution rate of ionic silver together with the 
requirement to dilute seawater samples to remove salts prior to analysis, explain why 
investigation of NM behaviour is typically carried out at relatively high 
concentrations, exceeding those found in the environment. Such limitations highlight 
the uncertainty surrounding the mechanisms of AgNP toxicity under environmental 
conditions.  
 
Figure 2.8. (A) Z-average size (d.nm) and (B) mean count rate (kcps) of AgNPs (1 mg L-1) 
suspended in natural seawater for a period of 72 h. Data is presented as the mean ± standard 



































The rate of silver ion dissolution is described by Jin et al. (2010) as a ‘continuous state 
of flux’, dependent on particle size, surface characterisation, as well as chemical and 
biological characteristics of experimental media.201, 232 Typically, AgNP dissolution 
has been characterised by two major pathways; oxidation and desorption (Fig 2.9).220 
The latter is proposed to be the primary mechanism of Ag+ release into natural 
environments, with oxidative dissolution playing a slower and less significant role.220 
However, in laboratory work the relative importance of oxidation in dissolution is 
argued, as under anaerobic conditions the release of silver ions is not recorded.221 The 
oxidation of AgNPs is likely to involve a number of redox reactions that produce 
peroxide intermediates.221 For example, Liu et al. (2010) detected release of H2O2 
from AgNPs following 3 h suspension in aerated water. The presence of oxidizing 
species, such as H2O2 and SOx are thought to enhance the release of silver ions,233 and 
therefore are likely to play a synergistic role in toxicity alongside dissolved silver. 
Surface interactions can halt dissolution, for example compounds containing thiol or 
selenide, or the formation of sulfidic coatings can block the particle surface preventing 
release of Ag+.189, 233 Modifying the surface of AgNPs allows for control of release of 
biologically active silver.189 Surface coating greatly influences the extent of ionic 
silver release from AgNPs.74, 189, 220, 232 Generally, the most widely used coating in 
commercial AgNPs is citrate.190-193 Citrate-stabilised particles release less dissolved 
silver than other coatings, e.g. PVP and tannic acid,220, 232 although results are variable 
and dependent on the persistence of the coating upon entry into the environment.74  
 
Generally, dissolution of AgNPs has been recorded to be higher in saline water versus 
freshwater by 20-fold.74, 77, 135, 234 The increased rate of dissolution in marine water has 
been attributed to the higher concentration of NaCl providing chloride to catalyse the 
release of silver ions from the particle surface.77 However, despite this increase in 
dissolution, the specific Ag species formed vary in abundance within freshwater and 
seawater.77 Sendra et al. (2017) recorded that in freshwater, release of free Ag+ can be 
up to four orders of magnitude above marine.77 In contrast, colloidal AgCl species 
dominate ionic silver release into seawater, making up to 99% of dissolved silver 
content.74, 77, 221 Therefore, the larger amounts of free Ag+ in freshwater in comparison 
to marine water is thought to account for the increased toxicity of AgNPs recorded in 
freshwater, leading researchers to conclude that AgNP release into seawater results in 




Particle size appears to influence the dissolution rate of AgNPs, with increased rate of 
dissolution observed with reduced particle size, likely due to increased surface-area-
to-volume for oxidation.193, 220, 235 Dissolution of AgNPs has been recorded up to 90% 
of the initial weight of the particle,232 but this is determined greatly by properties of 
the media. The rate of dissolution of Ag species from AgNPs is highest during the first 
8-12 h of entry into media.193 Following this, the rate of release slows towards an 
equilibrium point, determined by AgNP size, with smaller particles taking longer to 
reach this point.193 Studies suggest AgNPs are unlikely to fully dissolve during 
experimentation.193, 220, 221, 232 Rather, AgNPs release ions slowly for a period of hours 
to several days,221, 232 resulting in the build-up of ionic silver in media. Large particles 
are therefore predicted to persist in the natural environment and may act as a long-
term source of Ag+ release,220 possibly causing accumulation of these toxic ions. 
Smaller particles, on the other hand may persist for the medium term, a timeframe 
believed to be long enough to allow for interaction with biota.221 The complete 
dissolution of AgNPs is only thought to occur over longer timeframes where sufficient 
dissolved oxygen persists in the environment.193, 221 New methods to accurately 
examine AgNP behaviour under environmental conditions are required. 
Figure 2.9. Schematic representation of AgNP dissolution in seawater by processes of 
desorption and oxidation, and associated release of reactive oxygen species. High concentrations 
of chloride ions present in seawater, promote the formation of AgCl complexes, which represent 




2.3.4 Toxicity of AgNPs on Prochlorococcus: particles-to-cell ratio matters 
 
Following the establishment of effective experimental conditions (section 2.3.2) and 
characterisation of AgNPs (citrate-stabilised spheres, Sigma Aldrich, 20.4±3.9 nm) 
upon entry into NSW (section 2.3.3), experiments with Prochlorococcus were 
performed mimicking natural environmental conditions (i.e., 104-105 cells mL-1 in 
NSW)21 to reduce misleading results caused by high cell density or particle alteration 
when exposed to enriched media.72 Flow cytometric analysis was utilised to monitor 
cyanobacterial population density following AgNP exposure. Here, given that dead 
Prochlorococcus cells rapidly lose fluorescence,236, 237 any observed reduction in cell 
counts by flow cytometry would indicate a loss of the living population. A detrimental 
effect on Prochlorococcus sp. MED4 was recorded at AgNP concentrations ³10 µg 
L-1 (Fig 2.10 A-B), observing a significant population decrease by up to 96% 
following 72 h exposure (two-way T-test, p£0.05). Cell decline was rapid and clear 
after only 24 h of exposure to AgNP. Cultured cyanobacteria appeared more resilient 
than Prochlorococcus’ natural populations, which suffered a considerable decline at 
lower AgNP concentrations (i.e., 1 µg L-1; Fig 2.3). Typically, marine phototrophs 
experience toxic effects in the concentration range of 24.3 µg L-1 to 25.77 mg L-1 
AgNPs,74, 77, 109, 125, 198, 199 hence in accordance with previous work, Prochlorococcus 
appears particularly susceptible to AgNP exposure.175, 176  The value of 10 µg L-1 
represents the upper value of AgNPs predicted in the environment, hence such adverse 
effects are only likely to occur only in hotspots of AgNP pollution areas where 
concentrations of these materials reach toxic levels. However, the decline in the 
phototrophic community in these areas may result in a reduction in primary 
productivity, with adverse effects upon the surrounding local ecosystem. 
 
Noteworthy, toxicity appeared to differ with varying cell densities, with negative 
effects of AgNP exposure mitigated by higher cell numbers (Fig 2.10 A-C). Indeed, 
no negative effect of AgNP exposure was observed in the most cell-dense culture even 
at concentrations of 50 µg L-1 (Fig 2.10C). The effect of varying cell density upon NM 
toxicity is a feature that is yet to be investigated in detail but is one that is likely to 
vary between studies and experimental runs. As such, variations in the response 




of key ecotoxicological endpoints. Whilst a concentration gradient is typically utilised 
to investigate the toxicity of a particular substance (i.e., EC50); in the case of NMs this 
concentration can be considered as the number of particles per volume or per cell, as 
previously suggested by Metzler et al. and Unciti-Broceta et al.209, 238 However, the 
use of this parameter is not enforced, resulting in the impossibility to compare studies 
that use cultures with different cell densities. To aid understanding of the relationship 
between AgNP toxicity and cell density, the estimated number of particles-per-cell 
(NPs cell-1) added at the start of each experiment (including those performed with 
Figure 2.10. AgNP toxicity on Prochlorococcus. Panels A-C display three independent 
incubation experiments of Prochlorococcus grown at varying cell densities when exposed to 
AgNPs (0, 5, 10, 25, 50 µg L-1): A – 2.5 x 104 cells mL-1, B – 1.3 x 105 cells mL-1, C – 8.7 x 105 
cells mL-1. Data points represent the mean ± standard error of three biological replicates (n=3). 
Significant decreases in cell density due to AgNPs are indicated with crosses (two-way T-tests; 
p £ 0.05). Panel D represents the toxic effect of AgNPs on Prochlorococcus cultures after 72 h 
as a function of the nanoparticle-to-cell (NPs cell-1) ratio at T0. Red markers indicate where cell 
numbers had decreased >50% versus the control. Triangles indicate cultures with a significant 
reduction in cells (two-way T-tests; p£0.05). Circles indicate where the percentage change in 
cell density between treated and control cultures was <50%. Full and empty markers represent 
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higher cell densities in enriched seawater, i.e., Pro99 medium) was plotted against the 
percentage change in cell density after 72 h exposure (Fig 2.10D and Table 2.2). 
Interestingly, a strong decline in population was only observed when >1,000 NPs cell-
1 was applied, regardless of media type or initial cell concentration (Fig 2.10D). This 
explains the variability in response observed in Figure 2.10 A-C. It is proposed here 
that the build-up of ionic silver and associated release of ROS by AgNPs, can be 
mitigated by denser cell cultures but may become unbearable at a certain threshold. 
This is particularly damaging to Prochlorococcus which lacks appropriate defence 
mechanisms. Upon consideration of the ambient cell density of microbes in the marine 
environment (~106 cells mL-1)239 and upper limit of AgNPs predicted (10 µg L-1),53 
we are able to estimate a likely maximum environmental NPs cell-1 ratio of 230 NPs 
cell-1. While this value is well below the 1000 NPs cell-1 threshold reported for 
Prochlorococcus sp. MED4, it may be toxic for natural populations. Nevertheless, in-
line with comments above, the current environmental risk of AgNPs appears low and 
limited to hotspots of AgNP pollution. 
 
It can be argued that altered nanoparticle behaviour within experimental media is 
likely to reduce accuracy of the NPs cell-1 ratio calculation. Above, it has been shown 
that there is a potential for AgNPs to aggregate in NSW (see section 2.3.3), thus 
lowering the effective particle number in suspension during exposure. However, 
aggregation of AgNPs has only been recorded at concentrations far exceeding those 
predicted in the environment. It is believed that such aggregation will be considerably 
reduced at the concentrations utilised in this study and predicted in the environment, 
due to lowered rate of encounter between nanoparticles. Additionally, given that 
AgNP aggregates were observed to remain in suspension, it is likely that at the low 
concentration of AgNPs will remain bioavailable in the water column exerting a 
detrimental effect on marine plankton, as recorded in this study. However, it must be 
noted that due to the non-defined nature of natural seawater, specific water chemistry, 
dissolved organic matter,62 and particulate content of seawater will vary and influence 
differently the fate and behaviour of AgNPs.85 Hence, despite accounting for this by 
using natural oligotrophic seawater, the impact of such environmental variables must 





Whilst the NP cell-1 ratio is likely to vary throughout experimental exposure due to 
alterations in AgNP behaviour and microbial cell decline, through its application 
during experimental design, any alteration in cell density shown to cause variation in 
organismal response is accounted for. Standardisation and direct comparison between 
studies and experimental replicates is possible as a result. As such, utilisation of this 
parameter during experimental design proves an effective tool for nano-
ecotoxicological investigation upon microbial species.  
 
2.3.5 Ability of Prochlorococcus to overcome AgNP stress in extended 
exposures. 
 
It is expected that upon entry into the aquatic environment, AgNPs are likely to persist 
for  the medium term (i.e., months), with the rate of dissolution dependent on the size 
and physicochemical properties of particles.220, 232 Hence, the ability of 
Prochlorococcus to overcome the early stress observed within the 72 h exposure over 
longer incubation periods (i.e., 240 h) in both natural oligotrophic and enriched 
seawater was assessed. As expected, AgNPs (³1,000 NPs cell-1) produced a strong 
decrease in the cyanobacterial population in NSW from which it did not recover (Fig 
2.11A). This response was also observed in higher cell-dense cultures in enriched 
medium, in which populations did not recover following exposure to concentrations 
>1000 NPs cell-1 (Fig 2.11B) resulting in a 94% decline in cell density at the end of 
the experiment (p£0.05). This demonstrates the inability of Prochlorococcus to 
recover from AgNP-stress and highlights the long-term consequences of such a 
population decline in areas where AgNP contamination remains high. As a 
consequence, natural endemic populations are likely to be replaced by other more-








2.3.6 Mechanisms of AgNP toxicity: Superoxide, but not hydrogen peroxide, 
drives AgNP toxicity on marine cyanobacteria. 
 
As mentioned, despite being an oxygenic photosynthetic organism, Prochlorococcus 
surprisingly lacks mechanisms to effectively quench ROS and is particularly 
susceptible to oxidative stress.223, 240, 241 While it lacks catalase to deal with H2O2, it 
does possess a nickel-dependent SOD essential for the detoxification of SOx.202, 242 
AgNPs are known to release ROS into the media as a result of oxidation, and 
exacerbate cell stress.221, 233 In order to provide insight into the role that ROS plays in 
toxicity, Prochlorococcus sp. MED4 was incubated with  AgNPs (citrate-stabilised 
































































































Figure 2.11. Long-term exposure (240 h) of Prochlorococcus to AgNPs (20.4±3.9 nm) in 
natural seawater (A) or nutrient-enriched seawater (B). Data points are provided as the mean ± 
standard error (n=3). Crosses indicate where two-way T-tests confirmed treated groups are 
significantly lower than the control group at each timepoint (p£0.05). Given the extent of cell 





spheres, Sigma Aldrich, 20.4±3.9 nm) in the presence of the H2O2- or SOx-quenching 
agents pyruvate210 and SOD,149 respectively. The test concentration of 50 µg L-1 
(~3000 NPs cell-1) was selected based on evidence of significant cell decline being 
recorded in previous experimentation (section 2.3.4). Given that H2O2 is particularly 
damaging to Prochlorococcus,243 experiments were first carried out with pyruvate. 
However, no impact of H2O2-quenching was recorded, and cell density represented 
approximately 20-23% of those present in control cultures after 24 h (Fig 2.12A). 
Following this, focus was placed upon SOx. Interestingly, the addition of SOD 
mitigated the toxicity of AgNPs up to >50% on this relevant marine cyanobacterium 
(Fig 2.12B), suggesting that SOx species is a key driver of toxicity in this system. 
Other ROS such as hydroxyl radical and singlet oxygen may also play a role, but their 
high reactivity, extremely short half-life in seawater,210 and results shown here, 
suggest these may not be as important. Although, SOx too has a relatively short half-
life,60 the dissolution of AgNPs in the environment is believed to continue for as long 
as oxygen is available189, 193, 244 providing a continued SOx production in the local 
environment through the process of oxidation. SOx is believed to be unable to pass 
Figure 2.12. Cell density of Prochlorococcus following 24 h growth when exposed to AgNPs 
(50 µg L-1) in the presence of A – Pyruvate or B – Superoxide dismutase (SOD) as respective 
quenchers of hydrogen peroxide and SOx. Data represents the mean ± standard error of three 
biological replicates (n=3). Cultures with a significant decrease in cell number due to AgNP 
toxicity are indicated with crosses (two-way T-tests; p £ 0.05). Concentrations of pyruvate used 






through the cell membrane, therefore SOx produced by AgNP oxidation are likely to 
interact with the membrane or cell surface.210 Previous research has also shown that 
SOx is the most abundant ROS generated intracellularly when bacteria are exposed to 
AgNPs139, 149 and, hence, experiments confirm that this ROS species plays a critical 
role in driving the antimicrobial action of AgNPs under environmental conditions. 
This finding also explains the reduced toxicity of AgNPs in cell-dense cultures. The 
collective production of SOD at a specific cell-to-nanoparticle threshold may 
counteract the rate at which SOx is produced allowing the culture to overcome ROS 
toxicity.  
 
2.3.7 The role of dissolved silver in the AgNP toxic response towards marine 
cyanobacteria. 
 
The antimicrobial action of dissolved silver is widely acknowledged.219 Whilst we 
were unable to detect ionic silver during ICP-AES analyses (section 2.3.3b), silver 
ions are likely to be released by citrate-stabilised AgNPs as recorded when using 
higher concentrations (1-100 mg L-1).74 Prochlorococcus sp. MED4 cultures were 
Figure 2.13. 72 h exposure of Prochlorococcus to dissolved silver (Ag2SO4) in natural 
oligotrophic seawater (0-50 µg L-1). Data points are provided as the mean ± standard error (n=3). 
Crosses indicate where two-way T-tests confirmed treated groups are significantly lower than 

























































exposed to dissolved silver (Ag2SO4) to determine the toxicity of trace Ag+ leached 
from AgNPs, hence becoming bioavailable to Prochlorococcus during exposure (Fig 
2.13). The impact of dissolved silver upon Prochlorococcus was remarkably similar 
to that recorded in earlier experimentation with AgNPs (section 2.3.4). Following 72 
h incubation, Prochlorococcus experienced significant cell decline in response to Ag+ 
concentrations  ³10 µg L-1, resulting in declines of 71.7-95.3% in response to 10-50 
µg L-1 (two-way T-test, p£0.05). Dissolved silver produced slower cell declines, 
requiring 48 h for population depletion as opposed to 24 h needed when exposed to 
AgNPs. Interestingly, no adverse effect of exposure was recorded at lower 
concentrations (0.5-5 µg L-1), indicating little effect of trace Ag+ levels on this 
cyanobacterium. Given that similar extents of toxicity are recorded in dissolved silver 
treatments – where all bioavailable silver is in a dissolved form– and in AgNP 
treatments – where it is not, alongside data recorded during ROS-quenching 
experiments described above (section 2.3.6), it appears that both SOx generation and 
leached silver from nanoparticles drives AgNP toxicity. This result confirms that the 
remaining decline of Prochlorococcus recorded in cultures where SOD was present 
(Fig 2.12B) may be attributed to the synergistic adverse effect of any remaining SOx 
species and toxic silver species released from AgNPs. This interaction is likely to 
occur in close proximity to cyanobacterial cells due to high affinity between AgNPs 
and the cyanobacterial cell membrane,176 resulting in localised release of SOx and 
ionic silver through oxidative processes. Here, SOx and toxic silver species are likely 
to disrupt enzymatic processes and induce membrane instability, resulting in cell lysis 
and death.  
 
2.3.8 Impact of AgNP exposure upon the Prochlorococcus proteome 
 
Molecular methods such as shotgun proteomic analysis provide great scope to 
investigate the response of organisms towards environmental stressors and pollutants 
in greater detail and reveal new insight into mechanisms that drive any toxic effects.245 
During environmental stress, the synthesis of specific proteins can be regulated to 
allow for acclimatisation to specific stress conditions.246 To date, such approaches 




to provide a more comprehensive understanding of the molecular features of NM 
exposure.247  
 
In order to investigate protein-level effects of AgNP exposure, Prochlorococcus sp. 
MED4 was first exposed to a series of sub-lethal to near-toxic concentrations (i.e., 
250, 750 and 1500 NPs cell-1) for a period of 24 h. Here, cell-dense cultures were 
exposed to AgNPs in nutrient-rich Pro99 media, allowing for the collection of 
sufficient biological material for analysis. It is possible that results may be altered at 
higher cell densities, as discussed in the previous chapter, however this was accounted 
for by use of number-based concentrations in this work.  
 
At the lowest tested concentration (250 NPs cell-1), little effect was observed in either 
the cell or exoproteome (Fig 2.14). Only two proteins were identified to significantly 
Figure 2.14. Relative abundance of protein groups identified in cellular- (A) and exo- (B) 
proteome samples of Prochlorococcus sp. MED4 exposed to AgNPs (~250 NPs cell-1) for a 
period of 24 h (n=3). Blue arrow indicates where two-way T-tests revealed the relative 





































































vary between treated and control cultures, both identified within the cell proteome 
(two-way T-test, p£0.05), see Table A1.1, Appendix 1. These two proteins were 
identified as, the putative glycosyl transferase and tyrosine binding protein, both with 
central metabolic functions and down-regulated in the presence of AgNPs (250 NPs 
cell-1). The 20 proteins in both the cellular- and exoproteome which corresponded to 
the lowest q-values as a result of a two-way T-tests were further investigated (Table 
A1.1 and A1.2). However, no clear trend could be identified in either dataset. Of the 
20 proteins identified in the cellular proteome, 15 were down-regulated in the presence 
of AgNPs. Interestingly, two proteins related to Photosystem I were up-regulated in 
the AgNP treatment. In the exoproteome, 12 out of 20 proteins were down-regulated. 
Proteins involved in magnesium and sulfur transport were reduced in relative 
abundance from 0.017 and 0.009% to 0.007 and 0.004% respectively. However, this 
difference was not statistically significant.  
 
For all analyses of proteomics data, proteins were grouped according to their 
biological function and subsequently the respective relative abundance of each 
functional group was compared between treated and control samples. Only one group 
significantly differed in the 250 NPs cell-1 treatment (two-way T-test, p£0.05), 
identified in the cell proteome (Fig 2.14). Here, relative abundance of proteins 
associated with membrane transport were down-regulated 4.82% to 4.29% in the 
presence of AgNPs. Such reductions in membrane transport proteins have been 
reported in previous work investigating AgNP toxicity, where production of ABC 
transporters was altered in Staphylococcus aureus, compromising the transport of 
nutrients into cells.248 To assess the extent of cell lysis in exoproteome samples, the 
relative abundance of total ribosomal proteins was calculated for both control and 
AgNP-treated samples. This value equated to 5.44% in the control group and 5.76% 
in the presence of AgNPs, a difference which was statistically insignificant and 
indicates little cell lysis as expected by the sub-inhibitory concentrations of AgNPs 
used in this work.  
 
Upon increasing AgNP concentrations to 750 and 1500 NPs cell-1, representing the 
near-toxic range (i.e., >1000 NPs cell-1, see section 2.3.4), little significant features of 




samples (Fig 2.15). No individual proteins were recorded to vary significantly between 
treated and control samples in response to 750 NPs cell-1, and only 5 were identified 
to significantly differ in the 1500 NPs cell-1 treatment (two-way T-test, p£0.05), all 
found in the exoproteome (see Table A1.6, Appendix 1). These proteins were 
identified as four ribosomal proteins and the S1 RNA binding domain, all less 
abundant in AgNP-treated cultures apart from one ribosomal protein. As previous, the 
20 proteins in each dataset which corresponded the lowest q-value during two-way T-
tests against the untreated control were identified for further analysis, see Tables A1.3-
A1.6. It appears the majority of these proteins were down-regulated in the cellular 
proteome in the presence of AgNPs; 16/20 and 19/20 in the cellular proteome of the 
750 NPs cell-1 and 1500 NPs cell-1 treatments respectively. No key trend in protein 
function can be identified in either cellular or exoproteome dataset at the 750 NPs cell-
1 concentration, or cellular proteome of the 1500 NPs cell-1 treatment. In addition to 
the five significant proteins identified in the exoproteome of the 1500 NPs cell-1 
treatment, a further five were identified with a p£0.1. Included here were a further two 
ribosomal proteins that were both down-regulated in the presence of AgNPs, the 
Protein GrpE and Transketolase that were both also down-regulated, and one 
Figure 2.15. Relative abundance of protein groups identified in cellular- (A) and exo- (B) 
proteome samples of Prochlorococcus sp.  MED4 exposed to AgNPs (~750 and 1500 NPs cell-1) 




uncharacterised protein that was up-regulated in the 1500 NPs cell-1 treatment. 
Unexpectedly, the relative abundance of ribosomal proteins in exo-proteome samples 
was significantly lowered in the 1500 NPs cell-1 treatment. Here, the relative 
abundance of ribosomal proteins was recorded as 5.27%, compared to 6.62% and 
6.76% in control and 750 NPs cell-1 treatments respectively. Although, it is possible 
that in the short term, cell death at high concentrations could occur without immediate 
cell lysis. No alteration in abundance of any functional protein group was identified in 
either cell or exoproteome datasets (Fig 2.16). It must be noted that the quality of 
proteomics data obtained from this second experiment is uncertain given that for this 
dataset approximately 300 proteins were successfully annotated, compared to >700 in 
the other two experimental runs. The reason for this lack of data is uncertain but is 
likely to have hindered the outcome of analysis in some manner. For full details of 
proteins identified throughout analysis see electronic supplementary data tables 1-8. 
 
Due to the lack of mechanistic insight revealed at lower concentrations, exposures 
were repeated at a higher concentration of 5000 NPs cell-1, well-within the toxic range 
identified in previous works (section 2.3.4). Indeed, at this concentration 19.8% of the 
cell proteome was observed to differ significantly compared to the untreated control 
(two-way T-test, p£0.05) (Fig 2.16A), representing a total of 275 individual proteins, 
Figure 2.16. Volcano plots (T-test; FDR=0.05, S0=0.1) of A) Cellular proteome and B) 
Exoproteome of Prochlorococcus sp. MED4 exposed to AgNPs (5000 NPs cell-1) for a period 
of 24 h (n=3). Red markers indicate proteins identified as significantly altering in abundance 





see Table A1.7, Appendix 1. Unexpectedly, no such changes were identified in the 
exoproteome, where no individual proteins significantly varied in the presence of 
AgNPs (Fig 2.16B). Here, only those proteins associated with inorganic nutrient 
processing were significantly down-regulated in the exoproteome (two-way T-test, 
p£0.05) (Fig 2.17). This alteration was largely caused by a decreased detection of 
phosphate-binding protein in AgNP-treated cultures, reducing in average relative 
abundance from 14.2% to 9.9% in control and treated cultures, respectively. Also of 
note, in the exoproteome the most abundant protein in both control and treated cultures 
was the putative iron ABC transporter, substrate binding protein. This protein was on 
average considerably more abundant in AgNP-treated cultures (40.3±11.7% versus 
28.0±4.6% in the control). However, due to the large variation between replicates in 
the AgNP treatment this variation was not statistically significant. Interestingly, this 
iron transporter was also the most abundant protein in the cell proteome and relative 
abundance was significantly higher in the presence of AgNPs (7.5% versus 6.8%). On 
average, relative abundance of ribosomal proteins in the exoproteome, a marker for 
cell lysis, was higher in AgNP-treated cultures compared to the control (2.98% versus 
2.58%). However, as a result of variation between replicates this result was not 
significant. In contrast to the exoproteome, a number of significant alterations in 
relative abundance of functional protein groups were identified in the cell proteome 
(see Fig 2.17A). Here, proteins associated with basic cellular processes and carbon 
fixation were significantly up-regulated; whilst, those involved with central 
metabolism, inorganic nutrient processing, and surprisingly, oxidative stress were 
significantly down-regulated (two-way T-test, p£0.05). Uncharacterised proteins were 
also on average more abundant in the AgNP treatment. Where possible significant 
uncharacterised proteins were identified using BLAST search (Table A1.8, Appendix 
1), however little insight was gained. The observed significant changes in the cell- 
proteome in response to AgNPs at toxic concentrations (i.e., 5000 NPs cell-1) will be 
discussed in greater depth below. 
 
On average, proteins associated with basic cellular processes were significantly up-
regulated in the AgNPs treatment (5000 NPs cell-1) within the cell proteome. A total 
of 81 proteins involved in basic cellular processes were differentially expressed in the 




treated cultures. Of the 14 down-regulated proteins, little trend can be observed in their 
function, however, of those up-regulated over 50% played a role in translation 
processes. Here, 34 ribosomal proteins displayed a significant increase in the presence 
of AgNPs. Previous work with Pseudomonas also observed an increase of ribosomal 
proteins upon the addition of AgNPs.249 Also of note, the DNA repair protein RadA 
was also significantly up-regulated. Seven proteins involved with protein biosynthesis 
and folding were also significantly more abundant in the AgNP treatment. The up-
regulation of genes encoding for the synthesis of chaperones and enzymes that are 
involved with the re-folding or proteolysis of polypeptides that have been denatured 
has previously been recorded in response to AgNP exposure in E. coli.250 
 
Proteins involved in central metabolic processes displayed an overall significant 
decrease in abundance as a functional group upon the addition of AgNPs, decreasing 
in relative abundance from 22.2-20.3%. However, upon examining this variation at 
the individual protein level, little pattern could be identified to ascertain which 
Figure 2.17. Relative abundance of protein groups identified in cellular- (A) and exo- (B) 
proteome samples of Prochlorococcus sp. MED4 exposed to AgNPs (5000 NPs cell-1) for a 
period of 24 h (n=3). Arrows indicate where relative abundance of individual protein groups 
varies significantly from the untreated control, as identified by two-way T-tests (p£0.05). Red 
arrows indicate where protein groups are significantly up-regulated; blue arrows indicate where 





metabolic processes were most affected by AgNP exposure. A total of 43 and 37 
proteins associated with central metabolic processes were up- or down-regulated 
respectively in the presence of AgNPs. A key feature of many of the proteins 
significantly more or less abundant in the AgNPs treatment was the ability to bind 
metal ions, often for catalytic functions. It has been recorded that ionic silver may 
displace the binding of metal co-factors to such proteins, and hence cases of up-
regulation may be attributed to increases in the number of sites available for the 
binding of correct co-factors.250 This process may explain a number of the proteins 
observed to increase in abundance in the AgNP treatment, however, does not explain 
why a number of these proteins were significantly down-regulated. Although, it is 
possible that displacement of iron by ionic silver may account for the considerable 
increase in the iron ABC transporter, substrate binding protein observed in both the 
cellular and extracellular proteomes in the presence of AgNPs, described above. 
 
As mentioned above (section 2.3.4), a common feature of AgNP toxicity described in 
the literature is oxidative stress. This has previously been associated with release of 
H2O2 and SOx species, the latter believed to be the key driver of stress in experiments 
with Prochlorococcus described above (section 2.3.6). In the cellular proteome, 
abundance of oxidative stress proteins was observed to alter significantly in the 
presence of AgNPs, however, no such effect was seen in exoproteome samples. As 
expected, Prochlorococcus’ sole superoxide dismutase protein, the putative nickel-
containing superoxide dismutase, was significantly up-regulated in the presence of 
AgNPs in the cellular proteome from 0.15-0.25%. Although, no effect upon this 
protein was seen during exposures at lower sub-lethal concentrations, suggesting that 
this is only a feature when concentrations reach a certain threshold.  
 
Whilst in ROS quenching experiments hydrogen peroxide was not shown to play a 
key role in toxicity (section 2.3.6), proteins associated with protection from hydrogen 
peroxide were differentially regulated upon addition of AgNPs. Thioredoxin 
represents a widely conserved redox protein, acting to maintain the cellular reducing 
environment and thus correct functioning of enzymatic activities.251 This protein has 
been recorded to have roles in DNA synthesis and repair, transcriptional regulation 
and antioxidant activity against oxidative stress, namely from hydrogen peroxide.251 




0.32% to 0.41% upon the addition of AgNPs. Induction of thioredoxin has previously 
been recorded during exposure with heavy metals in green algae.252 Unexpectedly, the 
related protein thioredoxin peroxidase was significantly down-regulated in the 
presence of AgNPs. This antioxidant protein also acts against hydrogen peroxide and 
associated peroxide intermediates, and in recent work using budding yeast is believed 
essential for the induction of the entire thioredoxin pathway.253 As such it is unclear 
as to why we would observe a down-regulation of thioredoxin peroxide, whilst 
thioredoxin increases.  
 
The toxic stress response proteins glutathione-S-transferase and methionine 
sulphoxide reductase were also recorded to increase in the presence of AgNPs, 0.005-
0.006% and 0.007-0.008% respectively. Glutathione-S-transferase is a widely 
recognised component of toxic stress response in organisms, and contributes to 
protection from oxidative stress.254, 255 Additionally, glutathione-S-transferase has 
been recorded to contribute to correct synthesis, folding and degradation of 
enzymes.254 Methionine sulphoxide reductase catalyses the reduction of methionine 
sulphoxide, a toxic agent disrupting biological processes, to methionine, thus restoring 
cell function.256 This protein has previously been recorded to be co-induced with 
glutathione-S-transferase during chemical stress in the bacterium Ochrobactrum 
anthropi, but not during oxidative stress by hydrogen peroxide.255 As such, it is 
possible that given both of these proteins were significantly upregulated, these were 
co-induced due to presence of toxic ionic silver species, although this requires 
additional testing.  
 
Despite the significant up-regulation of a number of key proteins involved in oxidative 
stress response, it was observed that in the cellular proteome the collative oxidative 
stress functional group decreased in the presence of AgNPs compared to the untreated 
control. The cause of this overall decline in oxidative stress proteins is unclear. 
However, it remains that the presence of free silver or dissolved metals may affect the 
correct functioning of antioxidant systems.257 Hansen et al. (2006) found that a variety 
of ionic metal species exerted a number of varying oxidative effects upon thiol-
antioxidant systems, potentially altering apoptosis and toxic signalling pathways. It 
may be possible that any ionic silver present in treated cultures may interact with 




proteins within antioxidant pathways, thus accounting for their significant down-
regulation recorded. 
 
AgNPs have been previously observed to disrupt photosynthetic processes of marine 
phytoplankton. As a result of exposure, disruption of electron transport in Photosystem 
II has been recorded in algal species.135 In the marine diatom, S. costatum, significant 
down-regulation of photosystem II reaction centre proteins was recorded following 
exposure to AgNPs (5 mg L-1).109 Specifically, the D1 protein involved in electron 
transport, was down-regulated. Here, it was believed that during AgNP exposure a 
photo-protective response was induced in the diatoms, up-regulating the expression of 
two genes encoding for the synthesis of light harvesting proteins.109 Exposures to 500 
µg L-1 in the same study found a significant increase in intracellular ROS and reduced 
cell viability, suggesting that in photosynthetic microbial species, a combined photo-
oxidative stress is exerted by Ag NPs.109 In the study presented here a total of 14 
proteins associated with photosynthesis were significantly altered by exposure to 
AgNPs (5000 NPs cell-1). Unlike the previous work described all but one were 
significantly upregulated in the AgNPs treatment. The down-regulated protein was 
identified as glutamyl-tRNA reductase, involved in the biosynthesis of chlorophyll. 
However, whilst this effect would be expected to induce an adverse effect upon 
Prochlorococcus a further two proteins involved in chlorophyll biosynthesis were 
significantly upregulated. The Photosystem I assembly proteins Ycf3 and Ycf4 were 
also significantly upregulated under the AgNP treatment. Five proteins associated with 
electron transport within the photosynthetic pathway were significantly upregulated. 
The functioning of the photosynthetic electron transport chain is dependent upon a 
fine balance between oxidised and reduced cofactors.203 It is likely that AgNPs and 
associated silver ions interfere with this process, perhaps in a similar fashion to that 
proposed to disruption of central metabolism proteins described above. A common 
feature of the significantly up-regulated photosynthesis-related proteins identified in 
the 5000 NPs cell-1 AgNP treatment was the presence of 2-Fe, 2-sulfur cluster binding 
units. Disruption of iron-sulfur cluster units has previously been recorded in response 
to AgNP exposure in E. coli, hence AgNPs are believed to possibly alter iron and 
sulphate homeostasis.250 Interestingly, despite these alterations in photosynthetic 




regulated in the AgNP treatment, increasing in relative abundance from 5.9% to 6.9%. 
As such, phototoxicity does not appear to be significant. Largely, this increase was 
attributed to an increase in the relatively abundant carbon dioxide-concentrating 
mechanism protein CcmK, which was observed to significantly increase in relative 
abundance from 2.2-3.0% in the presence of AgNPs. 
 
Proteomic analysis proved effective in revealing mechanistic insight into AgNP 
toxicity towards marine microbial species and its use in future experimentation is 
highly recommended. Exposure to AgNPs at lower concentrations revealed limited 
effect upon the Prochlorococcus proteome, whilst toxic concentrations caused a 
significant cellular response, characterised by ~20% alteration in the cell proteome. 
These results suggest that as a threshold AgNP concentration is reached, 
Prochlorococcus is no longer able to withstand stress, likely arising due to the release 
of ionic silver and SOx. However, it must be noted that microorganisms such as 
Prochlorococcus that possess streamlined genomes have limited capacity to regulate 
gene activity,202 therefore, observing only small alterations between cultures under 
varying conditions can be expected.236, 258 Hence, subtle sub-lethal effects of exposure 
are likely to be difficult to identify in such species. Surprisingly, exposure to toxic 
AgNPs concentrations resulted in no significant effects upon the exoproteome. 
However, significant alterations in the cellular proteome reveal key trends in 
Prochlorococcus’ response to AgNPs; the cellular response towards oxidative stress 
appears unclear, but the significant increase in superoxide dismutase supports the 
belief that SOx plays a key role in driving AgNP toxicity (see section 2.3.6); 
translation processes appear to be altered by AgNP exposure, characterised by an 
increase in ribosomal protein production; central metabolic proteins, particularly those 
with metal ion binding capabilities appear affected by presence of AgNPs; similarly, 
proteins with electron transport properties are particularly affected. Further 
investigation is required to fully understand these proteomic changes under laboratory 
conditions. Going forward, the use of metaproteomic techniques may play an 
important role in determining the whole community response towards contaminants 







2.3 Chapter Summary 
 
Under environmentally relevant conditions citrate-stabilised AgNPs exert a toxic 
response upon the ecologically significant marine cyanobacteria Prochlorococcus. 
Given the substantial contribution of marine cyanobacteria to global primary 
production, any negative effect exerted upon this relevant phytoplanktonic group is 
likely to affect local ecosystems as a whole due to a decrease in primary productivity 
or replacement by other more-resistant photosynthetic organisms, disrupting natural 
marine food chains. However, given current predictions of environmental AgNP 
concentrations, such adverse effects are likely only to occur at a local level in highly 
polluted areas. Further investigation into determining accurate field concentrations of 
AgNPs will aid in effectively evaluating their risk in natural environments.  
 
Our findings also revealed that the extent of toxicity was highly dependent on cell 
density and, hence, future ecotoxicological research with microbial species may need 
to consider assaying nanoparticles at environmentally relevant concentrations to 
achieve useful and informative conclusions. Here, the use of the particle-to-cell ratio 
(NPs cell-1) is presented as an effective parameter to standardize nano-
Figure 2.18. Graphical representation of AgNP toxicity towards Prochlorococcus. Toxicity 
results from the synergistic adverse effect of leached ionic silver and released superoxide. At 
higher cell densities, cyanobacteria are able to withstand toxicity due to increased production of 



























ecotoxicological studies and experimental replicates where cell densities may vary and 
is recommended for future work with research-grade NMs (Fig 2.10).  
 
Subsequent investigation into the mechanisms of AgNP toxicity provided an 
explanation of this particle-to-cell dependency. We showed that ionic silver was not 
solely responsible for the cell decline recorded in Prochlorococcus and, rather, SOx 
is a key driver of AgNP toxicity. Thus, above a particular particle-to-cell ratio (i.e., 
>1,000 AgNPs cell-1) the population of Prochlorococcus is unable to collectively 
mitigate the build-up of toxic SOx species though the production of SOD, at which 
point a clear crash in the population is observed (Fig 2.18). Proteomic analysis 
supported our belief that AgNP toxicity occurs at a threshold concentration where 
toxic species accumulate such that cyanobacteria are unable to overcome stress. 
Exposure to relatively low AgNPs concentrations resulted in negligible effect upon 
the Prochlorococcus proteome, whilst exposure to AgNPs in the toxic range resulted 
in substantial changes to normal cellular function, significantly altering 20% of 
proteins in the cellular proteome. Of note, proteins involved in translation and central 
metabolism were particularly affected, specifically proteins associated with metal ion 
binding or electron transport. In support of the key role of SOx in AgNP toxicity, the 
putative nickel-dependent superoxide dismutase was significantly more abundant.  
 
In future, it will be important to place greater emphasis upon the impact of AgNPs 
upon the entire marine microbial community and assess whether the community-wide 
response is sufficient to overcome any negative impact of AgNP exposure. It has been 
shown herein that by exposing a natural community to AgNPs, specific taxa can be 
identified as particularly sensitive or resistant to exposure for further investigation. 
Expanding this work to examine the response of non-photosynthetic organisms, as 
well as utilising molecular approaches such as amplicon sequencing provide great 
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In this chapter the impact of exposure to metal oxide nanomaterials (MO NMs) upon 
marine microbial organisms is explored by using two MO NMs, nTiO2 and nCeO2, 
detailed in sections 3.1 and 3.2, respectively. 
 
 
3.1 Examining the risk of titanium dioxide nanoparticles towards marine 




Nano-sized titanium dioxide (nTiO2) represents the one of the highest produced NM 
worldwide, with annual production predicted to reach 2.5 million tonnes by 2025.9, 19 
Due to its prevalent use across a wide range of industries, including  plastic production, 
paints, foods and cosmetics,7, 19, 20 nTiO2 is highly likely to enter the natural 
environment.259 The utilisation of nTiO2 in nano-enabled products is largely 
dependent upon its unique physicochemical properties,57 which include: 
photocatalytic activity, high resilience to corrosion, pure crystallinity, high stability, 
and high surface area.260 Three crystalline forms exist for nTiO2: rutile, anatase and 
brookite,57 with the former two being the most commonly used within commercially 
available products.261 The cosmetics industry dominates the use of nTiO2, and 
accounts for approximately 70-80% of nTiO2 use.7 For many years nTiO2 have been 
used in sunscreen due to their effective ability to filter UV.47, 262 These nanoparticles 
possess a high refractive index and are a small band gap semi-conductor allowing for 
the absorption and scattering of UV light across a broad spectrum (UVA and UVB).263 
This is advantageous over organic sunscreens which comparatively absorb UV light 
in a narrow band of the spectrum.263 Additionally, nTiO2 does not cause irritation and 
is not penetrative, has high transparency to natural light and iridescent properties 
leading to its use in a wide range of cosmetic products.20, 263 Typically product 
formulations are made up of 2-14 wt% nTiO2,264, 265 however, the exact 
physicochemical properties of NMs used vary greatly. In fact, it is estimated that the 
chemical composition of NMs utilised for over 50% of commercial products is not 





Domestic use of consumer products such as sunscreen and toothpaste is predicted to 
release considerable volumes of TiO2 into the aquatic environment via direct entry 
into the ocean, or following release into wastewaters.7, 37 Extraction of metal oxide 
(MO) NMs from wastewater treatment works has been recorded at an efficiency of 
approximately 95%,38 resulting in the entry of approximately 5% of MO NMs into the 
aquatic environment via wastewater effluent. Given that 4100 tonnes of TiO2 is 
predicted to enter US wastewaters as a result of toothpaste use every year,7 we can 
estimate that up to 205 tonnes will enter wastewater effluent and be transported to 
natural systems, where their ultimate fate remains unknown. 
 
In recent years, increasing efforts have been made to uncover the environmental 
concentrations of engineered NMs. Difficulties in sampling techniques and varying 
effectiveness of methods for characterising nano-pollutants, particularly at the low 
concentrations predicted in the environment, has led to a lack of environmental data.51, 
266 ‘Environmental Fate Models’ represent a powerful tool for this purpose,52 and 
surface water concentrations of nTiO2 are estimated in the range of 0.021-10.000 µg 
L-1.53 However, more recently, environmental sampling has revealed concentrations 
of up to 40 µg L-1 close to major transport infrastructure and locations heavily 
impacted by tourism.39, 267 For example, during the peak tourist season, TiO2 derived 
from sunscreen use has been measured in the range of 7-40 µg L-1 in surface waters 
off the Mallorcan coast.267 As such, it appears that the environmental risk from nano-
sized pollutants is likely focused within localised areas of contamination which may 
vary temporally, where particle-specific properties govern their subsequent fate and 
transport.13 
 
As highlighted in the previous chapters, the microbial community plays a fundamental 
role in the functioning of the marine ecosystem, contributing approximately 50% of 
global primary productivity and influencing major climatic and biogeochemical 
cycles.131, 133 Hence, understanding the potential effects of contaminants upon marine 
microbes is key to evaluating their likely ecosystem-wide impact. Previous research 
has revealed a toxic effect of MO NMs, including nTiO2, upon marine microbial 
species,7, 95, 140, 143, 145, 268-273 although studies where little or no adverse effect is 




examining the response of marine microbial species, primarily phytoplankton, towards 
MO NMs is provided in Table 3.1. The primary adverse effect of nTiO2 exposure 
appears to be growth inhibition, however EC50 values are typically recorded in the mg 
L-1 range, far greater than those measured in the environment (up to 40 µg L-1).145, 269, 
270 In addition to growth inhibition, negative effects such as the induction of oxidative 
stress pathways, physical damage to cells, and entrapment of cells within aggregates 
of NMs have been recorded following exposure, however results vary greatly.145, 146, 
269, 270, 274 Indeed, physical interaction between phytoplankton and aggregates of nTiO2 
appears widespread in laboratory exposure50, 147, 275, 276 and may represent a possible 
pathway for phototrophic removal from epipelagic layers275 or transport of NMs to 
higher trophic levels.  
 
Much of the toxicological work examining nTiO2 and other MO NMs has so far been 
carried out using standardised research-grade NMs, which are not usually surface 
modified. More recently, studies have begun to emerge focussing upon the toxicity of 
surface functionalised nTiO2 (e.g. sunscreens which often possess surfactant/polymer 
surface modifications) upon marine phytoplankton.7, 140 In these studies, adverse 
effects were observed in phytoplankton exposed to sunscreens containing nTiO2, 
associated with increased production of reactive oxygen species (ROS), membrane 
damage and possible genotoxicity.140 However, biostimulating effects of nTiO2-
containing sunscreens have also been recorded, attributed to other organic components 
of the sunscreen formulation.264 Interestingly, nTiO2 derived from commercial 
products have been reported to result in greater growth inhibition than research-grade 
nanoparticles.7 It should be noted, though, that much of the work investigating MO 
NMs are carried out using exposure concentrations in the mg L-1 range (i.e. 1-30 mg 
L-1),7, 95, 140, 143, 145, 268-273 far exceeding those predicted and measured in the 
environment (0.021-40 µg L-1).7, 53, 264, 267 Increased research is required to examine 
the end-products of consumer goods which may enter the aquatic environment.264 265 
Given the great variation in physicochemical properties between specific NMs, and 
hence varied fate in aquatic media, it is important that representative NMs derived 
from consumer goods are utilised alongside research-grade materials during 






Table 3.1. Summary of effects of metal oxide nanomaterials upon marine microbial species. 
 
Species Nanomaterial Exposure length (h) Result* Ref. 
Diatoms         
Nitzschia closterium TiO2 (21 nm) 96 EC50: 88.78 mg L-1 269 
Nitzschia closterium TiO2 (60 nm) 96 EC50: 118.80 mg L-1 269 
Phaeodactylum tricornutum TiO2 (15 nm) 72 EC50: 10.91 mg L-1 95 
Phaeodactylum tricornutum TiO2 (25 nm) 72 EC50: 11.30 mg L-1 95 
Phaeodactylum tricornutum TiO2 (32 nm) 72 EC50: 14.30 mg L-1 95 
Phaeodactylum tricornutum TiO2 (15 nm) 120 EC50: 167.71 mg L-1 145 
Skeletonema costatum ZnO (20 nm) 96 LC50: 2.36 mg L-1 103 
Skeletonema marinoi TiO2 (15-20 nm) 96 No toxicity reported 132 
Thalassiosira pseudonana ZnO (20 nm) 96 LC50: 4.56 mg L-1 103 
Thalassiosira pseudonana TiO2 (15-20 nm) 96 No toxicity reported 132 
Green algae         
Chlorella autotrophica CeO2 (<25 nm) 72 EC50: >5 mg L-1 199 




















Dunaliella salina CeO2 (<25 nm) 72 EC50: >5 mg L-1 199 








Dunaliella tertiolecta TiO2 (25 nm) 72 No toxicity reported 146 
Dunaliella tertiolecta ZnO (100 nm) 96 EC50: 1.94 mg L-1 278 








Dunaliella tertiolecta SiO2 (10-20 nm) 96 EC50: 187.77 mg L-1 270 
Dunaliella tertiolecta TiO2 (25 nm) 96 EC50: 24.10 mg L-1 270 
Dunaliella tertiolecta TiO2 (15-20 nm) 96 No toxicity reported 132 
Isochrysis galbana TiO2 (15-20 nm) 96 No toxicity reported 132 
Isochrysis galbana TiO2 (5 nm) 96 No toxicity reported 147 
Nannochloropsis oculata CuO (<100 nm) 72 EC50: 116.98 mg L-1 279 








Dinoflagellates   
  
    
Alexandrium tamarense TiO2 (35 nm) 96 EC50: 85.1 mg L-1 280 
Alexandrium tamarense TiO2 (35 nm) 312 EC50: 140.9 mg L-1 280 
 
*LC50 refers to the lethal concentration required to kill 50% of the population; EC50 refers to the 
concentration which exerts half the maximal response recorded; IC50 refers to the concentration 




impact of nTiO2, research must also be directed to simulate environmental conditions 
as effectively as possible. 
 
As with work examining AgNPs, described in Chapter 2, much of the previous 
research in this field has focussed upon phytoplankton species such as diatoms and 
green algae. Therefore, comparatively little evidence for the effects of MO NM 
exposure upon photosynthetic cyanobacteria exist. As mentioned in Chapter 2, marine 
cyanobacteria, mainly Prochlorococcus and Synechococcus species, are the most 
abundant photosynthetic organisms on earth and major contributors to global primary 
productivity.202, 203 Among phytoplankton taxa, cyanobacteria appear particularly 
sensitive to nano-pollutants e.g. silver nanoparticles281 (see Chapter 2). In this section, 
a broad-spectrum analysis of both commercially available research-grade (non-surface 
modified) nTiO2, as well as nTiO2 extracted from common consumer products, was 
used to examine their impact upon marine phytoplankton at both the organism- and 
community-level. Short-term (72 h) and medium-term (240 h) toxicity of nTiO2 was 
examined using the ecologically significant cyanobacterium Prochlorococcus sp. 
MED4 under environmentally relevant conditions (i.e., at ambient cell densities, 104-
105 cells mL-1),207, 224 in oligotrophic NSW). The behaviour of nTiO2 in NSW and its 
interaction with cyanobacteria was investigated through the use of dynamic light 
scattering (DLS), flow cytometry and fluorescent microscopy. Molecular features of 
toxicity were assessed by shotgun proteomic analysis and appeared negligible. Finally, 
an additional experiment was conducted using natural coastal seawater to characterise 
the whole community response towards consumer nTiO2 exposure. Amplicon 
sequencing of the 16S rRNA and 18S rRNA genes revealed little impact of extracted 
nTiO2 derived from sunscreen upon natural marine microbial community structure at 
environmental concentrations. This multi-OMIC study provides a comprehensive 
assessment of the differing effects that result from exposure to various types of nTiO2, 
representative of materials likely to enter the marine environment, thus facilitating 
effective evaluation of their likely interaction with marine microbial species and 








3.1.2 Materials and Methods 
 
3.1.2.1 Materials 
Research-grade nTiO2 used during experimentation was purchased from Sigma 
Aldrich (Material number: 718467, 21 nm (19.9±6.6 nm, TEM). Three consumer 
products; SkinceuticalsÔ sunscreen (S1), Boots SoltanÔ sunscreen (S2), and The 
Body ShopÔ liquid foundation (P1) were selected based on nTiO2 being listed as an 
ingredient and purchased from a high street retailer. Natural seawater (NSW) utilised 
in experimental work was prepared as outlined in section 2.2.1. ‘Neat’ sunscreen 
stocks were prepared by diluting the cream directly in NSW. For all experimental 
work, nTiO2 stocks were prepared in NSW and sonicated for 15-30 mins (Branson 
1210 Sonicator, 40 kHz) prior to addition to experimental media to avoid extensive 
aggregation. Glassware was acid-washed before use. Axenic Prochlorococcus sp. 
MED4 was routinely grown using Pro99 media205 (section 2.2.4) and maintained at 23 
°C before use in experimentation. 
 
3.1.2.2 Extraction procedure 
 
Methods adapted from those described by Galletti et al. (2016) were utilised to extract 
nTiO2 from consumer goods.7 Briefly, 1.5-2.5 g of product was soaked in 20 mL 
hexane for 2 h. Suspensions were then shaken manually and centrifuged at 4400 rpm 
for 5 mins. The supernatant was subsequently discarded, and 20 mL ethanol was added 
and shaken manually. The solution was then centrifuged at 4400 rpm for 5 mins and 
the resultant supernatant was discarded. Following this, the remaining product was 
washed in Milli-Q ultrapure water (0.22 µm filter operated at 18.2 MΩ at 298 K) three 
times using centrifugation; first centrifuging at 11,000 rpm for 5 mins, extending this 
to 10 mins for the final two washes. Extracted pellets were subsequently dried in a 60 
°C oven to form a powder. Samples were stored in darkness prior to characterisation 








3.1.2.3 Characterisation of nTiO2 
 
Transmission electron microscopy (TEM) was utilised to determine primary 
nanoparticle size, using the protocol outlined in section 2.2.1. Diameters were 
measured using Image J version 3.2; average values were calculated by measuring the 
diameter of >100 particles with errors represented as standard deviations. Energy-
dispersive X-ray spectroscopy (EDS) was collected using an Oxford Instruments X-
Max 80T detector. Additionally, samples were ground to fine powders before Powder 
X-ray diffraction (P-XRD) was performed using a STOE Stadi-P diffractometer with 
a molybdenum X-ray source (operated at 50 kV and 30 mA), λ = 0.7093 Å. The 2θ 
scan range was 2–40.115°at a step size of 0.495° and 5 seconds per step. Samples were 
prepared using STOE zero scattering foils before being inserted into the transmission 
sample holder. 
 
3.1.2.4 Short-term (72 h) toxicity testing of Prochlorococcus towards consumer 
nTiO2 
 
Prochlorococcus sp. MED4 was inoculated into oligotrophic NSW at ambient cell 
densities (1.5-5.5 x 104 cells mL-1) and incubated 72 h for pre-adaptation to the 
oligotrophic conditions prior to experimentation, as previously described (i.e., 23 °C 
at constant 10 μmol photons m−2 s−1 light intensity, using a Lifeliteä full spectrum 
bulb with UV, and with shaking at 100 rpm). 30 mL of pre-adapted Prochlorococcus 
culture was aliquoted into 50 mL filter-capped tissue culture flasks and spiked with 
nTiO2 stocks to make up test concentrations of 0, 5, 50 and 500 µg L-1, all in triplicate. 
Four nTiO2 treatments were investigated: nTiO2 nanopowder (Sigma Aldrich), nTiO2 
derived from sunscreen S1 and S2, and nTiO2 derived from liquid foundation P1. 
Additionally, a ‘neat’ sunscreen treatment was tested, where 0.1 g of sunscreen S2 was 
immersed in NSW and mixed via manual shaking and 15 mins sonication. Cultures 
were subsequently spiked with a defined volume of the sunscreen suspension to make 
up equivalent test concentrations based on nTiO2 making up ~10 wt% of the sunscreen 
formulation.264, 265 After the addition of each treatment, cultures were further 
incubated under the conditions described above and monitored by flow cytometry at 




significant alterations in cell density recorded during toxicity tests with 
Prochlorococcus sp. MED4 two-way T-tests were carried out between untreated 
controls and cultures exposed to various nTiO2 treatments at each timepoint.  
 
3.1.2.5 Extended (240 h) nTiO2 exposure 
 
To investigate effects of nTiO2 upon Prochlorococcus sp. MED4 in extended 
exposure (240 h), research-grade nTiO2 (Sigma Aldrich, 19.9±6.6 nm) was utilised for 
experimentation, based on results of earlier experiments described in section 3.1.2.4. 
Two culture conditions were tested: i) cell-dense cultures (2x106 cells mL-1) in 
nutrient-rich Pro99 media, and ii) cultures grown to ambient cell densities (3.5x104 
cells mL-1) in oligotrophic NSW, representing environmental conditions. Cultures 
were set up as described in section 3.1.2.4. Culture flasks were subsequently spiked 
with a nTiO2 stock achieving final concentrations in the µg L-1 (1, 10 and 100 µg L-1) 
and mg L-1 range (1, 10 and 100 mg L-1), all in triplicate; representing environmental 
and supra-environmental concentrations, respectively. Cell counts were monitored at 
0, 24, 48, 72, 192 and 240 h by flow cytometry as previous and compared to that of 
an untreated control. In addition to monitoring of cell density, flow cytometric analysis 
was utilised to infer the behaviour of nTiO2 within test media and their interaction 
with cyanobacterial cells. To identify significant alterations in cell density recorded 
during toxicity tests with Prochlorococcus sp. MED4 two-way T-tests were carried 
out between untreated controls and cultures exposed to various nTiO2 treatments at 
each timepoint.  
 
3.1.2.6 Imaging of nTiO2-cyanobacterial aggregates by fluorescent microscopy 
 
To investigate the hetero-aggregation between nTiO2 and Prochlorococcus, a 200 µL 
sample was collected from the bottom of culture flasks from one replicate of each 
treated group during extended exposures (section 3.1.2.5). This sub-sample was 
stained with 1X SYBR Gold nuclear stain (Thermofisher) and imaging was carried 
out at 40x magnification using a Nikon Widefield Fluorescence Microscope under 
brightfield and GFP fluorescence. Images were captured from both channels and 




cyanobacterial cells and nTiO2. Controls containing nTiO2 only (100 mg L-1) were 
included to prove the nanoparticles did not get stained by the dye. In addition, NSW 
samples and untreated Prochlorococcus culture in the absence of nTiO2 were imaged 
to confirm aggregates were indeed nTiO2 rather than other particulate material. 
 
3.1.2.7 Light scattering analysis of nTiO2 behaviour within natural seawater 
 
The aggregation behaviour of nTiO2 (Sigma Aldrich, 19.9±6.6 nm) within NSW was 
assessed by z-average size (d.nm) over a period of 336 h (14 d). Here, hydrodynamic 
particle size measurements were determined by dynamic light scattering (DLS) using 
a Malvern Zetasizer Nano ZS instrument, equipped with a 4 mW He-Ne 633 nm laser 
module. A stock of nTiO2 was sonicated for 15-30 mins prior to addition to NSW. 
Concentrations of 1 mg L-1 and 100 mg L-1 were utilised due to limitations of the DLS 
at lower concentrations, hence hindering the ability to assess nTiO2 aggregation at the 
environmentally relevant concentrations (i.e., in the µg L-1 range) used in this study 
during toxicity testing. nTiO2 suspensions were made up in 20 mL autoclaved and 
filtered (0.22 µm) NSW in 50 mL tissue culture flasks and placed on an orbital shaker 
(100 rpm) to simulate natural movement of water. DLS measurements were carried 
out upon a 200 µL sub-sample collected from the mid-point of flasks at set timepoints 
(0, 1, 2, 4, 24, 48, 72, 168, 240, 336 h). For each sample the average was taken from 
3 measurements made up of 11 sampling runs lasting 10 s each. 
 
3.1.2.8 Shotgun proteomic analysis of Prochlorococcus exposed to nTiO2. 
 
To examine any impact of nTiO2 exposure upon the Prochlorococcus proteome, cell-
dense cultures were prepared as described in Pro99 media, as previously described 
(section 2.2.11). Triplicate cultures were spiked with research-grade nTiO2 stock 
(Sigma Aldrich, 19.9±6.6 nm) to achieve a test concentration of 100 µg L-1. Untreated 
cultures were also prepared as controls. Following the addition of nTiO2, cultures were 
incubated for 24 h. Following this, cellular and extracellular proteome samples were 
prepared and analysed as described previously (section 2.2.11). The mass 




(http://proteomecentral.proteomexchange.org) via the PRIDE partner repository215 
with the dataset identifier PXD024726. 
 
3.1.2.9 Examining the whole community response via 16S rRNA/18S rRNA 
amplicon sequencing 
 
A site for experimental work was selected in the Balearic Islands, Spain (39.493868, 
2.739820). Field experiments were carried out during April 2018. Here, coastal 
seawater (NSW) containing its natural microbial community was collected at a depth 
of approximately 1 m, representing those microorganisms most likely to interact with 
nTiO2 derived from sunscreen in the coastal system. Subsequently, 500 mL was 
transferred to pre-washed 1 L Nalgene plastic bottles, leaving sufficient volume empty 
for air exchange. Microbial communities were exposed to one of three treatments: 1) 
Untreated control, where no nTiO2 was added; 2) nTiO2 extracted from sunscreen S2; 
3) ‘Neat’ sunscreen S2 dispersed in NSW. Extracted nTiO2 from S2 were obtained as 
described above (section 3.1.2.2) and added at a final concentration of 25 µg L-1. 
‘Neat’ sunscreen stock was made up in NSW and a defined volume was added to 
achieve ~25 µg L-1 of nTiO2, assuming that nTiO2 typically makes up ~10 wt% of 
such products.264, 265 Bottles were mixed by inversion three times and incubated over 
two days in an outdoor water container to provide temperature stability while being 
exposed to natural sunlight to best replicate natural conditions. Bottle caps were 
loosened to ensure sufficient gas exchange and bottles were shaken manually (15-30 
s) at regular intervals throughout the experiment to ensure water was well mixed. 
Following exposure, microbial cells were collected by filtering the 500 mL through a 
0.22 µm filter (Millipore). Filters were transferred to a 2 mL Eppendorf containing 
lysis buffer (Qiagen) and immediately stored at -20°C.  
 
DNA extraction was carried out using the DNeasy Power Biofilm extraction kit 
(Qiagen) according to the manufacturer’s instructions, including a bead beating step 
as previously described.282 DNA quantification was obtained by Qubit® HS DNA kit 
(Life Technologies Corporation). Extracted DNA samples were stored at -20°C. 
Prokaryotic and eukaryotic community analysis was performed by amplicon 




regions, and V8F and 1510R primers to amplify the 18S rRNA v8-9 regions, 
respectively.283, 284 PCR products were purified, indexed, normalized and analysed by 
2 x 300 bp paired-end sequencing using the MiSeq system with v3 reagent kit 
(Illumina) as described in Wright et al. 2019.282 Raw sequencing data was analysed 
using the DADA2 bioinformatic pipeline based on its enhanced taxonomic resolution 
compared to alternative methods.282, 285-287 Taxonomically assigned data in the form 
of amplicon sequencing variants (ASVs) were analysed using MicrobiomeAnalyst 
software.288, 289 Briefly, following normalisation by Total Sum Scaling, principle 
coordinates analysis (PCA) based on Bray-Curtis dissimilarity, in conjunction with 
Permutational multivariate analysis of variance (PERMANOVA) was utilised to 
assess significant alterations in community composition between treatments at the 
individual ASV level. Subsequently, two-way T-tests were utilised to identify 
significant variations in relative abundance of various taxonomic groups between 
control and treated samples. Sequence files have been deposited in the NCBI Short 
Read Archive (SRA) database under Bioproject: PRJNA690209. For additional details 
of the amplicon sequencing methods, see section A1.2.1, Appendix 1. 
 
 
3.1.3 Results and Discussion 
 
3.1.3.1 Characterisation of research-grade and consumer nTiO2 
 
nTiO2 was initially extracted from commercial sunscreen and cosmetics products, S1, 
S2, and P1, as detailed in the methods section, and characterised. The extraction 
method utilised to extract particles from the three product formulations was largely 
effective, yielding a visible powder that could be dried and stored for experimental 
use. Characterisation of research-grade and extracted materials was carried out using 
a combination of TEM and EDS mapping, revealing primary particle size, morphology 
and elemental composition (Table 3.2 and Figure 3.1).  
 
Research-grade nTiO2 (Sigma Aldrich) possessed an average particle size of 19.9±6.6 
nm, close to the manufacturer’s advertised size (21 nm), whilst materials extracted 
from consumer products ranged in average primary particle size 50.0 to 158.1 nm. 




had large standard deviations in sizes, indicating a wide size range in particle 
populations (Table 3.2). Typically, samples appeared as small aggregates, a common 
feature often observed as a result of drying of the samples onto TEM grids (Fig 3.1). 
EDS mapping confirmed that all primary particles were entirely composed of Ti and 
O (Table 3.2 and Fig 3.2).  
 
Table 3.2. Summary of material characteristics as determined by TEM, EDS mapping and P-XRD. 
 
 
P-XRD was carried out on all samples (Fig 3.3). This showed research-grade nTiO2 
to have a mixture of anatase and rutile phases, with peaks corresponding with the 
JCPDS patterns 21-1272290 and 21-1276291 for the tetragonal structure of anatase and 























n/a n/a n/a 
Sunscreen 






S2 64.6±26.4 TiO2 Rutile Cuboid n/a n/a n/a 
Product 
P1 158.1±68.7 TiO2 Anatase Cuboid 2705.8±1333.8 SiO2 Spherical 
Figure 3.1. TEM images of nTiO2 utilised in experimental work; A – research-grade nTiO2 
purchased from Sigma Aldrich; B – nTiO2 extracted from SkinceuticalsÔ sunscreen (S1); C – 
nTiO2 extracted from Boots SoltanÔ sunscreen (S2); D – nTiO2 extracted from The Body 




rutile TiO2, respectively. The sunscreens S1 and S2 samples appeared to be present as 
the rutile phase only, whilst the product P1 sample presented only anatase phase. All 
samples showed some peak broadening, indicative of the presence of nano-sized 
crystallites, as previously observed by electron microscopy. Previous research has 
indicated that nTiO2 phase has impacted upon toxicity towards biota,95, 292 hence, such 
information is important to fully evaluate outcomes of toxicity testing. 
 
Figure 3.2. EDS analysis of nTiO2: A – research-grade nTiO2 nanopowder purchased from 
Sigma Aldrich; B – nTiO2 extracted from SkinceuticalsTM sunscreen (S1); C – nTiO2 extracted 
from Boots SoltanTM sunscreen (S2); Di and Dii – nTiO2 extracted from The Body ShopTM liquid 
foundation (P1). Left panel shows scanning transmission electron microscope image of samples; 





In accordance with previous studies, variation in physical properties of extracted 
particles is observed.265, 277 For example, primary nTiO2 particles extracted from 
consumer products S1 and S2 showed significant differences in morphology (Figs 3.1 
B-C), despite both being utilised for UV protection in sunscreen formulations. 
Additional images of all extracted particles are provided in Figures A1.1-A1.3, 
Appendix 1. These results emphasize the difficulty researchers face in the field of 
nano-ecotoxicology in selecting appropriate NMs for investigation, where NMs 
belonging to the same class of material vary extensively in physicochemical properties 
which will inevitably alter their fate and behaviour in the environment. As a result, it 
is difficult, or impossible, to effectively compare between studies utilising such 
materials. This issue is exacerbated by the fact that for >50% of NMs used 
commercially, the chemical structure is unknown.9 Additionally, other components of 
the product formulation may be difficult to separate from nanoparticles during the 




Figure 3.3. Powder X-ray diffraction patterns of nTiO2 samples, with anatase (A) and rutile (R) 
planes indexed to JCPDS card numbers 21-1272 and 21-1276 for the tetragonal structures of 
anatase and rutile TiO2, respectively, as labelled. Peaks at 11.5°, 17.2°, 21.6°, 24.1°, 24.6°, 27.8°, 
30.1°, and 30.7° can be indexed to the (101), (004), (200), (105), (211), (118), (116), and (220) 
planes of the tetragonal anatase crystal system. Major peaks observed at 12.5°, 16.4°, 18.7°, 
24.2°, 25.1°, 27.8°, 28.2°, and 30.1° can be indexed to the (110), (101), (111), (211), (220), 




extracted from sunscreen was believed to be coated, most commonly with alumina or 
silica.265 However, herein, based on EDS mapping, primary particles appeared to be 
present as pure TiO2. Product P1 additionally showed the presence of secondary 
particles - large micron-sized spheres (Fig 3.1D) composed of SiO2 (from EDS 
measurements, Fig 3.2 Di and Dii), a common filler used in cosmetics. On the other 
hand, S1 showed the additional presence of hollow carbon-based organic spheres (Fig 
3.1B; EDS, Fig 3.2B), believed to be micellar structures from additional organic 
components present in the sunscreen which were not completely removed during 
extraction. No alumina (Al2O3), another common filler in cosmetics, was found during 
EDS measurements of all samples. Efforts must be directed at producing materials for 
ecotoxicological research that are representative of those that are likely to enter the 
natural environment, such as those displayed here from common user products. 
 
3.1.3.2 Investigating the toxicity of research-grade and consumer nTiO2 on the 
marine cyanobacterium Prochlorococcus 
 
The numerically most abundant phototroph on Earth, the marine cyanobacterium 
Prochlorococcus, was grown in the presence of research-grade nTiO2 (Sigma Aldrich) 
and nanoparticles extracted from common consumer products, as well as ‘neat’ 
sunscreen under environmentally relevant conditions, i.e., natural oligotrophic 
seawater with relevant cell density (~104 cell mL-1) and nTiO2 concentrations (1, 50 
and 500 µg L-1). Following 72 h exposure under simulated natural conditions (Fig 3.4), 
significant declines in population size were experienced by Prochlorococcus sp. 
MED4 in response to three out of four nTiO2 treatments when compared to the 
untreated control (i.e., research-grade nTiO2, and nTiO2 extracted from S1 and P1, 
two-way T-test; p£0.05). Despite previous research indicating a key role of TiO2 phase 
in determining toxicity,95, 292 no clear influence of varying nTiO2 phase was observed. 
Toxic effects were recorded in both rutile and anatase treatments, as well as mixed 
phase nTiO2. It must be acknowledged that due to the methods used to extract 
nanoparticles, materials may not accurately reflect those released into the environment 
within product matrixes. Here, behaviour of nanoparticles may be altered by the 
presence of other components of the product formulation, which require consideration. 
The process of nanoparticle release from consumer products upon their entry into the 





Upon comparing the response displayed by cultures exposed to research-grade and 
extracted materials, recorded cell decline of Prochlorococcus was greatest during 
exposure to research-grade nTiO2 at higher concentrations (i.e., 50 and 500 µg L-1). 
Here, exposure resulted in a significant reduction in cell density of up to 70% 
compared to the control after 72 h (two-way T-test, p£0.05), recorded in the 500 µg 
Figure 3.4. Cell density of Prochlorococcus sp. MED4 when exposed to nTiO2 (0-500 µg L
-1) for a 
period of 72 h under simulated natural conditions as measured by flow cytometry; A – research-
grade nTiO2 nanopowder purchased from Sigma Aldrich; B – nTiO2 extracted from SkinceuticalsÔ 
sunscreen (S1); C – nTiO2 extracted from The Body ShopÔ liquid foundation (P1); D – nTiO2 
extracted from Boots SoltanÔ sunscreen (S2); E – ‘Neat’ Boots SoltanÔ sunscreen immersed in 
NSW. Data points are presented as the mean ± standard error (n=3). Markers indicate where two-
way T-tests revealed cell density of treated groups to be significantly lower (crosses) or higher 
(circles) than the untreated control at each timepoint (p£0.05).
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L-1 treatment (Fig 3.4A). Significant declines were also recorded in the extracted S1 
and P1 treatments; however, these were less severe, resulting in decreases in cell 
density of up to 46%, and 56% compared to the untreated control respectively (two-
way T-test, p£0.05), at the highest concentration (500 µg L-1) (Figs 3.4 B-C). This 
result differs from trends described in previous works in literature, where materials 
extracted from sunscreen and toothpaste were recorded to exert stronger adverse 
effects than pristine research-grade nTiO2.7 In that work, it is likely that residual 
components of product formulations, not fully removed during the extraction process, 
are toxic at the relatively high concentrations which were tested (1-5 mg L-1).7 Whilst 
the highest concentration (500 µg L-1) tested here is greater than that predicted in the 
environment,53 some evidence of Prochlorococcus decline was also observed at 50 µg 
L-1. This concentration does not far exceed the concentration of TiO2 derived from 
sunscreen recorded in areas of high tourism within the natural environment (7-40 µg 
L-1).267 Therefore, potential exists for such materials to exert an adverse effect upon 
marine cyanobacteria such as Prochlorococcus in those areas more susceptible to 
localised pollution. 
 
No adverse effect of exposure was recorded in response to S2 extracted nanoparticles. 
In fact, after 72 h average cell density of cultures exposed to S2 nanoparticles reached 
slightly higher values than control cultures (Fig 3.4D). Interestingly, herein, cultures 
exposed to nTiO2 extracted from S1 and P1 also displayed evidence of enhanced 
growth during early stages (24 h) of experimentation (Figs 3.4 B-C). Here, an 
approximate 10% increase in cell density of both the S1 and P1 treatment was 
observed relative to the untreated control following 24 h exposure (two-way T-test, 
p£0.05). A beneficial effect of some sunscreen formulations upon phytoplankton 
growth has been observed in previously published research.264 Such increases in cell 
density may arise from possible biostimulating effects of residual product components 
such as antioxidants, preservatives and moisturisers, believed able to enhance or 
stimulate growth of phytoplankton;264 or essential nutrients such as N, P and Si, 
reportedly released by sunscreen upon entry into seawater.267  
 
Whilst evidence of significant cell decline was observed in the presence of both 




those experienced by cultures exposed to ‘neat’ sunscreen S2 immersed in seawater 
(Fig 3.4E). Here, decline of the cyanobacterial population was the most rapid, and 
resulted in an 81% decrease of the population by the end of the 72-h incubation at the 
highest concentration (500 µg L-1) relative to the untreated control (two-way T-test, 
p£0.05). However, given ‘neat’ sunscreen treatments were established based on 
estimated nTiO2 content, exact nTiO2 concentrations may be higher or lower than 
intended. Nevertheless, sunscreens containing nTiO2 have previously been recorded 
to exert toxicity upon phytoplankton via generation of ROS,140 which are particularly 
toxic to Prochlorococcus due to its lack of catalase.223 Given that no adverse effect 
was observed when exposing Prochlorococcus to nTiO2 extracted from sunscreen S2, 
it is likely that toxic effects arise from the other components of the sunscreen 
formulation which Prochlorococcus is highly sensitive to, such as organic compounds  
or metals.294, 295 For example, the organic UV-filter octocrylene, found in many 
sunscreen products,  is toxic to a range of marine species.296 These findings support 
the belief that whilst examining the effects of NMs utilised in consumer goods, 
understanding the exact chemical characteristics of materials is vital. It is important to 
consider any unknown components of product formulations which may too exert 
adverse (or stimulating) effects upon biota,297 or alter outcomes of toxicity testing. 
Without such information, we are unable to attribute potential toxicity solely to NMs. 
 
3.1.3.3 Extended exposure of Prochlorococcus to research-grade nTiO2 
 
Typically, ecotoxicological studies are carried out for a number of days (3-4 d),7, 95, 
132, 140, 143, 147, 268, 269, 271 thus missing the opportunity to assess chronic effects (>5 d) of 
a particular substance.298  However, examples of longer-term studies do exist.99, 153, 280 
To address this and assess the ability of Prochlorococcus sp. MED4 populations to 
recover from short-term (72 h) stress, incubations with research-grade nTiO2 observed 
to exert strongest effects during short-term exposure, were extended to 240 h. These 
nanoparticles were identified as mixed rutile and anatase phase by P-XRD (see section 
3.1.3.1) and hence represent all TiO2 phase types investigated. In this work, the nTiO2 
concentrations examined were altered to span the predicted environmental (µg L-1) 
and supra-environmental range (mg L-1); hence, results are not directly comparable to 




media were tested to assess the effect of altered experimental conditions. When 
monitoring cultures exposed to research-grade nTiO2 in the mg L-1 range, deposited 
material was visible in the culture flasks (Fig 3.5), believed to be hetero-aggregations 
of nTiO2 and cyanobacterial cells (NP-cell). Due to precipitation arising from 
increased density, any cells entrapped in NP-cell aggregates would likely be removed 
from the water column, thus reducing the planktonic cyanobacterial population. Given 
this, only freely suspended Prochlorococcus cells were used for the calculation of cell 
density, although NP-cell aggregates were also monitored. 
 
Significant declines in the free-living Prochlorococcus population were observed at a 
range of concentrations of added nTiO2 ³10 µg L-1 at specific timepoints throughout 
the 240-h incubation in both NSW and Pro99 media (Fig 3.6). In NSW (Fig 3.6A), at 
the 24 h timepoint only the 10 and 100 mg L-1 treatments caused a significant decline 
in cell density compared to the untreated control (two-way T-test, p£0.05). After 48 h 
the 100 mg L-1 continued to exert significant declines in the cyanobacterial population, 
additionally the cell density of the 10 µg L-1 treatment was also significantly lower 
than the untreated control (two-way T-test, p£0.05). Following 72 h exposure, 
significant declines were recorded in the 10 µg L-1, 100 µg L-1, 10 mg L-1 and 100 mg 
L-1 treatments (two-way T-test, p£0.05). However, in later stages of exposure (i.e., 
192 and 240 h) only 100 mg L-1 nTiO2 caused a significant decline in the 










Figure 3.5. Evidence of nTiO2 aggregation and sedimentation after 24 h during incubations with 
Prochlorococcus sp. MED4 at supra-environmental concentrations (10 and 100 mg L-1). A – 10 
and 100 mg L-1 ambient cell density (~104 cells mL-1) in natural seawater, B – 10 and 100 mg L-
1 ‘rich’ cell density (~106 cells mL-1), in nutrient-rich Pro99 media. C – Increased magnification 





p£0.05). Cultures grown in nutrient rich Pro99 media (Fig 3.6B) experienced a 
decrease in cell density compared to the control in response to 100 mg L-1 nTiO2 at 
each timepoint between 24-72 h (two-way T-test, p£0.05). Additionally, at the 24 h 
timepoint, the 10 µg L-1 treatment also caused a significant decline in the 
cyanobacterial population (two-way T-test, p£0.05). In later stages of exposure (i.e., 
Figure 3.6. Extended exposure (240 h) of Prochlorococcus sp. MED4 to research-grade nTiO2 
(Sigma Aldrich, 19.9±6.6 nm (TEM)) in both NSW (A) and nutrient rich Pro99 media (B) at 
concentrations representing the environmental (0, 1, 10, 100 µg L-1) to supra-environmental range 
(1, 10, 100 mg L-1). Data points are presented as the mean ± standard error (n=3). Markers indicate 
where two-way T-tests revealed cell density of treated groups to be significantly lower (crosses) or 




192-240 h) cultures grown in Pro99 media experienced significant declines in cell 
density in response to 10 and 100 mg L-1 nTiO2 compared to the untreated control, 
where at the 192 h timepoint 10 µg L-1 was also observed to significantly reduce cell 
number (two-way T-test, p£0.05). 
 
Adverse effects in terms of cell decline were augmented when concentrations were 
increased to those in the supra-environmental range (i.e., 100 mg L-1, see Figs 3.6 A-
B), likely due to increased rate of encounter between nanoparticles and cyanobacteria. 
Following 240 h, exposure to 100 mg L-1 nTiO2 drove cell declines of 79% and 84% 
in NSW and Pro99 media when compared to the untreated control respectively (two-
way T-test, p£0.05). Cultures grown to higher cell densities in nutrient-rich media 
were observed to suffer greater adverse effects of exposure than those grown in NSW 
(see Fig 3.6B). This likely arises due to an increased rate of encounter between nTiO2 
and cyanobacteria in cell-dense cultures. Unexpectedly, no negative effect was 
observed at the concentration of 1 mg L-1 in NSW or Pro99 media, possibly 
representing an anomalous result. This being said, evidence of increased growth 
following incubations with metal oxide NMs has previously been recorded in 
phytoplankton exposed to nCeO2 (<5 mg L-1).143, 199 
 
Despite evidence of early declines (<72 h) in cell number displayed by 
Prochlorococcus following exposure to research-grade nTiO2 (i.e., ³10 µg L-1 and up 
to 72 h), the ability of the cyanobacterial culture to overcome initial stress in NSW 
was revealed in extended incubations when exposed to both environmentally relevant 
and supra-environmental concentrations £10 mg L-1 (Fig 3.6A). The recovery of 
microbial populations following MO NM exposure has recently been reported.99, 280, 
298 For example, decline of Picochlorum sp. during early exposure in response to 
nTiO2 and nZnO (10 mg L-1) was reversed in later stages, believed due to aggregation 
and sedimentation of particles, thus reducing direct exposure of phytoplankton to 
stable non-sedimenting particles.99 Herein, growth of Prochlorococcus was positive 
in the majority of treatments investigated, despite being significantly lower than the 
untreated control at specific concentrations, particularly in early stages. This suggests 
that although MO NMs such as nTiO2 may remove a fraction of the microbial 




planktonic population continues to grow and is able to recover to ambient cell densities 
in extended exposure. 
 
3.1.3.4 Physical toxicity and entrapment of cyanobacteria by nTiO2 
 
Previous research has highlighted that aggregation between MO NMs and 
phytoplankton is widespread during laboratory exposure.98, 145, 146, 269, 270 The physical 
interaction between NMs and cells, and their entrapment by aggregates is often 
considered the primary driver of adverse effects experienced by marine microbial 
organisms.98, 145, 269, 276 Adherence of MO NMs to the cell surface is believed to 
enhance oxidative stress by increasing ROS production209, 274 and may cause physical 
damage to the cell wall or membrane.98 Aggregation is also proposed to reduce light 
Figure 3.7. Estimated number of NP-cell Aggregates mL-1 comprised of nTiO2 and 
Prochlorococcus MED4 observed during flow cytometric analysis of Prochlorococcus sp. MED4 




availability in water, although such shading effects have not been conclusively 
proven.50, 147, 299 Through the subsequent process of sedimentation, hetero-aggregation 
of NMs and cells effectively removes phytoplankton from the water column, and this 
is believed to be the primary cause of cell decline in the work presented herein. During 
flow cytometric analysis of cyanobacterial cultures, it was possible to estimate the 
number of NP-cell aggregates present within samples in mg L-1 treatments (Fig 3.7). 
 
The estimated number of NP-cell aggregates was recorded to decline rapidly within 
the early stages of incubation, indicating their rapid settling and hence removal of 
cyanobacteria from the water column. As displayed in Figure 3.5, a considerable 
proportion of nTiO2 had already undergone sedimentation during the initial 24 h 
following addition to saline media. Further investigation would be required to confirm 
the extent of loss of suspended nTiO2 and cyanobacterial during the initial stages of 
exposure (0-24 h). In NSW (Fig 3.7A) the number of aggregates in the 100 mg L-1 
treatment declined by 64% between 24 and 48 h. The rapid precipitation and hence 
decrease in estimated NP-cell aggregate number was also observed in Pro99 
supplemented cultures (Fig 3.7B), and as expected the total aggregate count far 
exceeded those recorded in NSW, likely due to increased rate of encounter between 
nTiO2 and cyanobacteria at higher cell densities. In previous work, this trend has also 
been observed, with highest rates of aggregation associated with highest cell density 
and maximised detrimental effect to cells.50 Such increased rates of aggregation and 
interaction between nTiO2 and cyanobacteria may have driven the enhanced decline 
in cell number observed in cell-dense cultures observed in this study. However, 
findings vary, and it has also previously been recorded that aggregation and 
subsequent sedimentation of MO NMs can reduce the negative effects associated with 
exposure.147 This process may explain the patterns of Prochlorococcus recovery 
observed when exposures were extended in NSW, where following aggregation and 
subsequent sedimentation of the majority of nTiO2, free-living cyanobacterial 
populations are able to recover. 
 
The hetero-aggregation and subsequent entrapment of Prochlorococcus by nTiO2 was 
confirmed using fluorescent microscopy (Fig 3.8). Here, aggregates of nTiO2 and cells 
readily formed in both NSW and nutrient-rich media, observed by microscopy at 
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Figure 3.8. Hetero-aggregation of Prochlorococcus sp. MED4 (stained with SYBR Gold (green)) 
and research-grade nTiO2 (Sigma Aldrich; non-stained particles) as observed by fluorescent 
microscopy; A1-3: Untreated Prochlorococcus culture; B1-3 Prochlorococcus culture exposed to 
10 mg L-1 nTiO2; C1-3 Prochlorococcus culture exposed to 100 mg L-1 nTiO2; D1-3 Natural 
seawater control (no nTiO2); E1-3 Natural seawater nTiO2 suspension (100 mg L-1). Images 




Prochlorococcus samples in the absence of nanoparticles, supported the belief that 
precipitated material observed was indeed nTiO2, rather than other particulate matter. 
The entrapment of phytoplankton by nTiO2 previously has been observed using 
microscopic techniques in work carried out with P. tricornutum in response to 
concentrations similar to those used in our study (50 mg L-1).145 Hetero-aggregates 
were recorded to reach sizes in the micron-range when measured along their longest 
axis (2.4-133.5 µm, ImageJ analysis), and displayed an average size of 28.0 µm 
(n=100). Such aggregations of research-grade nTiO2 (25 nm) have been previously 
recorded to form within 30 mins of addition into saline f/2 media within this 
concentration range.146 
 
 In response to NM exposure, marine phytoplankton have been observed to enhance 
the production of exopolymeric substances (EPS).154, 155, 300-302 The secretion of EPS 
is associated with microbial stress and believed a defence mechanism against NMs.300 
For example, EPS was shown to protect the freshwater cyanobacterium Synechocystis 
PCC6803 from nTiO2-mediated stress by quenching toxic ROS species and reducing 
direct contact of nanoparticles with the cell surface.155 Whilst cyanobacteria are able 
to produce EPS, Prochlorococcus lacks most EPS related proteins, believed lost 
through the evolutionary streamlining of the Prochlorococcus genome due to energy 
costs of EPS production likely outweighing any benefits.303 As such, any enhancement 
to EPS production displayed by Prochlorococcus during exposures is likely to be 
limited, and is not believed to be an influential factor in the hetero-aggregation process 
proposed.  
 
However, as the presence of EPS is believed likely to enhance aggregation of nTiO2 
and hence reduce its bioavailability over time,302 any increase in EPS production may 
act to promote the processes of entrapment and co-precipitation described. Indeed, 
while EPS was recorded to mitigate toxicity in Synechocystis, hetero-aggregation 
between the EPS-producing cyanobacteria and nTiO2 was still observed.155 
 
In the natural environment, processes of entrapment and sedimentation may reduce 
the availability of phytoplankton prey,275 potentially causing an energy deficit in 
higher trophic levels. Additionally, through ingestion of entrapped phytoplankton, or 




metal oxide NMs such as nTiO2 may occur. Evidence of trophic transfer of nTiO2 
from marine invertebrates to fish has been observed under laboratory conditions.104 
Once ingested, MO NMs may exert adverse effects upon higher organisms, such as 
disruption to immune processes and antioxidant activities, as has been recorded in 
marine invertebrates following exposure to nCeO2.120, 121 Given that nTiO2 has been 
recorded to interact with other contaminants within the water column including 
tributyltin, phenanthrene, polycyclic aromatic hydrocarbons; enhancing their uptake 
and toxicity to biota,105, 304  it is important to also consider the potential of metal oxide 
NM aggregates to adsorb such pollutants which may also be passed to higher trophic 
levels of the marine food web. 
 
3.1.3.5 Behaviour of nTiO2 in seawater 
 
The fate and behaviour of NMs upon entry into the environment largely determines 
their bioavailability and mechanism of toxicity towards biota, and is therefore a key 
consideration during nano-ecotoxicological research.98, 99, 302 Upon entry into saline 
media with high ionic strength (0.7 x 10-1 eq L-1),14 MO NMs have generally been 
observed to aggregate freely and undergo sedimentation, at a faster rate than bulk 
material.14, 276 Herein, dynamic light scattering (DLS) methods were utilised to 
confirm that research-grade nTiO2 (1 and 100 mg L-1) displays rapid aggregation upon 
entry into saline media. Hence, supporting our belief that the processes of nTiO2 
aggregation and subsequent co-precipitation with cells is the key driver of 
cyanobacterial decline recorded in toxicity experiments described above (sections 
3.1.3.2 and 3.1.2.3). 
 
DLS revealed that nTiO2 reached sizes far exceeding those of primary particles 
analysed by TEM (19.9±6.6 nm), displaying an average size of 1547-6560 nm 
throughout the 14-d experiment (Table 3.3). These sizes are expected to be somewhat 
larger than those recorded by TEM (19.9±6.6 nm), since dynamic light scattering 
measures the hydrodynamic size of colloidal nanoparticles, taking into account van 
der Waals and interparticle interactions. However, the sizes observed for particles in 
NSW are far larger than would be expected due to their colloidal behaviour, indicating 
their rapid aggregation. It should be noted that supra-environmental concentrations 




environmentally relevant concentrations. Nanoparticles were recorded to aggregate 
immediately upon entry into NSW and DLS measurements displayed that variation in 
z-average size between replicates was large, suggesting a high variability in aggregate 
size and low uniformity of this process. This is reflected in the polydispersity index 
(PDI) values, which remained in the range of 0.58-1.00 throughout the 14-d 
experiment observed, indicating the presence of a largely polydisperse system. It must 
be noted, though, that due to biases towards larger particles through use of DLS 
analysis, smaller particles are likely under-represented.305 Precipitation of nTiO2 from 
the water column as a result of increased aggregation was recorded, and deposits of 
nTiO2 were visible at the bottom of flasks after 24 h incubation with media and 
throughout the remaining timepoints of the experiment (Fig 3.9).  
 
The mean z-average size (d.nm) of nTiO2 at T0 was 1580±124 and 1624±113 nm for 
1 and 100 mg L-1 samples respectively, indicating the rapid aggregation of nTiO2 upon 
entry into NSW. The PDI at the start of the experiment also indicated a high level of 
aggregation between nTiO2 particles, 0.804 and 0.580 for 1 and 100 mg L-1 samples, 
respectively. Over the first hour, aggregation of nTiO2 was most rapid, reaching 
respective peaks in z-average size of 5626 and 6560 nm in the 1 and 100 mg L-1 
treatments, whilst PDI reached a value of 1.000. Following this, z-average size in the 
1 mg L-1 group appeared to show a slight decrease for subsequent timepoints, although 
standard deviations remained high, likely indicating that particles are aggregating and 
sinking, with larger particles no longer within the measurement window of the DLS. 
PDI values remained high during this period, with a value of 1.000 observed at 24, 48 
and 72 h. After 72 h, samples at the 1 mg L-1 concentration were undetectable and 
therefore unsuitable for data acquisition by DLS. The removal of nTiO2 from the water 
column via precipitation, observable in flasks after 24 h (Fig 3.9), and hence reduction 
Figure 3.9. Photographic observation of sedimentation of nTiO2 samples during DLS analysis; 





in suspended nTiO2 particles is believed to cause the lack of data acquisition at these 
timepoints following 72 h during DLS measurement at the 1 mg L-1 concentration. 
 
Mean z-average size of nTiO2 added to NSW at the 100 mg L-1 concentration varied 
throughout the 14-d experiment but displayed clear evidence of extensive aggregation 
of nTiO2, also indicated by the high PDI values recorded. Overall, z-average size 
varied 1547-6560 nm during the experiment. Hence, the aggregation of nTiO2 within 
NSW appears a rapid, non-uniform and highly variable process. As with lower 
concentration samples, a large extent of deposition of nTiO2 aggregates were visible 
after 24 h and continued throughout the 14-d experiment (see Fig 3.9). In later stages 
(>72 h), mean z-average size appeared to show a slight decrease. As before, such data 
suggests that the size of aggregates remaining in suspension during later stages of the 
experiment were smaller in size as larger aggregates had likely undergone 
precipitation and were deposited at the bottom of flasks. Despite the clear evidence of 
extensive aggregation and sedimentation behaviour of nanoparticles recorded, it 
should be noted that these observations were made at concentrations considerably 
higher than those predicted in the environment (due to the low sensitivity of equipment 
to µg L-1 concentrations). As such, at lower environmental concentrations the rate of 
homo-aggregation is likely to be reduced, due to effects of dilution and a decreased 
rate of encounter between individual particles. 
 
Table 3.3. Summary of results obtained from DLS analysis of research-grade nTiO2 (Sigma Aldrich, 
19.9±6.6 nm (TEM)) suspensions in NSW. 
 
 
 1 mg L-1 100 mg L-1 








0 1580±124 0.804±0.170 1624±113 0.580±0.156 
1 5626±586 1.000 6560±464 1.000 
2 2262±129 0.890±0.191 4994±198 1.000 
4 1393±284 0.907±0.081 1569±129 0.737±0.108 
24 2367±665 1.000 5636±670 0.980±0.035 
48 2253±519 1.000 4133±956 0.957±0.055 
72 2741±670 1.000 1966±936 0.978±0.025 
168 Undetectable 1994±141 1.000 
240 Undetectable 1564±168 0.953±0.060 




Additional information regarding nTiO2 sedimentation was obtained during flow 
cytometric analysis by recording the event number during sampling of nTiO2 
suspensions made-up in NSW in the absence of cyanobacteria. By sampling these 
standards as with cultures, it was possible to infer the abundance of nTiO2 aggregates 
in suspension by recording the total event number (Fig 3.10). Here, it is assumed that 
events represent suspended nTiO2 aggregates, as all analysed samples were obtained 
from the midpoint of flasks. Here, particularly in the mg L-1 range, nTiO2 was 
observed to undergo rapid sedimentation following entry into seawater, correlating 
with previous research14, 146, 147, 276 and the results acquired by DLS. Up to 58% loss 
of nTiO2 via precipitation within 6 h has previously been observed using UV-Vis 
spectrophotometry.146 Herein, nTiO2 counts were recorded to decrease 57%, 81% and 
89% in 1, 10 and 100 mg L-1 samples respectively during the initial 24 h of entry into 
NSW. Following 48-72 h, the number of nTiO2 aggregates observed in suspension 
during our work was comparable between all concentrations.  
 
It is clear from DLS and flow cytometry experiments that rapid aggregation and 
sedimentation of nTiO2 occurs in marine water. As a result, the bioavailability of 
nTiO2 towards planktonic organisms displays a continual decrease, as has been 
Figure 3.10. Total number of events (Total events) measured during flow cytometric analysis 
of cell-free nTiO2 suspensions in natural seawater. Here, samples were analysed until 100 high 
Intensity fluorescent Nile Red particles (2.2 µm, Spherotech FH-2056-2) added at a 





recorded previously.302 As such, the risk of nTiO2 towards marine microbial species 
appears lowered during extended exposure. However, at high concentrations, negative 
effects of exposure may be experienced for longer periods as populations take time to 
recover. In the natural environment the process of reduced bioavailability will likely 
be concentration-specific, with a lowered rate of encounter between individual nTiO2 
particles at lower concentrations and hence likely lowered homo-aggregation. Extent 
of sedimentation observed will also be influenced by other environmental variables 
not investigated in detail here, including pH, and the presence of natural organic and 
particulate matter.70 However, despite the high levels of sedimentation recorded in this 
study, previous environmental assessment by Gondikas et al. (2018) has revealed 
nTiO2 derived from seasonal use of sunscreen remain in suspension for a period of 
weeks before settling, where particles may interact with planktonic organisms.266 
 
3.1.3.6 Identifying molecular features of nTiO2 toxicity: Shotgun proteomic 
analysis 
 
Alongside observations of cell decline, and direct physical entrapment of 
cyanobacteria, we performed a shotgun proteomic analysis of Prochlorococcus to 
inform on any other potential toxic effects on this phototroph other than physical 
entrapment in NM aggregates. Here, exposure to research-grade nTiO2 did not 
produce metabolic alterations in Prochlorococcus, such as oxidative and nutrient 
stress or reduction in photosynthetic machinery as previously seen in Chapter 2 when 
exposed to AgNPs. 
 
A number of toxic modes of action have been proposed for MO NMs against microbial 
species, although largely these have been performed at much higher concentrations. 
Oxidative stress due to the photocatalytic generation of reactive oxygen species (ROS) 
by nTiO2 is believed a key driver of stress.92, 146, 268, 306 Presence of UV light is 
therefore a key consideration in experimental design,140 hence in our study full 
spectrum bulbs with environmentally-relevant levels of UV were utilised. 
Environmental levels of UV have been previously recorded to induce phototoxic 
effects of nTiO2 against phytoplankton with ROS concentration increasing with 
increased nTiO2 concentration.268 Therefore, it can be proposed that oxidative stress 




with nTiO2. Photosynthetic processes have also been observed to be disrupted in 
response to nTiO2, such as decreased oxygen generation147 and damage to 
photosystems.307 MO NMs such as nZnO have been recorded to cause toxicity due to 
the release of toxic Zn ions,78, 132, 137 however the release of dissolved Ti4+ from nTiO2 
is believed to be negligible under experimental conditions.269, 308, 309 Additionally, 
TiO2 has been reported to absorb Zn and P from experimental media,310 as well as to 
effectively reduce total N and P during microcosm experiments carried out in 
freshwater.50 
Cultures were exposed to an environmentally relevant concentration (100 µg L-1) of 
research-grade nTiO2 previously recorded to induce a decline in average cell density 
in both cell dense and ambient cell densities, for a period of 24 h (7-8% decline (24 
h), see Fig 3.6). Here, experiments were carried out using cell-dense cultures only 
grown in Pro99 media to ensure sufficient biological material was collected. 
Following analysis of both cellular and extracellular proteomes, little difference was 
observed between treated and control samples (Fig 3.11). Indeed, no individual 
proteins were significantly altered in abundance following the addition of nTiO2. 
Protein function was classified using the Uniprot database and KEGG assignment. 
Here, little difference was also apparent upon classifying proteins based upon their 
biological function (Fig 3.12). The cellular proteome was largely comprised of 
proteins associated with basic cellular processes, making up ~33% of proteins 
Figure 3.11. Volcano plots (T-test; FDR=0.05, S0=0.1) of cellular (A) and extracellular (B) 





identified. Proteins involved with central metabolic processes were also relatively 
abundant in cellular proteome samples and made up ~20% of proteins identified in 
control and nTiO2-treated cultures. For a full list of proteins identified during analysis 
see electronic supplementary data tables 9-10.  Despite previous research suggesting 
disruption to photosynthesis and induction of oxidative stress pathways is likely 
associated with nTiO2 exposure, evidence of such effects was not recorded. Herein, 
proteins associated with photosynthetic processes and oxidative stress represented 
approximately 6% and 3% of the cellular proteome, respectively. Similarly, any 
evidence of nutrient stress was not apparent. In the extracellular proteome, nTiO2 
exposure was associated with a slight decrease in membrane transport proteins (40% 
(Control) to 36% (nTiO2)), and slight increase in proteins associated with basic 
cellular processes (20% (Control) to 22% (nTiO2)) and metabolism (17% (Control) to 
21% (nTiO2)). The increase in cytoplasmic-associated proteins may be indicative of a 
slight increase in cell lysis in treated samples, which may result from hetero-
aggregation and entrapment by nTiO2. Based on the proteomic data reported here, it 
Figure 3.12. Relative abundance of protein groups, classified in terms of biological function as 
listed on the Uniprot database and KEGG assignment, identified by proteomic analysis of; A) 
cellular and B) extracellular samples of Prochlorococcus sp. MED4 exposed to research-grade 






can be suggested that molecular features of nTiO2 toxicity may be negligible at the 
population scale when exposed to environmentally relevant concentrations. Rather, it 
appears planktonic cell decline is primarily driven by physical effects of exposure and 
removal in hetero-aggregates that sediment. 
 
3.1.3.7 Effects of consumer nTiO2 upon natural marine communities 
 
Given the complex nature of the marine microbial community, it is important to 
consider the community-wide response towards environmental contaminants. A 
natural marine microbial community was exposed to nTiO2 extracted from sunscreen 
(S2) and ‘neat’ nTiO2-containing sunscreen (S2) immersed in seawater at an 
environmentally relevant concentration of 25 µg L-1,267 to best replicate natural 
conditions. Amplicon sequencing of the 16S and 18S rRNA genes revealed negligible 
effects of nTiO2 exposure upon community composition under environmental 
conditions. Rather, any observed alterations in community structure were primarily 
associated with the presence of ‘neat’ sunscreen, and likely attributed to the other 
components of the product formulation.  
 
Figure 3.13. PCoA plot of 16S rRNA (A) and 18S rRNA (B) data based on Bray-Curtis 
dissimilarity. Coloured circles indicate samples belonging to each treatment; Red circles represent 
control samples, where no nTiO2 was added; Green circles represent samples treated with nTiO2 
extracted from sunscreen (S2); Blue circles represent samples treated with ‘neat’ sunscreen. 
PERMANOVA analysis was performed on both datasets respectively; 16S rRNA: F-value = 1.4814, 
R-squared = 0.27025, p-value <0.06; 18S rRNA: F-value = 1.2109, R-squared = 0.21203, p-value 




Amplicon sequencing data for bacterial and eukaryotic communities exposed to either 
treatment was compared to that obtained from of an untreated control where no nTiO2 
or sunscreen was added. Principle coordinates analysis based on Bray-Curtis 
dissimilarity, in conjunction with PERMANOVA analysis (Fig 3.13), revealed no 
significant differences in the 16S rRNA bacterial or 18S rRNA eukaryotic community 
composition at the ASV level between individual treatments. Similarly, measures of 
species richness and evenness for both 16S and 18S rRNA datasets, displayed no 
statistical variation between treatments (see Tables 3.4 and 3.5). 
 
Table 3.4. Alpha diversity of prokaryotic communities 
 
   Species Richness Species Evenness 
Sample No. of replicates 
No. of 
ASVs Chao 1 ACE Shannon Simpson 
Control 3 751 ± 44 825.55 ± 54.32 
864.11 ± 
47.25 4.10 ± 0.15 0.89 
Extracted 








3 586 ± 174 655.79 ± 172.37 
677.21 ± 
161.69 4.06 ± 0.10 0.91 
 
To gain additional insight into the composition of bacterial and eukaryotic 
communities, the relative abundance of major bacterial and eukaryotic phyla present 
in control and treated samples (25 µg L-1) was calculated (see Figs 3.14 and 3.16). 
Here, bacterial communities were dominated by the Bacteroidetes and Proteobacteria 
phyla, making up approximately 90% of the total community (Fig 3.14). In the ‘neat’ 
sunscreen treatment the proportion of Bacteroidetes to Proteobacteria appeared to 
differ from both the untreated control and nTiO2 treatments. In control and extracted 
nTiO2-exposed samples average relative abundance of Proteobacteria and 
Bacteroidetes was approximately 41±1 to 41±5%, and 52±6 to 53±2% respectively, 
compared to 48±8% and 44±11% in ‘neat’ sunscreen samples (Fig 3.15 A and B). 
However, due to large variation between individual samples belonging to the ‘neat’ 
sunscreen treatment this difference was not statistically significant. The increase in 
relative abundance of Proteobacteria in the sunscreen treatment was largely due to an 
increase in relative abundance of Gammaproteobacteria from 26±3% to 34±8%. 
Specifically, an increase in the Cellvibrionales order (19±1% to 25±7%) made up 




The relative decrease in the Bacteroidetes phylum was largely attributed to a decline 
in average relative abundance of the Flavobacteria in response to neat sunscreen, 
reducing on average from 51±2% in the untreated control to 41±11% (Fig 3.15A). The 
reduction in the ratio of Bacteroidetes to Proteobacteria has previously been recorded 
in marine biofilm communities exposed to nTiO2-treated surfaces.180 Similarly, in 
riverine environments, Bacteroidetes members such as Flavobacteria have been 
recorded to display increased susceptibility to nTiO2 during community exposure.168 
In this example,  Actinobacteria also displayed a reduced relative abundance in the 
presence of nTiO2, whereas comparatively Betaproteobacteria were observed to 
increase by approximately 40% under the same conditions in comparison to the 
untreated control.168 These results were obtained at a test concentration of 100 mg L-
1, far exceeding that measured in the environment.267 It is possible that should nTiO2 
concentrations have been increased in this experiment, any decline in abundance of 
Flavobacteria in response to nTiO2-containing sunscreen would have been 
exacerbated and perhaps observed in the extracted nTiO2 treatment. However, in our 
study it appears these alterations arise because of other components of the sunscreen 
Figure 3.14. Relative abundance of major prokaryotic phyla identified by 16S rRNA amplicon 
sequencing of natural marine communities exposed to extracted nTiO2 and neat sunscreen: 
Control (n=3); Extracted (n=5); Sunscreen (n=3). 
 



















formulation rather than the action of nTiO2, as no such changes were observed in the 
extracted nTiO2 treatment. Despite Prochlorococcus displaying declines in cell 
density in earlier testing (sections 3.1.3.2 and 3.1.3.3), no significant effect on relative 
abundance of cyanobacteria was recorded in either treatment during community 
exposure. In fact, on average a slight increase in cyanobacteria was observed in both 
extracted nTiO2 and neat sunscreen treatments (Figure 3.15C). Overall, only two 
bacterial phyla were observed to alter significantly in relative abundance between 
control and extracted nTiO2 or sunscreen-treated samples as a result of two-way T-
tests. Both were observed in the extracted nTiO2 (S2) treatment and belonged to low 
abundant phyla; here, Fusobacteria displayed a significant increase in relative 
abundance from 0.007% in the control to 0.035% in the extracted S2 nTiO2 treatment 
(p=0.043); whilst Lentisphaerae, reduced in relative abundance from 0.0015% in the 
control to 0.0011% in S2 nTiO2 samples (p=0.024). 
 
Eukaryotic communities were principally made up of phototrophic organisms 
belonging to the Ochrophyta, Prymnesiophyceae, Chlorophyta and Protalveolata 
phyla, with Arthropoda also relatively abundant in control and ‘neat’ sunscreen 
treatments (Fig 3.16). Species belonging to the Ochrophyta phylum were most 
abundant in all treatments, representing 28±5-31±3% of ASVs identified. The 
Figure 3.15. Average relative abundance (%) of the Bacteroidia, Gammaproteobacteria and 
Oxyphotobacteria classes in terms of individual taxonomic orders in each of the treatments 




Ochrophyta largely comprises phototrophic organisms, and here diatoms made up the 
majority of taxa in this phylum and represented ~25% of eukaryotic species identified 
across all treatments. Once again, differences in relative abundance of eukaryotic 
phyla between control and treated samples were tested by means of two-way T-tests.  
 
Table 3.5. Alpha diversity of eukaryotic communities 
 
   Species Richness Species Evenness 
Sample No. of replicates 
No. of 
ASVs Chao 1 ACE Shannon Simpson 
Control 3 990 ± 73 1052.71 ± 60.62 
1062.45 ± 
61.75 4.74 ± 0.93 0.93 
Extracted 








4 767 ± 180 823.66 ± 175.81 
837.70 ± 
169.45 4.92 ± 0.39 0.97 
 
As can be seen in Figure 3.16, the relative abundance of the Arthropoda phylum was 
on average reduced in the extracted nTiO2, and sunscreen treatments compared to the 
control. However, the relative abundance of this phylum varied greatly between 
individual samples, representing 15±24%, 3±2% and 11±10% in control, extracted 
Figure 3.16. Relative abundance of major eukaryotic phyla identified by 18S rRNA amplicon 
sequencing of natural marine communities exposed to extracted nTiO2 and neat sunscreen. 
Control (n=3); Extracted (n=5); Sunscreen (n=4). 




Ochrophyta Arthropoda Prymnesiophyceae Chlorophyta_ph
Protalveolata NA Dinoflagellata Ciliophora
Picozoa Cryptomonadales Cercozoa MAST_12
Annelida Choanoflagellida Porifera MAST_4
MAST_2 Labyrinthulomycetes MAST_3 Phragmoplastophyta
Incertae_Sedis_ph Peronosporomycetes Incertae_Sedis Chytridiomycota










nTiO2 and ‘neat’ sunscreen treatments, respectively. As a result, statistical testing 
revealed no significant variation in the abundance of the Arthropoda phylum between 
treatments. Indeed, no significant differences were identified across all eukaryotic 
phyla, despite evidence being available upon the negative effect of nTiO2 exposure 
towards phytoplankton in the literature, albeit largely recorded at greater 
concentrations (1-13 mg L-1).7, 95, 140, 143, 145, 268-273 Previous research has revealed that 
at such concentrations, varying eukaryotic taxa display differential sensitivity to nTiO2 
exposure.140, 268 For example, Sendra et al. (2017) present that following exposure to 
nTiO2, and nTiO2-containing sunscreens the marine microalgae Nannochloropsis 
gadiatana displays highest sensitivity to all treatments compared to the diatom, 
Chaetoceros gracilis, the dinoflagellate, Amphidinium carterae, and coccolithophore, 
Pleuroochrysis roscoffensis.140 Whilst such evidence exists, our results suggests that 
marine eukaryotic communities are little affected by exposure to environmentally-
relevant concentrations of nTiO2 extracted from, or in the presence of nTiO2-
containing sunscreen. 
 
The findings presented suggest that current concentrations of nTiO2 are unlikely to 
drive alterations to the structure and biodiversity of natural marine communities and 
is therefore unlikely to impact upon community functioning. Based on this, we can 
predict that the likely environmental risk of nTiO2 derived from consumer products 
such as sunscreen towards marine microbial communities is low. However, it remains 
that should contamination of the marine environment by NMs continue to increase, 
evidence suggests that phototrophic organisms may be negatively affected within 
hotspots of pollution comprising higher concentrations, mainly due to hetero-





In this section, the interaction between marine microbial species and nTiO2 has been 
shown to be a highly dynamic process influenced largely by the behaviour of 
nanoparticles in saline media. Toxic endpoints appear dependent upon the length of 
exposure, where risks associated with nTiO2 exposure to marine microbial species 




the first time that the ecologically significant cyanobacterium, Prochlorococcus, 
suffers short-term (72 h) adverse effects following exposure to nTiO2, mainly due to 
hetero-aggregation with agglomerated nTiO2, and subsequent sinking out of the water 
column. Nevertheless, populations could recover when incubations were extended in 
natural oligotrophic seawater. No other sign of metabolic stress was observed by high 
throughput proteomics at a concentration relevant to those predicted in the 
environment, suggesting that physical interactions between nanoparticles and 
cyanobacteria are responsible for cell declines recorded. Monitoring of natural marine 
bacterial and eukaryotic communities exposed to nTiO2 and nTiO2-containing 
sunscreen, revealed no effect of either treatment at current environmental 
concentrations, suggesting that neither is likely to alter marine community structure 
or diversity in the natural environment.  
 
The works presented here support the belief that the current environmental risk of 
nTiO2 is low, however uncertainties exist in the environmental concentrations of NMs 
currently predicted,195 and hotspots of contamination may serve to produce localised 
areas of cell decline given that severity of negative effects is enhanced with increasing 
nTiO2 concentration. The interaction and synergistic effect of NMs and other 
contaminants also requires attention given the high affinity of materials such as nTiO2 
with other contaminants,105, 311, 312 which may act to enhance toxicity at lower 
concentrations. It is important that we continue to develop analytical techniques to 
reveal NM concentrations within the natural environment and enhance experimental 
work by studying materials that represent those likely to be entered into aquatic 
systems. As such, the use of extracted materials as done in the above study provides 
great scope for future research in the field. However, there is a need to consider the 
whole product formulation in research on nano-enabled products, where specific 
components may play key roles in toxicity which are not identified when using 
uncoated nanoparticles. In particular, processes of NM release from product matrixes 
and their resultant state requires attention and is important to fully assess the 








3.2 Investigating the impact of cerium oxide nanoparticles upon the 




Cerium oxide nanoparticles (nCeO2) represent an emerging contaminant with 
widespread use across a range of industries. Nano-sized cerium possesses unique 
properties compared to the bulk material and exhibit properties such as redox activity, 
scavenging of free radicals and inhibition of biofilm formation,313 leading to their use 
across a variety of applications including; biomedical applications,26, 27 drug delivery 
and therapeutics,29 glass production and incorporation into electronic components.28  
 
Annual production of nCeO2 is estimated to reach up to 10,000 tonnes,314 and their 
ever-increasing use is likely to result in greater release of engineered nCeO2 into the 
environment.70 The use of nCeO2 as an additive for diesel fuels is a major ecological 
concern, and is believed to be the main source of nCeO2 particles into the natural 
environment.13 Overall, it is predicted up to 70 million metric tonnes of ceria could be 
released annually by road transport worldwide,69 with the highest environmental levels 
of nCeO2 predicted to be present in water draining from road surfaces,13 where 
nanoparticles may then enter the aquatic environment. Additionally, aquatic transport 
responsible for 80% of global trade shipping315 may represent an understudied source 
of nCeO2 release. Boat engines have been recorded to utilise fuels containing 
nanosized additives including cerium oxide.316-318 It is possible that nCeO2 may enter 
the ocean in this manner if used in boat fuels to enhance efficiency,317 and may 
represent a previously understudied source of nCeO2 entry into the environment. 
Aside from transport, nCeO2 may enter the natural environments via release into 
wastewater, use of wastewater treatment sludge as fertiliser, or as a consequence of 
industrial production of nCeO2 or related products.38, 319  
 
Research carried out to date suggests that the environmental risk of nCeO2 is low,13 
however, limited evidence exists outlining the potential impact of nCeO2 upon marine 
microorganisms. Upon entry into the environment, airborne and waterborne nCeO2 
may become widely dispersed.28 In some cases, nanoparticulate matter emitted from 




has been identified in mainland Europe.320 However, insufficient data exists to 
accurately predict the current levels of nCeO2 in the natural environment,13, 321 and 
great variation exists in such estimations. For example, Dale et al. (2017) predicts a 
global release of 70 million metric tonnes of Ce-based pollution into the environment 
by road transport, a value considerably higher than the estimated 15.6-114.9 kg year-1 
predicted in the UK by Johnson and Park (2012). To address this uncertainty, 
increased efforts must be placed into improving methods by which we are able to 
accurately monitor the release of engineered nanomaterials into the environment. 
Subsequently, experimental work can be carried out under environmentally relevant 
conditions, facilitating the effective assessment of the environmental risk of nanosized 
contaminants in natural systems. 
 
The marine environment represents the sink for pollutants entered into aquatic 
systems. Here, microbial organisms which display high surface area-to-volume ratios 
are at significant risk from waterborne pollutants, particularly in coastal regions.322 As 
mentioned in the previous section, MO NMs including; titanium dioxide, 95, 143, 269, 270 
zinc oxide78, 103 and copper oxide279 have previously been reported to exert adverse 
effects upon marine phytoplankton (Table 3.1). However, limited evidence is available 
examining the impact of nCeO2 upon marine microbial species. A significant 
reduction in growth of marine phytoplankton has been recorded in response to nCeO2 
exposure at concentrations in the range 10-40 mg L-1,143, 323 although findings vary. At 
concentrations of up to 5 mg L-1 no adverse effects of nCeO2 exposure upon the green 
algae Chlorella autotrophica and Dunaliella salina were observed.199 Currently, the 
effect of nCeO2 upon marine microbial species under environmental conditions 
remain uncertain and further research is required to reveal potential impacts. 
 
In this section, the impact of nCeO2 exposure upon Prochlorococcus sp. MED4 is 
examined using the toxicity testing protocols developed during analysis of nTiO2, 
described in the previous section (i.e., 72 h and 240 h exposure). Cultures were 
incubated with nCeO2 at both environmentally relevant and supra-environmental 
concentrations under simulated natural conditions or in cell-dense cultures grown in 
nutrient-rich media. Alterations in cyanobacterial cell density were monitored by flow 
cytometry. As in work with nTiO2, an assessment of nCeO2 behaviour in saline media 




extensive aggregation behaviour. Such research present novel insight into the likely 
behaviour and impact of an emerging contaminant within the marine environment for 
which limited information exists, hence, facilitating the effective evaluation of their 
likely environmental risk and interaction with microbial species. 
 
 




Nanomaterials utilised for research were purchased from Sigma Aldrich (cerium 
oxide, <25 nm (material no. 544841)). Natural oligotrophic seawater (NSW) used 
during experimental work was prepared as previously described (section 2.2.1). For 
each experiment nCeO2 stocks were added directly to NSW prepared as described and 
sonicated for 15-30 min using a Branson 1210 Sonicator operating at 40 kHz to ensure 
suspensions were well-mixed and to minimise aggregation of nanoparticles. Sterile 
filter capped tissue culture flasks were used for all experimental work with 
cyanobacteria and glassware was acid-washed before use. Axenic Prochlorococcus 
sp. MED4 cultures were grown on-site using Pro99 media.205  
 
3.2.2.2 Characterisation of nCeO2 
 
To determine primary particle size and examine the morphology of nCeO2 utilised 
during study, transmission electron microscopy (TEM) was used as previously 
described (section 2.2.1). Following image acquisition, the average particle diameter 
was determined by measuring 100 nanoparticles using Image J v.3.2 software. Visual 
observation of particle morphology was also carried out at this time. UV-visible 
spectra were collected using an Agilent Cary 60 UV-vis spectrophotometer of a 
sample of 100 mg L-1 nCeO2 in Milli-Q ultrapure water. Dynamic light scattering 
(DLS) was carried out using the procedure described previously (section 3.1.2.7), to 
evaluate the aggregation behaviour of nCeO2 (1 and 100 mg L-1) when entered into 






3.2.2.3 Short-term (72 h) toxicity testing of Prochlorococcus towards nCeO2 
 
Prochlorococcus sp. MED4 was exposed to nCeO2 (0, 1, 10 and 100 µg L-1) for a 
period of 72 h under two test conditions: i) ambient cell density (2.8x104 cells mL-1) 
grown in NSW and ii) cell-dense cultures grown in nutrient-rich Pro99 media (8.9x105 
cells mL-1). 72 h prior to experimentation, axenic culture was added to NSW or Pro99 
media respectively and preadapted to experimental conditions, as previous (section 
3.1.2.4). To establish exposures, triplicate 30 mL samples were added to 50 mL filter-
capped tissue culture flasks under sterile conditions and spiked with a defined volume 
of nCeO2 stock to make up test concentrations. Flasks were subsequently maintained 
under the experimental conditions described and the cyanobacterial population 
monitored at 0, 24, 48 and 72 h using a Becton Dickinson Fortessa Flow Cytometer, 
as previously described (section 2.2.8). To identify significant alterations in cell 
density recorded during toxicity tests with Prochlorococcus sp. MED4 two-way T-
tests were carried out between untreated controls and cultures exposed to various 
nCeO2 treatments at each timepoint.  
 
3.2.2.4 Extended (240 h) exposure to nCeO2 
 
Following 72 h toxicity testing, incubations with nCeO2 were repeated and extended 
to 240 h to examine longer-term impacts of exposure. Initial cell densities were 
1.7x105 and 6.6x105 cells mL-1 in NSW and Pro99 media, respectively. The nCeO2 
test concentrations utilised were also expanded to include both environmentally 
relevant and supra-environmental values (0, 1, 10 and 100 µg L-1; and 1, 10 and 100 
mg L-1), hence allowing for inference of likely impacts in hot spots of pollution or 
should release of nCeO2 into the marine environment increase. Exposures were 
established as described above and the cyanobacterial population monitored by flow 
cytometry at 0, 24, 48, 72, 168 and 240 h, as previous. To identify significant 
alterations in cell density recorded during toxicity tests with Prochlorococcus sp. 
MED4 two-way T-tests were carried out between untreated controls and cultures 







3.2.2.5 Imaging of nCeO2-cyanobacterial aggregates by fluorescent microscopy 
 
To investigate the occurrence of nCeO2-cell hetero-aggregation during extended 
toxicity testing (section 3.2.2.4), the imaging protocol described in section 3.1.2.6 
during earlier work with nTiO2 was carried out on sub-samples of deposited material 
collected from the base of culture flasks. 
 
 
3.2.3 Results and Discussion 
 
3.2.3.1 Characterisation of nCeO2 and aggregation behaviour upon entry into 
natural seawater. 
 
Analysis of TEM images revealed the primary particle size of nCeO2 to be 20.6±12.1 
nm, close to that stated by the manufacturer (<25 nm). However, nanoparticles 
displayed a great variation in primary particle size. In terms of morphology, nCeO2 
were generally cuboid in shape, although a range of forms could be observed, 
including diamond- and triangular-shaped particles (Figs 3.17A and B). As is common 
in TEM analysis, nCeO2 readily formed aggregates, as a result of drying onto TEM 
grids (Fig 3.17C). UV-vis spectroscopy demonstrated an absorption band between 250 
and 400 cm-1 with a maximum absorbance at 317 nm (Fig 3.18), attributed to the 
electronic structure of ceria and defects, including oxygen vacancies, in accordance 
with the literature.324, 325 
 
Figure 3.17. Transmission electron microscope imaging of nCeO2 (Sigma Aldrich, <25 nm) 





As mentioned in works with nTiO2, it is widely acknowledged that the fate and 
behaviour of NMs within the natural environment largely determines their 
bioavailability and hence likely effect upon biota.98, 99, 302  To improve our 
understanding of nCeO2 behaviour in the marine environment, the aggregation 
behaviour of nanoparticles in NSW was assessed using DLS over a period of 0-240 h 
(Table 3.6), as previously described.58, 326, 327 
 
First, the z-average size of nCeO2 (20.6±12.1 nm, TEM) was monitored in Milli-Q 
ultrapure water. As with work utilising nTiO2 (section 3.1.3.5), concentrations of 1 
and 100 mg L-1 were selected for DLS analysis, as limitations of DLS at lower 
concentrations meant that environmental concentrations (i.e. µg L-1) could not be 
accurately measured.328 Analysis of nCeO2 suspensions made up in Milli-Q ultrapure 
water revealed respective z-average sizes of 136±20 nm and 125±11 nm for 
concentrations of 1 and 100 mg L-1. Here, z-average size of nCeO2 exceeded that 
measured using TEM, likely a result of Van der Waals forces and interparticle 
interactions which are common in uncoated MO NMs. Upon entry into NSW (0 h), z-
average size was recorded as 1293±141 nm and 1196±140 nm for 1 mg L-1 and 100 
mg L-1 samples respectively, considerably higher than the average size recorded in 
Milli-Q ultrapure water, indicating the immediate aggregation of nCeO2. The 
aggregation of nCeO2 within saline media with high ionic strength is expected and in 
accordance with previous research.14, 67, 323, 329  




Table 3.6. Summary of data obtained during DLS analysis of nCeO2 (20.6±12.1 nm) added to natural 
seawater for a period of 240 h at a concentration 1 and 100 mg L-1 (n=3). 
 
During the next 2 h, nCeO2 displayed an increase in z-average size at both 
concentrations, indicating a continuation of the aggregation process. Alongside 
increases in z-average size, the average polydispersity index (PDI) also increased, 
rising from 0.525 to 0.760 in 1 mg L-1 samples, and 0.336 to 0.638 in 100 mg L-1 
during the initial 2 h, further indicating the presence of aggregation. For both 
concentrations, a slight decrease in z-average size was recorded at the 4 h timepoint, 
however in this case average PDI continued to increase, implying continued 
aggregation (slight reductions in size observed may be due to precipitation of the 
largest aggregates, leaving smaller particle species in suspension). The highest z-
average sizes of nCeO2 were reached after 48 h entry into NSW at both concentrations, 
reaching average values of 2338±1428 nm and 3414±2027 nm for 1 and 100 mg L-1, 
respectively. Generally, following this the average particle size at both concentrations 
displayed a gradual decrease for the rest of the 240-h experiment, ultimately reaching 
sizes similar to those recorded at 0 h, although with large standard deviations 
 1 mg L-1 100 mg L-1 
Time (h) Z-average size  (nm) 
Polydispersity 
Index 
Z-average size  
(nm) Polydispersity Index 
0 1293 ± 141 0.525 ± 0.097 1196 ± 140 0.336 ± 0.177 
1 2576 ± 1933 0.683 ± 0.368 3601 ± 1794 0.716 ± 0.492 
2 2382 ± 1924 0.760 ± 0.208 3097 ± 2784 0.638 ± 0.362 
4 1862 ± 489 0.772 ± 0.203 2875 ± 1757 0.655 ± 0.396 
24 1767 ± 187 0.893 ± 0.113 3122 ± 2622 0.794 ± 0.281 
48 2338 ± 1428 0.845 ± 0.138 3414 ± 2027 0.910 ± 0.156 
72 1016 ± 298 0.607 ± 0.079 1549 ± 449 0.729 ± 0.096 
168 1390 ± 971 0.812 ± 0.180 1724 ± 992 0.816 ± 0.242 
240 1218 ± 914 0.799 ± 0.071 1638 ± 359 0.909 ± 0.041 
Figure 3.19. Photographic observation of nCeO2 (1 and 100 mg L-1) sedimentation during DLS 
analysis; A – 24 h, B – 168 h, C – 240 h. Red arrows indicate where deposited material is not 




indicating the presence of aggregates. This gradual decrease likely represents the 
reduction in abundance of larger particles which precipitated out of the water column 
at a faster rate. PDI values displayed a less generalised trend and remained 
considerably higher than those recorded at 0 h, indicating the consistent presence of 
multiple populations of particles, indicative of continuing aggregation. Throughout 
the experiment, the deposition of nCeO2 at the bottom of flasks was observed, clearly 
evident from 24 h onwards, indicating the precipitation of aggregated particles (Fig 
3.19). 
 
In accordance with previous research, it is clear that nCeO2 is likely to aggregate upon 
entry into saline media with high ionic strength such as seawater.14, 67, 323, 329 The 
aggregation of particles causes a reduction in the surface-area-to-volume ratio of 
nanomaterials and is likely to influence the toxicity and reactivity of particles.330 As 
previously mentioned in this thesis, in the natural environment a number of additional 
factors will also govern the fate and behaviour of engineered NMs, including; particle 
specific physicochemical properties69 and local water chemistry with pH, natural 
organic matter (NOM) and particulate matter all playing influential roles.70 73, 85, 331 
For example, in the presence of NOM, Quik et al. (2010) observed up to 88% of nCeO2 
added to deionised water to remain stable in suspension. The presence of NOM in 
natural waters is likely to influence particle stability,331 although this will also largely 
depend on specific surface characteristics of nanoparticles. Hence, in our work we 
utilised NSW to simulate natural waters that nCeO2 may enter. Given nCeO2 
nanoparticles’ propensity to aggregate and undergo sedimentation in saline media, 
they have the potential to interact with marine biota throughout the water column as 
they are transported towards deeper zones. 
 
3.2.3.2 Short-term (72 h) exposure of nCeO2 towards Prochlorococcus 
 
Flow cytometry was used to monitor alterations in populations of the marine 
cyanobacterium Prochlorococcus sp. MED4 in response to nCeO2 (20.6±12.1 nm) 
added at environmentally relevant concentrations (i.e., µg L-1). As mentioned in earlier 
work with AgNPs (section 2.3.4), it is known that dead cells of Prochlorococcus lose 




in the viable cyanobacterial population during exposure to NMs. Exposures were 
carried out under natural conditions (oligotrophic NSW at ambient cell densities), as 
well as under optimal growth conditions in nutrient-rich Pro99 media allowing for the 
impact of varying experimental conditions on ecotoxicity. 
 
Figure 3.20 displays the effects of nCeO2 (0-100 µg L-1) upon 72 h growth of 
Prochlorococcus sp. MED4. At ambient cell densities grown in NSW (Figure 3.20A) 
only exposure to the highest concentration (100 µg L-1) had a significant negative 
effect upon growth of Prochlorococcus, visible at every timepoint (two-way T-tests, 
p£0.05). After 24 h and 48 h incubation, cell density was decreased on average 46.6% 
and 55.5% respectively in this treatment compared to the untreated control (two-way 
T-tests, p£0.05). By the end of the 72-h incubation, this significant decrease reached 
68.8% (two-way T-test, p£0.05). At the final 72 h timepoint the average cell density 
of the 10 µg L-1 treatment was also lower than that of the control, however, this result 
was not significant. In contrast, when grown in nutrient rich Pro99 media (Figure 
3.20B), no negative effect upon Prochlorococcus following 72 h incubation with 
nCeO2 was recorded at any concentration, indicating an impact of varying 
experimental condition. However, significantly reduced growth was observed at the 
48 h timepoint in both the 10 and 100 µg L-1 treatments as cell density was lowered 
by approximately 17.8% and 25.2% respectively compared to the untreated control 
(two-way T-test, p£0.05). 
Figure 3.20. 72 h exposure of Prochlorococcus sp. MED4 to nCeO2 (0-100 µg L-1) in; A) – 
natural oligotrophic seawater, and B) nutrient-rich Pro99 media. Data points represent the mean 
of three culture replicates ± standard error (n=3). Crosses indicate where two-way T-tests 




3.2.3.3 Extended exposure of Prochlorococcus to nCeO2 
 
a) µg L-1 concentrations 
During short-term (>72 h) exposure, presence of µg L-1 nCeO2 was recorded to 
significantly reduce the cell density of marine cyanobacterium Prochlorococcus, 
when grown under environmentally relevant conditions in NSW, causing up to a 
68.8% decrease in cell density. However, no such effect was observed in cultures 
grown to higher cell densities in nutrient rich Pro99 media (section 3.2.3.2), 
highlighting the influence of specific exposure conditions. Upon extending 
incubations to 240 h (Fig 3.21 A) the trends observed in early stages of exposure (<72 
h) continued. The lowest tested concentration of 1 µg L-1 had no effect on 
Prochlorococcus grown in NSW (Fig 3.21 A1) throughout the 240-h experiment, 
whilst the 10 µg L-1 treatment caused a significant decline in cell density (17.7%) at 
the 48 h timepoint only (two-way T-test, p£0.05), an effect not observed in earlier 72 
h toxicity testing. Such a result highlights the variability in outcomes of toxicity testing 
that can occur between experimental runs. As recorded in 72 h toxicity testing (section 
3.2.3.2), exposure to 100 µg L-1 nCeO2 within NSW caused a significant decline in 
cell density at each timepoint during the initial 72 h of exposure, resulting in a decline 
in cell density of up to 45.7% compared to the untreated control (two-way T-test, 
p£0.05). The extent of population decline in this treatment appears less severe as 
recorded in 72 h toxicity testing presented above (68.8%), likely due to the initial cell 
density of Prochlorococcus being relatively lower upon the establishment of the first 
experiment, indicating a possible impact of varying cell:nanoparticle ratios as 
recorded in previous research examining AgNP toxicity (section 2.3.4).281 However, 
despite this early decline, the cyanobacterial population was observed to reach to cell 
densities comparable to that of the untreated control between 72-192 h in all the µg L-
1 range treatments. Although, it must be noted that between 192 and 240 h, all cultures 
grown in NSW declined in cell density, likely due to nutrient depletion.  
 
In contrast, Prochlorococcus grown in the nutrient-enriched Pro99 media did not 
suffer any adverse effect of exposure to nCeO2 concentrations in the µg L-1 range 
during early stages of exposure (Fig 3.21 A2), similarly to data described in the 




of cell-dense cultures was reversed as cyanobacteria grown in Pro99 media 
experienced declines in response to both 10 and 100 µg L-1 nCeO2. Unexpectedly, the 
10 µg L-1 treatment had the greatest effect, significantly reducing the cell density by 
27.3% compared to the untreated control (two-way T-test, p£0.05). The lowest 
concentration of 1 µg L-1 exerted no negative impact on Prochlorococcus throughout 
the 240-h exposure in Pro99 media but resulted in an increase in cell density (38.8%) 
than the control after 240 h. However, this increase was not statistically significant 
(two-way T-test, p=0.07). 
Figure 3.21. Long-term exposure of Prochlorococcus sp. MED4 to nCeO2 in the µg L-1 (A) and 
mg L-1 (B) concentration range, when exposed in natural oligotrophic seawater (Panels A1 and 
B1) or Pro99 media (Panels A2 and B2). Data is presented as the mean of three culture replicates 
± standard error (n=3). Two-way T-tests were used to identify significant variations in cell 
density between nCeO2-treated cultures and the untreated control at each timepoint (p£0.05); 
Crosses indicate where cell density was significantly lowered in the nCeO2 treatment; Circles 




b) mg L-1 concentrations 
To further evaluate the impact of nCeO2 should emissions into the environment rise 
or hotspots of pollution occur due to accumulation of nanoparticles, the response of 
Prochlorococcus towards supra-environmental concentrations (i.e., mg L-1) was also 
assessed (Fig 3.21 B). In both NSW and Pro99 exposure to the highest concentration 
(100 mg L-1) exerted a negative impact upon Prochlorococcus throughout the 240-h 
exposure, causing a maximum decline in cell density of 95.7% (two-way T-test, 
p£0.05). As with lower concentrations, differences in response between the two 
culture conditions could also be observed in mg L-1 treatments. Whilst 10 mg L-1 
nCeO2 exerted no effect on Prochlorococcus grown in NSW (Fig 3.21 B1), cell-dense 
cultures experienced a 61.6% decrease in cell density (Fig 3.21 B2) by the end of the 
experiment (two-way T-test, p£0.05). The enhanced cell decline observed in cell-
dense cultures, may arise due to increased likelihood of encounter between 
nanoparticles and cyanobacteria. Previous research has also shown that cultures grown 
to higher cell densities suffer greater adverse effect of MO nanomaterial exposure,50 
also observed during extended nTiO2 exposures presented in section 3.1.3.3.   
 
Interestingly, following 240 h exposure no effect was recorded in 1 and 10 mg L-1 
nCeO2 treatments in NSW, or the 1 mg L-1 treatment in Pro99 media. However, 
declines were observed at lower concentration at specific timepoints (10 and 100 µg 
L-1). It is proposed that the difference in effect caused by these treatments is likely due 
to the extensive aggregation of nCeO2 upon entering saline media. It is possible that 
in µg L-1 treatments, stability of nCeO2 in suspension is increased following lowered 
homo-aggregation due to reduced rate of encounter between individual nCeO2 
particles, hence facilitating their interaction with planktonic cells. In contrast, at higher 
concentrations (1-10 mg L-1) homo-aggregation occurs at a higher rate causing nCeO2 
to aggregate and sink before interacting with cyanobacteria. At the highest 
concentration (100 mg L-1) where effects are most severe, and in the 10 mg L-1 in cell-
dense cultures where particle-cell contact is more likely, the aggregation process is 
extensive enough to significantly reduce Prochlorococcus numbers. Throughout 
supra-environmental concentration treatments, small aggregates were observed by 




(Fig 3.22) confirming nanoparticle aggregation and possible cyanobacteria-
nanoparticle aggregation which deserved further investigation. 
 
 
3.2.3.4 Mechanisms of cyanobacterial cell decline in response to nCeO2. 
 
Adverse effects associated with nCeO2 exposure have previously been recorded in 
studies with marine phytoplankton.143 The diatom P. tricornutum suffered adverse 
effects following exposure to nCeO2 at concentrations (10-30 nm) >10 mg L-1, 
resulting in significant reductions in growth.143 However, interestingly, lower 
concentrations <5 mg L-1 were recorded to stimulate growth of this diatom.143 Such 
enhanced growth following exposure to nCeO2 has also been recorded in marine algal 
species.199 
 
Due to the limited evidence available, the exact mechanisms by which nCeO2 drives 
significant declines in phytoplankton abundance remain unclear. Based on work in 
freshwater, nCeO2 is thought to exert oxidative stress upon microbial species via 
photocatalytic ROS production.92 This suggests that the presence of natural light may 
be a key factor in determining toxicity of nCeO2, hence in our study full-spectrum 
bulbs were used to best simulate natural conditions. Oxidative stress and associated 
lipid peroxidation have been recorded in the marine diatom P. tricornutum in response 
to nCeO2.143 Although, whether such effects arise due to the nanoparticles’ presence, 
or as a consequence of physical interactions with cells is not clear. In that work, 
concentrations of 10-40 mg L-1 led to considerable increases in activity of superoxide 
Figure 3.22. Visual observation of deposited material, believed to be hetero-aggregates of 




dismutase, peroxidase and malondialdehyde, associated with oxidative stress and lipid 
peroxidation respectively.143  It is possible ROS production and associated oxidative 
stress may have played a role in the significant declines of Prochlorococcus recorded 
during our study. However, it has also been suggested that due to nCeO2 being a redox 
catalyst, nanoparticles display the potential to both mitigate, as well as exert, oxidative 
stress.91, 151 For example, nCeO2 has been recorded to display antioxidant activities 
towards secondary oxidative stress exerted upon phagocytic and human bronchial 
epithelial cell lines,306 and during incubation with phytoplankton.323 It is possible any 
antioxidant properties may account for the enhancement of phytoplankton growth 
recorded in previous research in response to nCeO2, and lack of decline observed at 
concentrations of 1 and 10 mg L-1 observed in the study presented herein. However, 
such enhanced growth can also be attributed to hormetic effects.332 The exact 
mechanisms by which nCeO2 exerts and mitigates oxidative stress requires attention, 
particularly in seawater. Additionally, nCeO2 exposure has been linked to a decrease 
in photosynthetic activity,143, 333 as well as reducing carbon fixation in freshwater 
phytoplankton,333 suggesting phototoxic properties of nCeO2. Deng et al. (2017) 
recorded a decline in quantum yield of PSII by approximately 29% following 96 h 
exposure to nCeO2 in the diatom P. tricornutum. However, such effects are only 
observed at relatively high concentrations (2.5-40 mg L-1).143, 333 As such, it is unlikely 
photosynthetic processes will be adversely affected by nCeO2 in the natural marine 
environment at current levels.  
 
During exposures of Prochlorococcus to nCeO2 the formation and precipitation of 
aggregates of cyanobacteria and nCeO2 (which aggregate readily in the high ionic 
strength of seawater, as demonstrated, and described by DLS analysis) were visible in 
culture flasks (Fig 3.22). Whilst monitoring cyanobacterial populations by flow 
cytometry, it was possible to estimate the number of these hetero-aggregates within 
suspension (Fig 3.23). nCeO2 aggregates alone do not fluoresce and, hence, would not 
be picked up during flow cytometric analysis. Nevertheless, the occurrence of large 
fluorescent particles were observed only at mg L-1 treatments. By gating these 
aggregates using FACSDiva software, it was possible to estimate their abundance 
relative to free Prochlorococcus cells (described above, section 3.2.3.3) and reference 




presented in the work above as those entrapped within hetero-aggregates would likely 
be removed from the water column by co-precipitation with nCeO2. 
 
The estimated concentration of cyanobacterial-nCeO2 aggregates in suspension 
appeared considerably higher in cell-dense cultures grown in Pro99 media compared 
to those grown in NSW, reaching peak average concentrations of 2.8x105 and 
~7.0x104 aggregates mL-1 respectively at the 24 h timepoint (Fig 3.23). This is likely 
due to the increased rate of encounter between nanoparticles and cyanobacteria under 
cell-dense conditions. In NSW, aggregate density appeared to follow a dose-wise 
trend, increasing with increased concentration, however this was not the case at the 
240 h timepoint, where it is likely that aggregated material had precipitated out of the 
media and was therefore not present in the suspended fraction monitored by flow 
cytometry. In Pro99 media, this dose-wise trend was not observed, and highest values 
were recorded in the 10 mg L-1 treatment. Notably, aggregate density decreased the 24 
and 48 h timepoints. This decrease is likely the result of rapid aggregation and 
precipitation of large, aggregated material due to increased density and, interestingly, 
at the last time point (i.e., 240 h) the number of aggregates estimated at each 
concentration were in the same order of magnitude in both NSW and Pro99 media. 
 
Figure 3.23. Estimated number of cyanobacterial-nCeO2 aggregates as monitored during flow 
cytometric analysis of Prochlorococcus sp. MED4 cultures exposed to nCeO2 in the mg L-1 range 
(1-100 mg L-1). Data represents the mean of three culture replicates ± standard error (n=3). No 
such aggregates were observed during analysis of cultures exposed to lower concentrations (i.e., 
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The presence of cyanobacteria within precipitated aggregates of nCeO2 was confirmed 
by carrying out fluorescent microscopy on precipitated material collected from the 
bottom of culture flasks that was subsequently stained with SYBR Gold (Fig 3.24). 
Here, Prochlorococcus was clearly visible within aggregates of nCeO2 at 
concentrations of 10 and 100 mg L-1 in both NSW (Fig 3.24 A-B) and Pro99 media 
Figure 3.24. Hetero-aggregation of Prochlorococcus sp. MED4 (green) and nCeO2 (10 and 100 
mg L-1) formed in natural oligotrophic seawater (Panels A and B) and Pro99 media (Panels C 
and D). Samples were stained with 1X SYBR Gold prior to imaging. Images were captured using 
fluorescent microscopy after under brightfield and GFP fluorescent and subsequently were 
merged. No such aggregates were visible in Prochlorococcus culture (E) or natural oligotrophic 
seawater (F) in the absence of nanoparticles. 
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(Fig 3.24 C-D) and reached sizes in the 10s-of-micron range. Some evidence of hetero-
aggregation was observed within the 1 mg L-1 treatment; however, this was not 
apparent in cultures exposed to lower concentrations (1-100 µg L-1). The hetero-
aggregation between MO nanomaterials and phytoplankton has previously been 
reported in the literature,98, 145, 146, 269, 270 and has been observed with nCeO2,98, 143 as 
well as during experiments with nTiO2 described herein (section 3.1.3.4).  
 
In previous research using the filamentous cyanobacterium, Anabaena CPB4337, 
positively charged nCeO2 particles appeared to be attracted to the negatively charged 
cell walls of cyanobacteria.98 The researchers proposed that toxicity may be induced 
by the direct contact of nCeO2 to the cell wall; causing mechanical damage to the cell 
membrane, disrupting the exchange of nutrients and metabolites and exerting 
oxidative stress.98 The same research group investigated the effects of nCeO2 upon P. 
subcapitata in freshwater, observing damage to the cell membrane, and leakage of the 
cytoplasm.98 Once again, this was believed to result from direct contact between 
nanoparticles and cells. Similar findings upon P. subcapitata have been recorded in 
other studies.92 Hetero-aggregation between phytoplankton and MO NMs has also 
been proposed to cause shading effects which may reduce photosynthetic 
efficiency,147 possibly causing the declines in photosynthetic output previously 
described.143, 333  
 
It is concluded by Rodea-Palomares et al. (2010) that the cytotoxicity of nCeO2 
requires direct contact of particles to the cell wall or membrane. During this process it 
is likely that physical damage to cells will be caused, such as that described above, 
although additional study is required to confirm this. Despite reports of potential 
oxidative stress and disruption of photosynthetic processes during exposure to nCeO2, 
it is suggested that the processes of entrapment and subsequent co-precipitation of 
cyanobacteria and nCeO2 from the water column accounts for the temporary declines 
in Prochlorococcus presented herein (sections 3.2.3.2 and 3.2.3.3). The belief that 
physical effects are the key driver of the cyanobacterial decline presented, rather than 
oxidative stress, is supported by the fact that Prochlorococcus is highly susceptible to 
ROS and is sensitive to H2O2 concentrations as low as 200 nM.240, 243 Hence, given 




ambient cell densities in extended exposure, this suggests that ROS-mediated stress is 
likely not a feature of our work. 
 
Over time the concentration of suspended nCeO2 in Prochlorococcus cultures will 
display a continual decline as nanoparticles aggregate and undergo sedimentation, 
hence reducing their bioavailability and allowing the surviving cyanobacterial 
population to recover, as observed in Prochlorococcus populations grown in NSW 
(Fig 3.21 A1). It is important to note that in our work, uncoated nCeO2 was utilised 
during experiments. The behaviour of these nanoparticles likely differs to those which 
are surface-modified, likely playing a key role in the effects recorded herein. It has 
been suggested that surface characteristics influence differences in toxicity by altering 
NM bioavailability.97 For example, in contrast to the nanoparticles used in our work, 
Poly-(acrylic acid)-stabilised nCeO2 appear well-dispersed in saline media, remaining 
biologically available to species occupying the water column, and hence enhancing 
toxicity towards these organisms.97 However, findings vary and appear case-specific. 
Dextran-coated nCeO2 have been recorded to exert negligible toxicity upon E. coli,96 
believed likely due to stabilization of the oxidative state of the nanoparticles by the 
polymer coating, as well as a reduction in contact between particles and cells.96 Going 
forward it will be increasingly important to assess the surface characteristics of nCeO2 
entering the environment, such that greater insight into their likely fate and interaction 
with biota can be gained. 
 
The occurrence of hetero-aggregation between nanoparticles and phytoplankton may 
increase the risk of bioaccumulation and transfer of particles to higher trophic levels 
by ingestion. Evidence of trophic transfer of nCeO2 has previously been reported in a 
terrestrial plant model.115 However, it must be noted that the widespread occurrence 
of hetero-aggregation between phytoplankton and nanoparticles recorded in 
laboratory investigation is likely driven at least partially by the relatively high 
concentrations examined and the closed-system nature of most experimental set-ups. 
As a result, such physical interactions between cells and nanoparticles are less likely 
in the natural environment at lower concentrations where nanoparticles appear more 





The recovery of Prochlorococcus recorded under environmentally relevant conditions 
in extended exposure and lack of adverse effect of concentrations <10 mg L-1 in NSW 
suggests that at current, the likely environmental risk of nCeO2 exposure towards 
marine microbial species under natural conditions is low. The recovery of microbial 
populations in long-term exposure has previously been recorded during investigation 
with MO NMs,99, 280, 298 often attributed to the aggregation behaviour of these NMs, 
leading to their reduced bioavailability over time,99, 302  in accordance with DLS 
analysis and microscopic imaging described above. This evidence suggests that 
similarities between the impact of various MO NMs exist, allowing researchers to 





In this study new insight is provided on the effect of nCeO2 upon marine microbial 
species using the ecologically significant marine cyanobacterium Prochlorococcus sp. 
MED4. To date, limited research has been carried out to assess the potential impact of 
this emerging contaminant upon marine microbial organisms, and hence the works 
presented herein address this gap in knowledge.  It has been shown that despite 
evidence of short-term (<72 h) declines in cell density, nCeO2 appears to exert little 
toxicity towards Prochlorococcus under natural conditions in the longer term, except 
at exceptionally high concentrations (i.e., 100 mg L-1). Cultures grown to higher cell 
densities in nutrient-rich media appear to suffer greater effects of exposure when 
incubations are extended to 240 h, believed due to the increased rate of encounter 
between cyanobacteria and nanoparticles. The occurrence of hetero-aggregation 
between nCeO2 and Prochlorococcus is a key feature of exposure, in accordance with 
a number of studies examining the ecotoxicity of MO NMs, 98, 145, 146, 269, 270 driven by 
aggregation behaviour of nCeO2 in saline media confirmed by DLS. Processes of 
entrapment and subsequent co-precipitation of nanoparticles and cyanobacteria is 
believed to account for the declines in cell number recorded. Over time, the 
concentration of suspended nCeO2 is reduced, hence reducing the likelihood of 
interaction between nanoparticles and biota, allowing the remaining free-living 
cyanobacterial population to resume normal growth. However, it remains that the 




occur at the low nCeO2 concentrations expected in the natural environment, where 
dilution effects likely limit the extent of both homo-aggregation and hetero-
aggregation with phytoplankton, where nanoparticles may also interact with natural 
colloids or NOM. As such, in accordance with previous research,13 it appears that the 
likely environmental risk of nCeO2 towards marine microorganisms is low. One 
drawback from the works presented herein is the use of pristine research-grade 
nanomaterials. Such particles may not accurately represent those particles released 
into the environment. nCeO2 is likely to undergo transformation upon its release into 
the environment, particularly nCeO2 released from fuel via combustion.69 Echoing the 
beliefs of Dale et al. (2017), future experimental work requires focus upon 
investigating the environmental impact of nCeO2 and other MO NMs using materials 
that best represent those released into the environment.9 It will be important to 
comprehensively characterise physicochemical properties as well as nanoparticle state 
in the environment. Here, synthetic approaches may be a useful tool to produce NMs 
which accurately match environmental particles. Efforts must also be directed towards 
accurately predicting the likely environmental concentration of nCeO2, where marine 
transport may contribute substantially to the entry of nanoparticles into the ocean. In 
future studies, experiments conducted on whole communities may aid analysis of 
impacts upon ecological function and identify any taxonomic groups particularly 


















3.3 Chapter Summary 
 
In this chapter, the impact of MO NMs upon marine microorganisms has been 
evaluated using a range of materials that represent those commonly used in 
experimental research and by consumers. The ecologically significant cyanobacterium 
Prochlorococcus sp. MED4, previously understudied in the field of ecotoxicology, 
was found to suffer adverse effects of exposure to nTiO2 and nCeO2, dependent on 
specific exposure conditions. However, experiments revealed a remarkably similar 
impact of nTiO2 and nCeO2 upon marine microbial species, driven largely due to their 
similar behaviour upon entry into natural seawater, which has previously been noted.63 
As such, the works presented suggest that MO NMs may display a generalised 
behaviour in the marine environment, and hence common effect upon interaction with 
marine microbes, likely attributed to their propensity to aggregate in saline media. 
Additionally, effective protocols to extract and characterise nanoparticles from nano-
product formulations have been presented, providing great scope for future work in 
the nano-ecotoxicological field, and enhancing environmental relevance of research. 
 
Short-term exposure (<72 h) of Prochlorococcus to MO NMs at environmentally-
relevant concentrations (µg L-1) revealed significant declines in cell density under 
environmentally relevant conditions (ambient cell densities grown in oligotrophic 
NSW). Here, negative effects are recorded at considerably lower concentrations than 
EC50 values generated from studies upon diatom or green algae species (Table 3.1), 
suggesting marine cyanobacteria may be more susceptible to MO NMs than other 
phytoplankton in the natural environment, possibly due to their relatively small size. 
However, such negative responses were not observed in cultures grown at higher cell 
densities in nutrient-rich media during the short-term, perhaps due to a protective 
effect of larger cyanobacterial populations, as observed in earlier works with AgNPs 
(section 2.3.4). Experiments carried out with consumer nTiO2 extracted from 
commercial products, displayed evidence of cell decline at concentrations 50-500 µg 
L-1, however such effects were less severe than those recorded using research-grade 
nTiO2. During this work, evidence of enhanced growth in the presence of extracted 
materials was also recorded, highlighting the variability in response of 




work is recommended, and the methods presented in this thesis provide great scope 
for this purpose. Going forward it is increasingly important that researchers consider 
the impact of other components of nano-product formulations, which have been 
observed to exert both adverse and biostimulating effects, as well as the likely role of 
product matrixes in NM release. Related to this, increased works are needed to 
consider the transformation of NMs within the natural environment, and likely state 
of NMs which biota are likely to interact with. 
Upon extending incubations to examine the longer-term effects of exposure, the ability 
of Prochlorococcus to recover following the initial significant declines in cell density 
in response to MO NMs under natural conditions was revealed, except at extremely 
high concentrations (100 mg L-1). This is in contrast to work with AgNPs, described 
in Chapter 2, which revealed such declines to be irreversible (section 2.3.5). Increasing 
test concentrations to supra-environmental levels highlighted the dynamic nature of 
MO NM toxicity, believed driven by the extensive aggregation behaviour of the MO 
NMs in natural seawater, confirmed using DLS. At the highest concentrations, 
aggregation caused the entrapment of cyanobacterial cells, leading to their removal 
Figure 3.25. Graphical representation of the proposed mode of cell decline recorded in 
exposures of Prochlorococcus to metal oxide nanomaterials. 
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from the water column via sinking. This process is believed the key driver of 
cyanobacterial decline in the works presented in this chapter, supported by fluorescent 
microscopy and shotgun proteomic analysis of nTiO2-treated cultures, which showed 
negligible molecular features of toxicity. The rapid aggregation and settlement of NMs 
is also thought to account for the recovery of populations in extended exposure as NM 
bioavailability is reduced (Fig 3.25). At higher cell densities, negative effects of 
entrapment were enhanced in both nTiO2 and nCeO2 exposures, likely due to an 
increased rate of encounter between cells of nanoparticles. It is likely that oxidative 
stress driven through the production of ROS at the cell surface following NP-
attachment and physical damage caused to cell membranes also contribute to overall 
toxicity. However, this requires further research, where shotgun proteomic analysis of 
the entrapped fraction of cyanobacteria may provide insight. In future, investigation 
by SEM may also facilitate greater understanding of the hetero-aggregation process. 
 
The evidence of adverse effects of MO NM exposure upon marine microbial 
organisms is a concern given their fundamental role in ecosystem functioning and 
contribution to major global biogeochemical cycles. However, it appears that the worst 
effects of exposure are only observed at concentrations far exceeding those predicted 
in the environment. It is likely that the closed-system nature of experimental work 
facilitates the physical interaction between cells and NMs at high concentrations, 
which will be less likely to occur in the natural environment. This alongside the fact 
that little impact was observed on natural communities exposed to nTiO2 under 
environmental conditions, means that the likely environmental risk of MO NMs such 
as nTiO2 and nCeO2 appears low. The use of molecular techniques as done in this 
thesis, provides great scope for future research in the nano-ecotoxicological field, 
particularly with microbial species. It remains that exposure to concentrations close to 
predicted environmental values do reveal some adverse effect during the initial stages 
of exposure, and the overall effect of this temporary suppression in growth and decline 
in cell number upon ecosystem function requires further investigation to fully 
understand the impact of MO NMs on the wider marine community. Similarly, 
additional understanding of any subsequent impact of hetero-aggregation between 
phytoplankton and NMs, which may facilitate the transfer of NMs to higher trophic 






Testing the effects of novel cerium oxide nanoparticle 




During this thesis, primarily the interaction between nanoparticles and planktonic 
microorganisms has been investigated. In this chapter, we move focus towards 
biofilm-forming communities and examine the potential impact of nanoparticles upon 
the growth and community structure of natural marine biofilms. To maximise 
environmental relevance, work was conducted in collaboration with Energenics 
Europe Ltd, a manufacturer of cerium oxide nanoparticles (nCeO2). Herein, we 
incubated a range of novel nCeO2 surface coatings in a recreational port representing 
appropriate field conditions for a period of 21 days, before assessing the impact of 
each upon marine biofilm formation and community structure using a novel approach 












A biofilm is defined as an assemblage of microbial organisms that are ‘surface-
associated’ and formed within a matrix comprised of extracellular polymeric 
substances (EPS).334 The presence of such structures appear ubiquitous on submerged 
surfaces within the marine environment,177, 335 and comprise the highest bacterial 
densities in the natural aquatic environment.30, 336 These biological structures play key 
roles within natural ecosystems, contributing to both biogeochemical cycling and 
ecological functioning.337  
 
Biofilm formation is a highly dynamic process dependent on a number of factors, 
including; season, location and predator-prey relationships.338 Four key stages of a 
biofilm formation are presented by Dang and Lovell (2000); 
 
1) Attachment of free-living bacteria to a substrate, forming an initial 
assemblage.  
2) Increase in primary colonizing bacterial populations due to growth and 
reproduction, in turn modifying the surface characteristics of the substrate, 
facilitating secondary colonization. 
3) A primary biofilm community is formed, due to interactions between the 
primary colonizing bacteria and other free-living bacteria within the local 
environment. 
4) This continued interaction leads to the formation of a biofilm community 
through processes of competition and/or synergism between members inside 
and outside of the biofilm.339  
 
Biofilm formation is a continual and highly dynamic process, and these complex 
structures provide cues to larger organisms, facilitating the settlement of marine 
invertebrate larvae, such as barnacles and mussels.177, 335, 340 The specific surface 
characteristics of a particular substrate will influence colonisation by various taxa and 
the eventual community structure of biofilms that are formed; for example, previous 





In the marine environment, the formation of biofilms and associated recruitment of 
marine invertebrates can have a detrimental effect upon maritime industries, e.g., 
shipping, aquaculture and oceanographic monitoring.336, 338 Here, the formation of 
biofilms is referred to as marine biofouling, defined as the “undesirable accumulation 
of microorganisms, algae and animals on submerged structures in seawater”.341 In 
particular, biofouling exerts greatest impact upon the shipping industry, where ship’s 
hulls represent 24% of all fouled man-made objects within the marine environment.342 
Primarily, the negative impact of biofouling upon shipping is reduced fuel efficiency, 
driven by increased drag and altered structure of the hull surface.336, 343 For example, 
it is estimated that annual costs incurred by biofouling to the US naval fleet alone is 
up to $260 million.338 With this in mind, and the additional pressures of anthropogenic 
climate change driven by use of fossil fuels, there is a great need to identify effective 
measures to reduce the impact of biofouling upon the shipping industry. Typically, 
antifouling paints have been used for this purpose.344 Amara et al. (2018) list the most 
common biocidal agents utilized in antifouling paints as; Tributyltin (TBT), 
Chlorothalonil, Dichlofluanid, Sea-Nine 211, Diuron, Irgarol 1051 and Zinc 
Pyrithione.345 Historically TBT-based paints were widely used; however, these were 
found to be highly toxic to marine wildlife and have since been widely replaced with 
copper-based paints.346 Although to a lesser extent, these copper-based formulations 
remain toxic to marine biota.345, 346 Despite environmental concerns, toxic antifouling 
coatings continue to be used globally.347 As such, there is a requirement for the design 
of effective and ‘ecologically-friendly’ antifouling coatings that have the desired 
effect upon biofilm formation whilst mitigating toxicity towards other marine 
wildlife.345  
 
More recently, NM-based antifouling surface coatings have been developed.348-350 
Copper nanoparticle (CuNP)- functionalised coatings have been shown to display 
antimicrobial properties similar to that of Cu-based biocidal coatings, whilst 
minimising the leaching of dissolved copper into the environment compared to 
traditional products.348 Additionally, it is believed that NMs are more effectively fixed 
to surfaces compared to water soluble compounds, reducing the potential for leaching 
into the environment,349 thus mitigating the negative effect of such agents on non-
target species. Research suggests that NM-functionalised coatings can be effective 




significantly reduced by the presence of a nTiO2 coating added to prevent corrosion.350 
Likewise photocatalytic nZnO nanoparticles were effective at preventing biofilm 
growth on man-made surfaces, reducing growth by 20-40%.349 As such, 
nanotechnology may prove useful in the development of ‘environmentally friendly’ 
antifouling agents.  
 
Biofilms may interact with NMs in a number of ways, largely dependent on 
environmental factors such as salinity, pH and natural organic matter (NOM) content 
which will influence the fate and behaviour of NMs upon entry into the aquatic 
environment.351-353 NMs may be internalised and accumulated within biofilms, 
particularly due to the increased sedimentation that occurs in the aquatic environment 
as observed in earlier work (see sections 3.1.3.5 and 3.2.3.1), and become a sink for 
aquatic NMs.354, 355 The uptake and incorporation of NMs into the biofilm matrix has 
been recorded during experimentation.356 In fact, retention of NMs by substrates such 
as quartz within aquatic media appears enhanced by the presence of a biofilm.357-360 
Under environmentally-relevant conditions, biofilms represent the major sink of NMs, 
for example of ~60% AuNPs retained by a FW mesocosm system, biofilms 
accumulated nanoparticles at their highest concentration.354 A likely cause of retention 
of NMs by biofilms is due to electrostatic processes.354, 359 Biofilms are largely formed 
of negatively charged monomers incorporated in the polysaccharides and proteins that 
make up the biofilm matrix,361 which create a high affinity for positively charged 
NMs,354 such as the AuNPs utilised in the study referred to above. However, such 
electrostatic interactions are dependent upon specific NM surface characteristics, and 
hence surface charge. 
 
Upon entry into biofilms, NMs enter a ‘heterogeneous microenvironment’ that varies 
in local pH, nutrient content and oxygen availability, likely to influence their transport 
and transformation within and outside of the biofilm.356, 362, 363 In experimental work 
with nCeO2 adsorption of nanoparticles by the biofilm was observed, characterised by 
interaction of particles with microbial cell surfaces, spores and the EPS.364 Here, it is 
believed that the structure of the biofilm allows for protected growth of microbes in 
the presence of NMs.364 EPS is reported to readily bind to NMs and adsorb metal ions, 
thus likely acting as a protective barrier from NM exposure.364-367 This mechanism has 




AgNPs respectively.154, 309 Despite the protective effect of the biofilm, NMs have been 
observed to enter individual cells within the biofilm community, varying in extent 
with organism type.368 In the case of nCeO2, NMs were more likely to enter bacterial 
cells compared to algal cells within periphytic biofilms.368 Motility of NMs within the 
biofilm appears to be limited, which may lead to localised areas of toxicity.356 
Although accumulation of NMs at the biofilm surface is believed likely to reduce the 
toxicity incurred by deeper layers.356 
 
Currently, information regarding the effects of NMs upon natural biofilm formation 
and community structure is limited, especially within the marine environment and in 
the long-term at sublethal concentrations.309 Generally, biofilms are more tolerant to 
contaminants than planktonic populations, displaying up to 1000-times more 
resistance.369 Despite this, negative impacts of NM exposure have been recorded; 
AgNPs have been found to adversely affect biofilm-forming bacteria by altering 
community succession of marine biofilms and driving changes in the relative 
abundance of major bacterial phyla.30, 177, 370 Likewise, MO NMs such as nTiO2 and 
nCeO2 have been found to display antimicrobial effects when applied to aquatic 
biofilms, inducing effects such as the suppression of antioxidant activities.350, 368 
Variation in the response observed between varying community members has been 
recorded; following 21-d exposure to AgNPs relative abundance of Bacteroidetes, 
specifically Flavobacteria,177 believed to be key colonising species was reduced,371, 372 
whereas the relative abundance of Vibrionaceae increased.177 Similarly, differences in 
biofilm community response have been recorded in the presence of nCeO2, nTiO2 and 
nCuO.309, 368, 373, 374 For example, Tang et al. (2018) observed firmicutes to decrease 
in relative abundance from 42% to 3%, whilst cyanobacteria increased approximately 
threefold in the same experiment.368 In contrast, relative abundance of cyanobacteria 
was reduced by 69% in response to nTiO2 (5 mg L-1).309 Thus, it is very likely various 
members of the biofilm community will respond differently to NM-treated surfaces. 
Alteration to the microbial consortia has the potential to cause impacts upon the 
functioning of the community. For example, exposure to nCeO2 in the mg L-1 range 
compromised the phosphorous cycling activity of sludge biofilms inhabiting a batch 
reactor, reducing efficiency of phosphorous removal from 85-60%.365 Similarly, 
incubation with nTiO2 has induced negative effects on nutrient processing in 




revealed alterations to carbon and nitrogen cycling in freshwater sediment biofilms 
exposed to nCuO (1 mg L-1).374 Such alterations to the functioning of biofilm 
communities may have knock-on effects upon other biota inhabiting aquatic 
environments.355 Additionally, it has been suggested that the interaction between NMs 
and microbial species may induce indirect effects that may have adverse effects upon 
other species, for example the production of toxins.373 Such an effect has been 
recorded in the harmful blooming algae, Alexandrium tamarense, which is observed 
to increase toxin production in the presence of nTiO2.272 Perhaps more notably, 
particularly in regards to the control of biofouling, the changes in biofilm community 
structure and presence of AgNPs led to decreased larval settlement of mussels by 
>30% compared to the untreated control.177 Similar findings have been observed in 
exposure to nTiO2.180 Such findings highlight the dynamic nature of direct and indirect 
effects that may arise from NM exposure, as well as displaying the potential for NMs 
to act as an effective antifouling agent.  
 
Nano-sized CeO2 has previously been shown to display antimicrobial effects98, 143, 151, 
199, 368 and evidence for its adverse effect upon biofilms exists.368 Whilst, in the 
previous chapter nCeO2 (≤10 mg L-1) exerted little impact on the marine 
cyanobacterium Prochlorococcus under natural conditions, when applied within a 
surface coating treatment, microorganisms will encounter a high localised 
concentration of relatively stable nCeO2, where negative impacts are more likely. In 
comparison, bioavailability of nCeO2 is reduced in planktonic cultures by processes 
of nanoparticle aggregation and sedimentation over time (see sections 3.2.3.1 and 
3.2.3.4). The relatively low solubility and therefore slowed dissolution98 of nCeO2 
means that it presents a strong candidate for use in antimicrobial surface coatings with 
a lowered environmental impact. In this chapter, the antifouling properties of novel 
surface coatings incorporating cerium oxide-based nanoparticles developed by 
Energenics Europe Ltd. was tested under relevant field conditions. A novel approach 
comprising of 16S/18S rRNA amplicon sequencing and total nutrient analysis was 
supported by advanced imaging techniques to provide new insight on the effects of 











Aluminium panels (AQ-2.36-5.51) were purchased from Q-Labs. The 60x140x0.32 
mm panels were subsequently cut down to 8x30x0.32 mm on-site and washed with 
acetone before surface coatings were applied. NMs utilised in the study were 
synthesised and provided by Energenics Europe Ltd. Two cerium oxide- based 
nanoparticle formulations were used in this work; i) nano-sized nCeO2 (NP1) and ii) 
copper-doped nCeO2 with the composition of Cu0.2Ce1.8O2 (NP2). Other 
nanoparticle characteristics are commercial protected by Energenics Europe Ltd. 
Surface-coatings were subsequently formulated and applied to aluminium strips by 
Energenics Europe Ltd. Here, two base surface coatings were used; chlorinated rubber 
paint to which NP1 only was added, and alkyd resin mixed with NP1 or NP2. For 
chlorinated rubber paint coatings, ARC-RITE Paint was purchased from an online 
retailer and mixed with NP1 dispersion to provide a final concentration of 1.9%. 
Subsequently, aluminium strips were dip-coated with either chlorinated paint only (no 
nanoparticles), acting as a control, or NP1-paint formulations and air-dried for 60 
mins. For resin samples, Alkyd resin (Vilkyd 220W75) was mixed with aliphatic 
solvent D80 and NP1 or NP2 dispersions respectively, to provide a final concentration 
of 1.9% w/v. Alkyd resin controls, containing no nanoparticles, were prepared by 
mixing alkyd resin with Octa-soligen Cobalt 10 (as the drier for the alkyd resin) and 
alphatic solvent D80. Aluminium strips were dipped in alkyd resin formulations and 
air-dried for 10 mins. Subsequently, alkyd resin coatings were placed in a 60°C oven 
for 60 mins. Polyethylene piping used to construct the framework for experimentation 
was purchased from a local retailer and was constructed at the field site. Laboratory 
grade formaldehyde (33%) was purchased from Sigma Aldrich and used at a final 
concentration of 4%. Lysis buffer and DNeasy PowerBiofilm DNA extraction kit was 









4.2.2 Investigating the effects of novel nCeO2 surface coatings upon marine 
biofilm formation. 
 
a)  Experimental set-up 
Surface-coatings incorporating cerium oxide-based nanoparticles NP1 and NP2 were 
applied to bare aluminium strips and fixed to fishing line. A total of six surface 
coatings were tested, including three incorporating nanoparticles formulated by 
Energenics Europe Ltd. Treatments were compared to a bare aluminium control with 
no surface coating applied (see Table 4.1). Replicate strips of each treatment were 
fixed to a single length of fishing line and subsequently attached to a polyethylene 
framework at equal height in preparation for environmental exposure (Fig 4.1). 
 
Figure 4.1. Experiment set-up utilised during fieldwork. Metal strips were attached to 
polyethylene frame and suspended in surface water for a period of 21 d. Following incubation, 
samples were removed from the framework and placed into eppendorfs containing; a) 1.5 mL 
lysis buffer to be used for 16S and 18S rRNA amplicon sequencing, b) 1.5 mL Milli-Q ultrapure 





A site representing a typical recreational port was selected in Badia de Palma, 
Mallorca, Spain (39.499964, 2.750736, Fig 4.2). This site is in constant use by 
recreational boat users and is therefore appropriate as a site for field testing of 
antifouling properties. Here at 0 h, the framework containing all samples was 
submerged in port surface water and secured in position by a bungie line to an adjacent 
boat. The exposure was carried out for 21 d during August 2018. Following exposure, 
the framework was removed from the water and the surface-coated aluminium strips 
were prepared for analysis by transferring samples and associated biofilm into 2 mL 
eppendorfs containing one of three media: A) 1.5 mL lysis buffer for subsequent DNA 
extraction; B) 1.5 mL Milli-Q ultrapure water to prepare samples for nutrient analysis; 
C) Formaldehyde (4%) to fix biofilms for imaging. Immediately after sample 
collection, those samples to be used for DNA extraction and nutrient analysis were 
stored at -20°C. All samples were transported back to the UK for analysis at the 






Figure 4.2. Location of field experiment; recreational port, Badia de Palma, Mallorca, Spain 




Table 4.1. Summary of treatments used during 21-day environmental exposure. 
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b)  16S/18S rRNA amplicon sequencing 
 
To investigate any alteration to the biofilm community formed in the presence of 
nCeO2 surface coatings, amplicon sequencing of the 16S and 18S rRNA genes was 
carried out to provide a profile of bacterial and eukaryotic organisms present within 
each biofilm sample. DNA extraction was carried out using the DNeasy Power 
Biofilm extraction kit (Qiagen) according to the manufacturer’s instructions, adding 
an additional bead beating procedure to ensure all biofilm material was well-lysed. 
Here, following one round of bead-beating a sterile blade was used to remove surface 
coatings containing the biofilm from each aluminium strip before the bead-beating 
procedure was carried out once more and the DNA extraction protocol continued. 
Quantities of DNA obtained from each sample were confirmed using a Qubit® HS 
DNA kit (Life Technologies Corporation) and extracted DNA samples stored at -




described in section 3.1.2.9 in order to amplify the 16S rRNA v4-5 regions, and 18S 
rRNA v8-9 regions respectively.283, 284 As previous, the Illumina MiSeq system with 
v3 reagent kit was used for sequencing, and data processing and downstream 
bioinformatics analysis was carried out as described in section 3.1.2.9 using 
MicrobiomeAnalyst software.288, 289 An average of 7822 and 26744 reads for 16S and 
18S rRNA datasets were obtained for analysis respectively. Three samples for 16S 
rRNA data, and one sample from 18S rRNA data which contained less than 1000 reads 
were removed from downstream analyses. Sequence files have been deposited in the 
NCBI Short Read Archive (SRA) database under Bioproject: PRJNA690566. 
 
c) Nutrient analysis 
 
To prepare samples for nutrient analysis, samples were left to defrost at room 
temperature for 30 mins. Subsequently, ~50 µg zirconia/silica beads (1 mm) were 
added to each sample and samples were homogenized for 30 s using a tissue 
homogenizer, to remove the biofilm and break up the surface coating. Three additional 
test controls consisting of Milli-Q ultrapure water were also processed to ensure the 
presence of beads did not alter results of nutrient analysis. This homogenisation 
process was subsequently repeated. Under sterile conditions the surface coating and 
associated biofilm was removed from the aluminium strip using a sterile laboratory 
blade and tweezers in a similar manner to that used in the DNA extraction process, 
described above. Aluminium strips were subsequently discarded. Samples were then 
homogenized as previous for a further two cycles to ensure maximal removal of the 
biofilm from the surface coating. To remove large pieces of debris and beads, samples 
were left to settle on ice for 20 mins. Subsequently, 1 mL of sample was carefully 
removed from the supernatant and diluted 25x in Milli-Q ultrapure water for analysis. 
All samples were then run on a Shimadzu TOC/TN Nutrient Analyzer under magnetic 
stirring to ensure samples were well mixed throughout the analysis. Five readings were 
taken from each sample for both Total Organic Carbon (TOC) and Total Nitrogen 
(TN), from which an average was taken. Milli-Q ultrapure water samples were 







d) Biofilm quantification by 3D imaging and COMSTAT analysis 
 
Preparation of biofilm samples for imaging was carried out under darkness. First, 
metal strips and associated biofilms were removed from tubes containing 4% 
formaldehyde and washed three times in artificial seawater (ASW) for 15 mins. 
Subsequently, biofilms were stained with 1X SYBR Gold for 30 mins. Following this, 
washing was carried out three times as previous in ASW. Following washing, metal 
strips were carefully tapped onto absorbent paper to remove any residual water and 
one side of the metal strip was randomly selected and glued to a microscope slide. 
Subsequently, several drops of Antifade (ThermoFisher) were added across the 
exposed surface and a cover slip applied to the entire metal strip. Prepared slides were 
then dried horizontally for 48 h prior to imaging. To image the biofilms a Nikon 
Widefield Fluorescence Microscope was used with z-stack image capture, operated at 
40x magnification. Images were taken under GFP fluorescence. Five z-stack images 
were captured across each biofilm, recording an image every 1 µm throughout the z-
axis of the biofilm. Subsequently, COMSTAT2 analysis (http://www.comstat.dk/) 
was used to determine values for biofilm biomass, depth, and percentage area cover 
as previously described.375, 376 Mean values for each parameter obtained from the five 
z-stack images were calculated for each sample respectively. 
 
 
4.3 Results and Discussion 
 
Novel surface coatings incorporating nCeO2 (NP1) and copper-doped nCeO2 (NP2) 
nanoparticles were applied to aluminium strips and submerged into natural seawater 
within a recreational port in Mallorca, Spain, in order to examine antifouling 
properties and impact upon marine biofilm formation under appropriate field-testing 
conditions. NP2 particles were doped with copper to enhance their antifouling effect, 
given the well-established antimicrobial nature of dissolved copper and copper-based 
nanoparticles.279, 377 Two base surface coatings were examined, chlorinated rubber 
paint to which NP1 had been added, and alkyd resin treated with NP1 or NP2.  Bare 
aluminium strips, and those treated with surface-coatings not containing the 





Natural marine biofilms were allowed to form over a period of 21 d, and upon visual 
observation well-established biofilms had grown on all samples. Through 
investigation of biofilm communities via amplicon sequencing, further evidence has 
been provided to show that surface characteristics of a particular substrate play a key 
role in determining the resultant biofilm community stucture.336, 378, 379 However, the 
novel antifouling surface coatings incorporating nanoparticles appeared to have 
limited effect upon biofilm formation or their biodiversity compared to base coatings 
where the nanoparticles are absent (i.e., chlorinated rubber paint and alkyd reason 
controls). Rather, biofilm communities established upon surface-coated surfaces 
appear distinct to those grown on bare aluminium, regardless of the presence of 
nanoparticles. Further analyses at lower taxonomic levels, in conjunction with analysis 
of the total nutrient content of biofilms, suggests that the presence of nanoparticles 
may act to drive subtle changes in the biofilm community, which upon increasing 
concentration may cause enhanced effects. Such data, provides preliminary data to 
inform on the design of novel ‘ecologically-friendly’ antimicrobial surface coatings, 
for which high demand exists,338 and recommendations for future experimentation. 
 
4.3.1 The impact of surface coating upon marine biofilm community dynamics 
 
a) Bacterial diversity and community composition 
The diversity of bacterial communities did not significantly differ between treatments 
in terms of both species’ evenness and species richness (see Table 4.2). Unfortunately, 
due to removal of samples consisting of <1000 reads, only two replicates of the alkyd 
resin treated with NP1 treatment were available, and hence this treatment was removed 
from further analyses of the 16S rRNA dataset. Two-way T-tests comparing the 
species richness between bare aluminium controls and surface-coated samples, as well 
as between surface coating controls and those treated with nanoparticles revealed no 
statistical alteration for any measure of alpha diversity. Principle component analysis 
(PCA) based on Bray-curtis dissimilarity (Fig 4.3) displayed a distinct grouping of 
treatments, notably bare aluminium controls appeared to group away from all surface-
coated samples regardless of the presence or absence of nanoparticles 




communities formed on respective paint and resin- coated surfaces in the presence or 
absence of NP1 or NP2. 
 
Table 4.2. Alpha diversity of 21-day old marine biofilm bacterial communities. 
   Species Richness Species Evenness 
Sample n ASVs Chao 1 ACE Shannon Simpson 
Metal_C 4 1254.75 ± 314.07 1381.26 ± 253.84 1497.25 ± 238.74 5.68 ± 0.26 0.99 
Paint_C 3 1312.33 ± 140.76 1258.29 ± 168.28 1336.37 ± 162.97 5.90 ± 0.17 0.99 
Paint_NP1 5 1449.40 ± 186.68 1389.17 ± 192.94 1468.22 ± 180.64 5.79 ± 0.27 0.99 
Resin_C 5 1288.40 ± 274.44 1267.46 ± 256.86 1355.43 ± 258.61 6.00 ± 0.19 0.99 
Resin_NP2 5 1476.60 ± 340.99 1469.59 ± 333.45 1537.23 ± 326.72 5.89 ± 0.35 0.99 
 
Figure 4.3. PCA plot of 16S rRNA data based on Bray Curtis dissimilarity PERMANOVA 
analysis: F-value: 2.2566, R-squared: 0.38531, p-value <0.001. Data points belonging to 
individual samples are coloured according to their respective treatment. Metal_C - Bare 
aluminium control (Red) n=4; Paint_C - Chlorinated rubber paint control (Gold) n=3; Paint_NP1 
- Chlorinated rubber paint treated with nCeO2 (Green) n=5; Resin_C – Alkyd resin control 
(Turquoise) n=5; Resin_NP2 – Alkyd resin treated with Cu-doped nCeO2 (Blue) n=5; 





The relative abundance of respective bacterial phyla present in each treatment is 
presented in Figure 4.4. As can be seen, Proteobacteria, Bacteroidetes and 
Planctomycetes were most abundant, when combined these represented 84-92% of the 
bacterial community. Both Proteobacteria and Bacteroidetes have previously been 
recorded to dominate bacterial assemblages within biofilms formed in the 
Mediterranean.380, 381 To examine changes in the relative abundance of phyla between 
treatments, two-way T-tests were carried out between treatments and the bare 
aluminium control, as well as between surface coating controls (i.e., chlorinated 
rubber paint and alkyd resin with no nanoparticles) and respective nanoparticle-
treatments. To further examine the impact of the addition of nanoparticles on biofilm 
community structure DeSeq2 differential abundance analysis was additionally used.382   
 
Figure 4.4. Relative abundance (%) of major phyla present in 16S rRNA samples grouped per 
treatment: Metal_C - Bare aluminium control (n=4); Paint_C - Chlorinated rubber paint control 
(n=3); Paint_NP1 - Chlorinated rubber paint treated with nCeO2 (n=5); Resin_C – Alkyd resin 
control (n=5); Resin_NP2 – Alkyd resin treated with Cu-doped nCeO2 (n=5); Resin_NP1 – 
Alkyd resin treated with functionalized nCeO2 (n=2). Data is presented as the mean relative 




Primarily, significant alterations were identified between the bare aluminium control 
and surface-coated samples, irrespective of the presence of nanoparticles. 
Comparatively, little difference was seen upon comparison of bacterial communities 
formed on paint or resin surfaces in the presence or absence of nanoparticles. Most 
notably, significant decreases in the relative abundance of the abundant Bacteroidetes 
and Planctomycetes phyla were identified on all surface-coated samples compared to 
bare aluminium.  
 
The Bacteroidetes phylum, which comprised approximately one third of the bacterial 
community in all treatments was on average reduced in surface-coated samples 
compared to the bare aluminium control respectively (Fig 4.5). Two-way T-tests 
revealed this decline to be significant only when nanoparticles were present (p£0.05), 
indicating some effect of NP1 and NP2 upon the biofilm community formed upon 
Figure 4.5. Relative Abundance (%) of major the Bacteroidetes orders; Flavobacteriales, 
Chitinophagales and Cytophagales, grouped per treatment: Metal_C - Bare aluminium control 
(n=4); Paint_C - Chlorinated rubber paint control (n=3); Paint_NP1 - Chlorinated rubber paint 
treated with nCeO2 (n=5); Resin_C – Alkyd resin control (n=5); Resin_NP2 – Alkyd resin 
treated with Cu-doped nCeO2 (n=5). Data is presented as the mean ± standard deviation. Crosses 
indicate significant differences in the relative abundance of the entire Bacteroidetes phylum 
between bare aluminium control and surface-coated samples (two-way T-test, p£0.05). Stars 
indicate where relative abundance of each individual order differs significantly between bare 




paint and resin treatments, respectively. Here, relative abundance of Bacteroidetes was 
reduced up to 8% compared to the bare aluminium control, declining to a similar 
extent in NP1 and NP2 treatments. The Bacteroidetes are believed highly adapted to 
surface living, but are thought to primarily contribute to secondary colonisation, 
feeding upon primary colonising species.383 As such, a decline in the Bacteroidetes 
may not reduce overall biofouling of a surface as these are likely to be replaced by 
other secondary colonisers. Further analyses at lower taxonomic levels revealed that 
the decline in Bacteroidetes was largely driven by a decline in Flavobacteria (Fig 4.5), 
which were significantly reduced in all surface-coated samples, irrespective of the 
presence of nanoparticles, decreasing in relative abundance by ~10% compared to 
samples formed on bare aluminium (two-way T-test, p£0.05). In contrast, the average 
relative abundance of the Chitinophagales and Cytophagales increased in respect to 
the bare aluminium control in all surface coatings, significant only for the 
Cytophagales present in chlorinated rubber paint samples treated with NP1 (two-way 
T-test, p£0.05). 
 
Flavobacteria are believed to be key to the functioning of marine biofilms and thrive 
when phytoplankton are abundant.380, 384 These species are known to degrade a wide 
range of organic materials, playing an important role in nutrient cycling within the 
biofilm.385 Previous network analysis of marine biofilm communities, carried out by 
Pollet et al. (2018), revealed that removal of Flavobacteria from a biofilm could cause 
a loss of connectivity between species and hence loss of other taxa.380 As such, the 
decline in Flavobacteria due to the application of a surface coating, be that paint or 
resin-based, may act to compromise biofilm community development. Flavobacteria 
have previously been recorded to decrease in abundance within marine biofilms grown 
on PDMS in the presence of MO NMs.180 Here, alterations in biofilm community 
composition were observed to significantly decrease the settlement of invertebrate 
larvae.180 The decline in Flavobacteria was observed to be Family-specific, with the 
Flavobacteriaceae particularly affected (Fig 4.6A). The abundance of 
Flavobacteriaceae appears to drive the reduction in the Bacteroidetes phylum, 
displaying an approximate 20-30% decrease in relative abundance of total 
Bacteroidetes members on all surface-coated samples in respect to the bare aluminium 




Cryomorphaceae (Fig 4.6C), also a member of the Flavobacteriales, was significantly 
increased in surface-coated samples (two-way T-test, p£0.05). The significant rise in 
Cytophagales observed in chlorinated rubber paint samples, described above, can be 
attributed to the respective 10-13% increase in relative abundance of 
Cyclobacteriaceae (Fig 4.6D) (two-way T-test, p£0.05).  
 
Figure 4.6. Relative abundance (%) of each respective Family within the Bacteroidetes phylum 
(A). Panels B-D display the respective relative abundance of the Flavobacteriacaea, 
Cryomorphaceae and Cyclobacteriaceae individually. Here, crosses indicate where two-way T-
tests reveal a significant difference in the relative abundance of each Bacteroidete family 
between bare aluminium control and surface-coated samples (p£0.05). Metal_C - Bare 
aluminium control (n=4); Paint_C - Chlorinated rubber paint control (n=3); Paint_NP1 - 
Chlorinated rubber paint treated with nCeO2 (n=5); Resin_C – Alkyd resin control (n=5); 




The Planctomycetes were also recorded to be relatively less abundant within biofilm 
communities formed on surface coatings compared to bare aluminium (Fig 4.7). This 
distinctive bacterial group are believed to be well-adapted to substrate-associated 
living, and appear more abundant in biofilms than in planktonic environments.386, 387 
Often, Planctomycetes are associated with diatom or algal cells, where they are 
thought to have the potential to provide secondary metabolites to these phototrophic 
organisms.388-390 Current limited data exists to accurately understand the ecological 
role of the Planctomycetes phylum,386 however research suggests that some taxa have 
potentially significant roles in global carbon cycling and nitrogen cycling 
processes.386, 387 As such, it is difficult to predict how their reduction in abundance is 
likely to affect the biofilm community. The Planctomycetes phylum made up ~13-
20% of identified bacterial taxa across all samples and were reduced on average when 
a surface coating was applied, significant for all apart from alkyd resin treated with 
Figure 4.7. Relative Abundance (%) of the Planctomycete phylum, grouped by treatment and 
represented by the three major Classes: OM190, Planctomycetacia and Phycisphaerae 
respectively. Metal_C - Bare aluminium control (n=4); Paint_C - Chlorinated rubber paint 
control (n=3); Paint_NP1 - Chlorinated rubber paint treated with nCeO2 (n=5); Resin_C – Alkyd 
resin control (n=5); Resin_NP2 – Alkyd resin treated with Cu-doped nCeO2 (n=5). Data is 
presented as the mean ± standard deviation. Crosses indicate where two-way T-tests reveal a 
significant difference in the relative abundance of the Bacteroidetes phylum between bare 
aluminium control and surface-coated samples (p£0.05). Stars indicate where relative abundance 
of each individual Class differs significantly between bare aluminium control and surface-coated 





NP2 (two-way T-test, p£0.05). Here, a decline in relative abundance of ~5-7% was 
observed, with effects more pronounced in paint compared to resin samples. As with 
the Bacteroidetes, this decline was again taxa-specific and varied with differing 
Planctomycete class (Fig 4.7). The OM190 class was significantly reduced in all 
surface-coated samples, irrespective of the addition of nanoparticles, compared to the 
bare aluminium control (two-way T-test, p£0.05). The greatest decline in the OM190  
class was observed in chlorinated rubber paint samples, where relative abundance 
decreased from 9.05% of total bacteria in the bare aluminium control to 5.51% in the 
paint control, and 5.47% in paint samples treated with NP1, respectively. The 
Planctomycetacia and Phycisphaerae were also significantly reduced in paint samples 
when NP1 was present or absent, compared to the bare aluminium control (two-way 
T-test, p£0.05), however no effect was observed in resin treatments.  
 
Also of note, cyanobacterial abundance displayed an approximately 3-fold increase in 
the chlorinated rubber paint treatment treated with NP1 compared to the bare 
aluminium control, increasing in relative abundance from 3.32% to 9.33% (two-way 
T-test, p£0.05). The Acidobacteria were significantly more abundant in the 
chlorinated rubber paint control relative to bare aluminium, increasing in relative 
abundance from 0.83-3.11% (two-way T-test, p£0.05). Overall, greater differences in 
bacterial community structure of biofilms caused by presence of a surface coating 
were apparent in chlorinated rubber paint samples compared to alkyd resin. 
 
Upon comparing the bacterial communities formed upon surface coatings in the 
presence of nanoparticles in respect to surface coating controls (i.e., paint and resin 
samples with no nanoparticles added), little variation was observed. For only one 
phylum, two-way T-tests revealed the relative abundance to vary significantly. In this 
case, the Spirochaetes phylum was reduced from 0.18% to 0.03% in alkyd resin 
samples in the presence of NP2 (two-way T-test, p£0.05). As mentioned, to identify 
any subtle impacts of the addition of NP1 or NP2 in chlorinated rubber paint and alkyd 
resin treatments, pairwise comparisons of differential abundance were also assessed 
using DeSeq2 analysis.382 This analysis identified a number of significant variations 
in abundance of various taxa present within chlorinated rubber paint samples and those 




abundance, <1%). Notable alterations include a reduction in the Caulobacterales in the 
presence of NP1 from 3.21% to 1.35% relative to the paint control (-1.54 log2FC) 
(p≤0.05). Interestingly, this decline was caused primarily by a decrease in relative 
abundance of the Hyphomonadaceae family, believed to be primary colonizing species 
which produce polysaccharide structures, enabling them to attach strongly to a 
substrate.391 These organisms are particularly well-adapted to attach to smooth 
structures and have been recorded to colonize microplastics.391 The significant 
reduction of this primary colonizing species upon the addition of NP1 in chlorinated 
rubber paint samples indicates some antibiofilm activity, which at higher 
concentrations may have implications for overall biofilm development if other similar 
taxa are affected. The Arenicelleles were also recorded to decline from 1.7% to 0.7% 
in the chlorinated rubber paint treatment when NP1 was present compared to the paint 
control (-1.18 log2FC) (p£0.05). Whilst the Oceanospirillales and Opituales (Family 
- Puniceicoccaceae) both displayed a log2 fold-change of +2.06, increasing in relative 
abundance on average from 0.32-1.44% and 0.49-1.95%, respectively in chlorinated 
rubber paint samples when NP1 was added (p£0.05). Additionally, the genera 
Lentimonas, belonging to the Verrucomicrobia, and the cyanobacteria 
Symphothece_PCC_700,2 were significantly increased in abundance 0.5% to 2.6% 
and 1.2% to 2.7% respectively, in the presence of NP1 within paint samples (p£0.05). 
In contrast, DeSeq2 analysis identified little difference between alkyd resin treatments 
in the presence or absence of NP2. Hence whilst findings are limited, effects of 
nanoparticles upon the bacterial community appeared enhanced in chlorinated rubber 
paint treated with NP1 compared to alkyd resin NP2 formulations. 
 
b) Eukaryotic diversity and community composition 
The diversity of the eukaryotic community displayed greater variation between 
treatments than observed with bacterial samples (Table 4.3). On average the number 
of ASVs identified was higher in surface-coated treatments compared to the bare 
aluminium control, with the exception of the alkyd resin treated with NP1. However, 
two-way T-tests revealed that the number of ASVs did not significantly differ between 
surface-coated samples and the bare metal control, irrespective of the presence of 
nanoparticles NP1 or NP2, or between surface coating controls (i.e., paint and resin 





Table 4.3. Alpha diversity of 21-day old marine biofilm eukaryotic communities. 
*Results presented as the mean value +/- standard deviation. (Yellow markers indicate where values 
significantly differ from the bare aluminium control; Orange markers indicate where nanoparticle-
treated samples significantly vary from their respective control coating (p<0.05)). 
 
   Species Richness Species Evenness 
Sample n ASVs Chao 1 ACE Shannon Simpson 
Metal_C 4 265.75 ± 64.11 276.39 ± 66.24 284.80 ± 67.62 2.58 ± 0.29 0.78 
Paint_C 4 325.75 ± 59.71 346.65 ± 64.74 284.80 ± 67.62 3.38 ± 0.33 0.92 
Paint_NP1 5 353.40 ± 76.37 387.24 ± 70.20 358.54 ± 62.29 3.24 ± 0.23 0.86 
Resin_C 5 313 ± 42.35 351.73 ± 52.31 396.66 ± 71.47 3.19 ± 0.18 0.88 
Resin_NP1 3 225.67 ± 50.62 234.03 ± 50.24 243.14 ± 51.08 3.17 ± 0.06 0.90 
Resin_NP2 5 329 ± 64.97 354.84 ± 65.15 360.07 ± 59.90 3.16 ± 0.18 0.89 
 
Chao1 species richness, only the diversity of biofilms formed on chlorinated rubber 
paint samples treated with NP1 differed significantly from the bare aluminium control 
(two-way T-test, p£0.05). Species richness was found to significantly decrease in the 
alkyd resin treatment in the presence of NP1 compared to the alkyd resin control for 
both Chao 1 and ACE measures of diversity (two-way T-test, p£0.05). The species 
evenness of 18S rRNA data showed greater variation between surface coated samples 
and the bare aluminium control. Both Shannon and Simpson indices displayed 
significant increases in species evenness in all surface-coated samples (two-way T-
test, p£0.05), irrespective of presence of nCeO2, indicating greater diversity in species 
abundance. However, no significant differences in species evenness were identified 
upon comparing surface coating controls with NP1 or NP2 treatments. Principle 
component analysis based on Bray-Curtis dissimilarity and associated PERMANOVA 
analysis (Fig 4.8) revealed little difference between the eukaryotic communities 
belonging to various treatments. 
 
 The relative abundance of eukaryotic phyla present in biofilm samples for each 
treatment is presented in Figure 4.9. As with observations upon bacteria, variations in 
the abundance of eukaryotic members of the biofilm community were primarily 
observed between those grown on bare aluminium and surface-coated samples, 





The eukaryotic assemblage of the 21 d old biofilms was dominated by the Ciliophora, 
which made-up 60-82% of eukaryotic taxa identified. This phylum represents the ‘top 
predator’ in microbial communities392 and play a key role in energy transfer to higher 
trophic levels.393-397 The Ciliophora usually become apparent within a biofilm once 
primary and secondary colonisation has been established,398, 399 providing bacterial 
and eukaryotic prey.400, 401 Hence, their abundance indicates that well-established 
biofilms had formed during the 21 d experiment. The abundance of specific Ciliophore 
taxa is shaped by the respective abundance of various prey, for which specific taxa are 
well-adapted to predate upon from both the water column and within the biofilm.400, 
401 In addition, Ciliophores are recorded to influence the extent of recruitment of 
various invertebrate larvae, hence impacting upon the resultant biofouling community 
established.402 These features as well as the fact that Ciliophores exhibit a rapid 
response to environmental change, has led to the phylum being regularly used in water 
quality assessment,403, 404 and hence their respective abundance in various surface 
Figure 4.8. PCA plot of 18S rRNA data based on Bray Curtis dissimilarity PERMANOVA 
analysis: F-value: 3.6997, R-squared: 0.4805, p-value <0.001. Data points belonging to 
individual samples are coloured according to their respective treatment. Metal_C - Bare 
aluminium control (Red) n=4; Paint_C - Chlorinated rubber paint control (Gold) n=4; Paint_NP1 
- Chlorinated rubber paint treated with nCeO2 (Green) n=5; Resin_C – Alkyd resin control 
(Turquoise) n=5; Resin_NP2 – Alkyd resin treated with Cu-doped nCeO2 (Blue) n=5; 






coating treatments may provide inside into antibiofilm properties. However, limited 
effects on the relative abundance of the Ciliophora phylum was recorded.  
 
Across the dataset 3-11% of the community was not assigned to the phylum level 
during taxonomic assignment. Although measures of species evenness indicated that 
biofilm communities formed on bare aluminium surfaces displayed significantly 
lowered diversity, only low abundant phyla (relative abundance, <2%) were observed 
to vary significantly between bare aluminium and surface-coated samples. 
 
Few significant differences in the relative abundance of eukaryotic phyla were 
identified upon comparing communities formed on chlorinated rubber paint or alkyd 
resin- coated samples in the presence or absence of nanoparticles. No statistically 
Figure 4.9. Relative abundance (%) of major phyla present in 18S rRNA samples grouped per 
treatment. Metal_C - Bare aluminium control (n=4); Paint_C - Chlorinated rubber paint control 
(n=4); Paint_NP1 - Chlorinated rubber paint treated with nCeO2 (n=5); Resin_C – Alkyd resin 
control (n=5); Resin_NP2 – Alkyd resin treated with Cu-doped nCeO2 (n=5); Resin_NP1 – 






significant variations were identified between relative abundance of various 
eukaryotic phyla within biofilms formed on samples belonging to the alkyd resin 
control and the alkyd resin NP1 treatment, when analysing data using two-way T-tests 
of relative abundance or DeSeq2 analysis, suggesting limited antifouling properties of 
NP1 nanoparticles within the alkyd resin matrix. Presence of NP2 in resin treatments 
was associated with a significant reduction in the relative abundance of the 
Platyhelminthes from 2.12% to 0.13% in respect to the alkyd resin control (two-way 
T-test, p£0.05), representing a log2 fold change of -4.37 (p≤0.05). The 
Platyhelminthes are typically parasitic organisms which prey upon a variety of biota 
including ciliates, rotifers and amebae,405 A reduction in parasitic taxa may act to 
enhance health of the biofilm, hence this effect may not benefit any antifouling 
impacts of the alkyd resin coating treated with NP2. The abundance of the 
Prymnesiophyceae was also found to differ significantly between the alkyd resin 
control and the alkyd resin NP2 treatment, increasing in abundance from 0.30% to 
0.67% (two-way T-test, p£0.05), representing a log2 fold change of +0.99 (p≤0.05). 
These phototrophic organisms comprise species including the coccolithophores and 
are often ecologically important taxa in coastal environments.406 Some 
Prymnesiophyceae taxa are bloom-forming, including toxic bloom formation,406 
hence their increase in abundance is likely to not improve antifouling properties of the 
surface coating, however this phyla remains relatively low abundant (<1%). Results 
suggest a slight enhanced impact of NP2 compared to NP1 within the alkyd resin 
surface coating treatment upon biofilm community dynamics, perhaps attributed to the 
presence of copper within nanoparticles which may leach Cu2+ ions into the biofilm 
or surrounding waters. However, as reported, impacts upon individual taxa are varied 
so it is difficult to assess overall antifouling qualities of either nanoparticle type. 
 
Three eukaryotic phyla were identified to be significantly altered by the addition of 
NP1 in chlorinated rubber paint treatments. Most notably the presence of the most 
abundant phylum, Ciliophora, was found to significantly increase in the presence of 
NP1 compared to the chlorinated rubber paint control by ~20% (two-way T-test, 
p£0.05). In the longer-term, the increased abundance of Ciliophores in the presence of 
NP1, may act to alter the recruitment of invertebrate larvae as the biofilm matures, as 




predation by the abundant ciliates. In addition, the relative abundance of the 
Ochrophyta was recorded to increase from 1.62% to 3.46% upon the addition of NP1 
(two-way T-test, p£0.05). This significant increase in Ochrophyta in was also recorded 
using DeSeq2 analysis (p≤0.05). The relative increase in abundance of phototrophic 
Ochrophyta taxa in the NP1 treatment, which includes groups such as the diatoms, 
provides a source of prey for higher trophic levels and may play a part in the increase 
in Ciliophora abundance also recorded. DeSeq2 analysis also identified the relatively 
abundant Porifera (Class: Demospongiae) to decrease in relative abundance from 
16.04% in paint control samples, to 4.15% in the presence of NP1, representing a 1.83 
log2 fold-decrease (p£0.05). Additionally, the Sabellida order were found to decrease 
-9.81 (log2FC) from 3.34% to 0.01% in RA (p£0.05). 
 
The data obtained from 16S and 18S rRNA amplicon sequencing highlights the 
dynamic nature of the biofilm community upon interaction with varying substrates. 
Application of surface coatings onto bare aluminium caused a significant response in 
the biofilm community. Communities formed upon bare aluminium appeared distinct 
to other treatments, likely a result of specific properties of the bare metal surface. 
Previous works suggest that some colonisers are better able to adhere to coated 
substrates than bare metal.407 Similarly, microbial attachment is believed reduced on 
metals compared to substrates with more hydrophobic and nonpolar properties.334 An 
important distinguishing feature between bare aluminium and surface-coated surfaces 
may be the formation of the conditioning film on each respective coating. Here, 
organic or inorganic components of the paint and resin matrices may have provided 
conditions more beneficial for microbial growth,334 thus driving the establishment of 
biofilm communities that varied from those on bare metal. It is also true that as a result 
of dissolution and oxidation, ionic aluminium species and alumina (Al2O3) may be 
released from bare aluminium following entry into seawater.408 Aluminium oxide has 
been previously recorded to exert toxic effects upon marine biota such as 
phytoplankton,409-411 and hence the presence of such ionic species may have played a 
role in the response observed upon bare metal presented herein. The oxidative release 
of ionic aluminium species is likely to also produce ROS. These toxic species are 
known to exert negative effects towards microbial species210 and may also play a role 




surfaces. Further investigation is required to reveal the exact mechanisms by which 
the distinct communities recorded here were established on each substrate 
respectively. 
 
4.3.2 The impact of surface coating upon total organic carbon and nitrogen 
content of marine biofilms 
 
To provide greater understanding of the impact of surface coatings incorporating NP1 
or NP2 upon marine biofilm formation and to support community analysis, the total 
organic carbon (TOC) and total nitrogen (TN) content of biofilms was recorded. 
Figure 4.9 displays the total organic carbon (TOC) and total nitrogen (TN) content of 
biofilms formed upon each surface coating investigated in this study. It must be noted 
that given the method of sample preparation and presence of coatings on treated 
samples, results may be altered by small portions of surface coating or zirconia/silica 
beads remaining in samples during analysis.  
 
Two-way t-tests were carried out to identify any statistical variation between values 
obtained from bare aluminium control and surface-coated samples, as well as between 
surface coating controls (i.e., chlorinated rubber paint and alkyd resin with no 
nanoparticles) and nanoparticle treatments. For all surface-coated samples, the TOC 
was higher than that of the bare aluminium control, statistically significant for all but 
chlorinated rubber paint samples treated with NP1 (two-way T-test, p£0.05). TN was 
also on average higher in all treatments, although only statistically significant for the 
alkyd resin control (two-way T-test, p£0.05). Given that increased extent of fouling 
will give rise to increased biological material, thus enhancing nutrient content, the 
higher TOC and TN content of biofilms suggests an increased extent of biofouling 
upon surface-coated samples compared to bare aluminium. Nutrient analysis appeared 
to reveal a subtle effect of the addition of cerium oxide-based nanoparticles upon 
marine biofilms. The presence of NP1 in chlorinated rubber paint samples, and NP2 
in alkyd resin samples was recorded to reduce both the TOC and TN on average in 
comparison to respective surface coating controls, suggesting a slightly lowered extent 
of biofouling. This is most notable for TOC values which were recorded to decrease 




resin coatings in the presence of NP1 and NP2, respectively. This represented 
respective 29.1% and 22.9% decrease in average TOC in presence of NP1 and NP2, 
suggesting a slightly enhanced antibiofouling impact of NP1 within the paint matrix 
as compared to NP2 added to alkyd resin. However, T-tests did not identify these 
decreases to be statistically significant (p=0.08, chlorinated paint and p=0.07, alkyd 
resin respectively). It is possible that should concentrations of NP1 and NP2 added to 
surface coating formulations be increased, this effect would become more apparent, 
and such data provides scope for further development and testing. Despite the 
limitations described, this technique has great potential in the field of ecotoxicology 
focussing upon aquatic microbial organisms and offers a quick, high-throughput, 
automated sampling technique that can provide key data relevant to microbial growth 




Figure 4.10. Total Organic Carbon (TOC) and Total Nitrogen (TN) content of marine biofilms 
formed upon aluminium strips with varying surface characteristics. Metal_C - Bare aluminium 
control (n=5); Paint_C - Chlorinated rubber paint control (n=4); Paint_NP1 - Chlorinated rubber 
paint treated with nCeO2 (n=5); Resin_C – Alkyd resin control (n=5); Resin_NP2 – Alkyd resin 
treated with Cu-doped nCeO2 (n=5). Data is provided as the mean ± standard deviation. Crosses 
indicate where the value differs significantly from the bare aluminium control (Metal_C) as 




4.3.3 3D microscopic analysis of marine biofilms grown on nCeO2 surface 
coatings. 
 
To complement amplicon sequencing and nutrient analysis experiments, it was the 
aim to use microscopic techniques to quantify biofilm characteristics (i.e., biomass, 
depth, percentage cover) using COMSTAT2 analysis, as has been done previously.375, 
412, 413 However, due to a number of limitations, it was not possible to acquire accurate 
and sufficient data using these methods. Here, biofilm depth, alongside warping and 
weathering of samples made image acquisition impossible on a number of samples 
due to the creation of an uneven surface, thus hindering the ability to focus the 
microscope. As such, data was only collected for a limited number of biofilm samples. 
Therefore, the results presented are displayed in support of other findings and for use 
in optimizing this sampling technique for future study. It was possible to perform 
COMSTAT2 analysis on 5 out of 12 samples, and a summary of the data obtained is 
presented in Table 4.4.  
 
For the bare aluminium control 1 (Metal_C), and alkyd resin treated with NP1 
(Resin_NP1) samples, only three z-stacks could be utilised for analysis; for all other 
samples five z-stacks were used. Measured parameters did not vary greatly between 
biofilms formed on surface coatings and bare aluminium. The average biofilm 
biomass was measured to range from 11.84 to 56.46 µm3/ µm2, with both values being 
recorded on bare aluminium samples. Taking into account all five samples analysed 
by the COMSTAT2 technique an average biomass of 32.04 µm3/ µm2 was observed. 
Similarly, upper and lower ranges of average biofilm thickness was observed in bare 
aluminium samples, ranging from 12.19 to 60.59 µm. Extent of biofilm area cover did 
not appear to vary greatly between individual samples, here an average area of 
68.10±4.01% was recorded to be covered by biofilm. Representative microscopic 
images from within individual z-stacks and associated COMSTAT2 output for biofilm 
thickness are presented in Figures 4.11-4.15, for each sample respectively. Fluorescent 
microscopy revealed the high extent of biofouling on samples and the presence of the 
EPS matrix (Fig 4.16). EPS was observed to create a fluorescent signal during 
analysis, so disrupting image acquisition. However, as EPS is part of biofilm matrix, 
it is debatable whether this should be included or excluded from data and calculation 




analysis is designed for bacterial samples, presence of eukaryotes, in particular larger 
organisms such as ciliates commonly observed in the study presented here, are also 
likely to have altered results. Despite these limitations, the use of such imaging 
techniques may provide useful information upon marine biofilm formation in future 
studies, particularly during early stages where biofilm depth is reduced, and bacteria 
dominate the assemblage. As such their incorporation into future experiments is 
recommended alongside complementary techniques.414 
 
Table 4.4. Summary of data obtained from COMSTAT2 analysis of 21 d marine biofilms grown 






















































































Figure 4.11. COMSTAT2 analysis of bare aluminium control 1 (Metal_C 1) z-stacks (n=3, A1-
A3) In panel A, a respective .tif image obtained during fluorescent microscopy is presented, 
taken from the mid-point of the z-stack being analysed. Panel B displays the COMSTAT2 output 
for biofilm thickness where blue areas indicate areas of low biofilm thickness, and red areas 
























Figure 4.12. COMSTAT2 
analysis of bare aluminium 
control 2 (Metal_C 2) z-stacks 
(n=5, B1-B5); In panel A, a 
respective .tif image obtained 
during fluorescent microscopy 
is presented, taken from the 
mid-point of the z-stack being 
analysed. Panel B displays the 
COMSTAT2 output for 
biofilm thickness where blue 
areas indicate areas of low 
biofilm thickness, and red 
areas represent those where 
























Figure 4.13. COMSTAT2 
analysis of chlorinated rubber 
paint control 1 (Paint_C 1) z-
stacks (n=5, C1-C5); In panel 
A, a respective .tif image 
obtained during fluorescent 
microscopy is presented, taken 
from the mid-point of the z-
stack being analysed. Panel B 
displays the COMSTAT2 
output for biofilm thickness 
where blue areas indicate areas 
of low biofilm thickness, and 
red areas represent those 





























Figure 4.14. COMSTAT2 
analysis of chlorinated 
rubber paint control 2 
(Paint_C 2) z-stacks (n=5, 
D1-D5); In panel A, a 
respective .tif image 
obtained during fluorescent 
microscopy is presented, 
taken from the mid-point of 
the z-stack being analysed. 
Panel B displays the 
COMSTAT2 output for 
biofilm thickness where blue 
areas indicate areas of low 
biofilm thickness, and red 
areas represent those where 



























Figure 4.15. COMSTAT2 analysis of alkyd resin treated with NP1 (Resin_NP1) z-stacks (n=5, 
E1-E5); In panel A, a respective .tif image obtained during fluorescent microscopy is presented, 
taken from the mid-point of the z-stack being analysed. Panel B displays the COMSTAT2 output 
for biofilm thickness where blue areas indicate areas of low biofilm thickness, and red areas 












4.4 Chapter Summary 
 
Marine biofouling remains an economical concern, and there is need for development 
of effective and “environmentally-friendly” antifouling surface coatings. In this study, 
chlorinated rubber paint and alkyd resin formulations were treated with cerium oxide-
based nanoparticles and applied to bare aluminium, in order to examine their impact 
upon marine biofilm formation under natural conditions. Diverse biofilm communities 
were established on all surface coatings tested, irrespective of the addition of 
nanoparticles, as well as upon bare aluminium. However, community structure of 
biofilms grown on bare metal appeared distinct, likely due to the substrate-specific 
properties of the bare aluminium surface earlier discussed.  
 
The addition of cerium oxide-based nanoparticles NP1 and NP2 to base surface 
coating formulations (i.e., chlorinated rubber paint and alkyd resin without 
nanoparticles) had limited additional impact on community structure. However, a 
number of subtle taxa-specific responses were recorded. Typically, alterations 
between community structure of biofilms formed upon bare metal and surface coatings 
were more pronounced on chlorinated rubber paint treatments compared to alkyd 
resin, irrespective of the presence of nanoparticles. Due to the lack of direct 
comparison between NP1 and NP2 in analysis of 16S rRNA data because of exclusion 
of the alkyd resin NP1 treatment, it is difficult to compare the effectiveness of NP1 
versus NP2, which was doped with copper. However, findings from 18S rRNA data 
Figure 4.16. Example images of biofilm communities stained with 1X SYBR Gold obtained 
using fluorescent microscopy under GFP fluorescence (10x magnification); Images A and B 
were obtained from bare aluminium control samples; image C was obtained whilst imaging the 




suggest an enhanced impact of NP2 on the structure of marine biofilm communities 
when included in alkyd resin formulations compared to NP1, likely due to the addition 
of copper which may leach into the biofilm or local environment. The addition of 
nanoparticles to surface coating formulations was observed to decrease average TOC 
and TN content of biofilms in respect to surface coatings without the nanoparticles, 
suggesting a reduced extent of biofouling and hence antifouling properties. It is 
possible that if concentrations of NP1 and NP2 were increased, this antifouling effect 
would be enhanced. In antifouling paints currently available, the active biocidal agent 
can be added at concentrations of up to 48% w/v,415 in this study a concentration of 
1.9% w/v was used, therefore it is feasible to suggest the surface coatings 
incorporating cerium oxide-based nanoparticles investigated herein would be more 
effective at the relatively high concentrations used in commercial products. 
 
The taxa-specific response recorded during 16S and 18S rRNA analysis, highlights 
the great difficulty facing researchers in developing anti-biofilm substances that will 
have a wide and lasting effect upon communities, whilst not exerting a harmful 
response upon other wildlife. The wide ranging diversity of organisms that are able to 
effectively colonise surfaces and variation in attachment strategies exacerbates this 
issue.338 By identifying taxa that appear more sensitive to a particular surface coating, 
it may be possible to gain useful insight into the possible mechanisms driving this 
response and apply this to produce more effective solutions in the future. For example, 
Flavobacteria recorded to significantly reduced by presence of a surface coating 
herein, appear a keystone species with marine biofilms, whose removal could 
compromise biofilm development. Alterations to the biofilm community may also 
impact upon invertebrate larval settlement, as observed by Yang et al. (2016) who 
reported that attachment of mussel larvae to biofilms was significantly lowered 
following both AgNP and nTiO2 exposure.177, 180 The colonisation of submerged 
surfaces in the aquatic environment occurs rapidly.416, 417 Specific taxa such as the 
Rhodobacteriales are reported to be key primary colonisers, establishing the initial 
biofilm community.417 Research suggests that due to succession and recruitment of 
secondary colonising bacterial species and eukaryotes, the biofilm community tends 
to converge over time so reducing variation between communities where initial 
colonisation was observed to vary.418 Therefore, it is feasible to suggest that in early 




treatments investigated during this study. Whilst the 21-d period utilised in this study 
allowed for the growth of well-established biofilm communities, a limitation of this 
sole timepoint is the inability to investigate initial stages of microbial colonisation and 
identify primary colonising species. Such information would allow for the specific 
targeting of antimicrobial agents towards those species which appear critical to the 
initial establishment of biofilm communities, and thus are key to biofouling. In future 
work assessing the effects of novel surface coatings, a range of timepoints spanning 
early and late succession stages will be beneficial. However, it remains that antifouling 
coatings must remain effective for relatively long periods, hence investigation over 
extended periods is still key. Despite the limitations discussed above, the approaches 
utilised in this study, offer a comprehensive investigation into biofilm properties and 



























Nano-pollutants – Big impact? 
 
5.1 Summary of findings 
 
Through the works presented in this thesis, new evidence has been provided upon the 
impact of engineered NMs commonly utilized in commercial goods towards marine 
microbial organisms, including some of the first ecotoxicological assessment carried 
out upon the ecologically significant cyanobacterium Prochlorococcus. A 
comprehensive approach was used to understand ecotoxicity of common NMs under 
environmentally relevant conditions, before elucidating mechanistic features of 
exposure using a combination of NM characterisation, molecular techniques, and 
imaging to assess both organismal and community fitness, as well as cell-nanoparticle 
interactions. The development of novel experimental approaches provides scope and 
recommendations for future research in the field of nano-ecotoxicology. 
 
In the first experimental chapter, the ecotoxicity of citrate-stabilised AgNPs was 
investigated. The global demand for AgNPs, and their inevitable release into the 
environment, is rapidly increasing. These NMs display antimicrobial properties and 
have previously been recorded to exert adverse effects upon marine phytoplankton. 
However, previous ecotoxicological research is often compromised by the use of non-
ecologically relevant conditions, and hence the mechanisms of AgNP toxicity under 
environmental conditions remains unclear. Whilst Prochlorococcus represents the 
most abundant photosynthetic organism on Earth and contributes significantly to 
global primary productivity, little ecotoxicological research has been carried out on 
this cyanobacterium. To address this, Prochlorococcus was exposed to citrate-
stabilised AgNPs, as well as silver in its ionic form, under simulated natural 
conditions. Both AgNPs and ionic silver were observed to reduce Prochlorococcus 
populations by over 90% at concentrations ³10 µg L-1, representing the upper limit of 
AgNP concentrations predicted in the environment (10 µg L-1).53 The extent of toxicity 




recording significant cell declines of up to 95% and 96% in the presence of dissolved 
silver (Ag2SO4) and AgNPs, respectively. Since in dissolved silver treatments, 
bioavailable silver was in its ionic form, whereas this was not the case in AgNP 
treatments, this indicated the occurrence of a nanoparticle-specific effect, warranting 
further investigation. Longer-term assessment revealed significant declines to be a 
perturbation which was irreversible. The extent of toxicity was strongly dependent on 
cell density, and completely mitigated in more cell-dense cultures. To aid analysis the 
number of AgNPs applied per cell (NPs cell-1) in each treatment was estimated, 
revealing a toxic threshold of 1000 NPs cell-1 for the AgNPs used in this work. Hence, 
the calculation and reporting of the particle-to-cell ratio reveals that this parameter is 
effective for standardisation of experimental work and allows for direct comparison 
between studies where cell density may vary. Through use of quenching agents for 
superoxide and hydrogen peroxide, alongside incubations with ionic silver, it was 
revealed that AgNP toxicity likely arises from synergistic effects of toxic superoxide 
species generation and leaching of ionic silver. Subsequent shotgun proteomic 
analysis revealed that at toxic concentrations (5000 NPs cell-1), approximately 20% of 
the cellular proteome of Prochlorococcus was significantly altered. Here, in 
accordance with the belief that SOx plays a key role in AgNP toxicity towards 
Prochlorococcus, the putative nickel-containing superoxide dismutase was 
significantly up-regulated in the presence of AgNPs in the cellular proteome. 
 
Metal oxide NMs represent the highest produced nano-compounds worldwide, utilised 
for many purposes that may facilitate their entry into the natural aquatic environment 
(e.g., fuels, sunscreens and cosmetic products). In the second experimental chapter of 
this thesis, the impact of common MO NMs (nTiO2 and nCeO2) upon model and 
natural marine microbial species was examined. Such materials have a clear pathway 
into the marine environment through the use of nTiO2 in cosmetics products such as 
sunscreen which enter the marine environment directly, or indirectly through release 
into wastewater, and use of nCeO2 as a fuel additive released by terrestrial and 
waterborne transport. Short term (<72 h) exposure revealed evidence of significant 
cell decline of the cyanobacterium Prochlorococcus in response to both nTiO2 and 
nCeO2 under environmentally relevant conditions (i.e., oligotrophic NSW and µg L-1 
NM concentrations). Following 72 h exposure, cell density of Prochlorococcus was 




72 h growth in cell-dense cultures grown in nutrient-rich Pro99 media as a result of 
such treatments. Protocols were established to extract nanoparticles from consumer 
nano-products, enabling the comparative toxicity of research-grade and consumer 
nanoparticles to be assessed. This work revealed evidence of significant declines of 
Prochlorococcus in response to such materials under natural conditions, however, 
these were lower in severity than those recorded in response to research-grade NMs 
under the same experimental conditions. Exposure of a natural community to such 
extracted products to an environmentally-relevant concentration (25 µg L-1), revealed 
little impact of exposure upon natural marine microbial communities. Rather, effects 
are heightened when whole product formulations are introduced to microbial species, 
indicating a negative impact of other components of the product formulation, and 
hence highlighting the importance of considering the whole product matrix during 
work with consumer nanoproducts. 
 
Interestingly, when MO NM exposures were extended to 240 h, a dynamic interaction 
between nanoparticles and microbial species was revealed. Under natural conditions, 
Prochlorococcus was observed to recover following initial significant cell decline in 
response to both nTiO2 and nCeO2, only experiencing negative impacts of exposure 
in response to supra-environmental concentrations (i.e., 100 mg L-1). This is unlike 
AgNP exposures, where declines of Prochlorococcus were irreversible. Hence, 
suggesting that the environmental risk of such NMs to marine microbial species under 
natural conditions is low. In contrast, cell-dense cultures which appeared more 
resilient in short-term exposure, appeared to suffer greater effects of MO NM 
treatments in the longer-term. Here, at concentrations relevant to the environment (i.e., 
10 and 100 µg L-1) nTiO2 was observed to significantly reduce cell density following 
240 h. DLS was used to monitor the behaviour of nTiO2 and nCeO2 upon entry into 
NSW. This revealed a rapid and extensive aggregation of nanoparticles in saline 
media, which resulted in the sedimentation of aggregated material. Indeed, during 
extended exposure, deposited material was observable in culture flasks. Fluorescent 
microscopy was used to confirm that deposited material comprised of 
Prochlorococcus entrapped within aggregates of nTiO2 or nCeO2, which had 
subsequently been removed from the water column via sinking. The mechanism of 
cell entrapment through NM aggregation and subsequent co-precipitation is believed 




significant cell declines observed in studies utilising high concentrations of MO NMs 
may well result from this process, where shading effects may also occur, 
compromising the photosynthetic activity of phototrophic organisms. This theory is 
supported by shotgun proteomic analysis, which revealed negligible impacts of nTiO2 
exposure upon the cellular or extracellular proteome of Prochlorococcus. Over time 
it is believed that through the processes of aggregation and sedimentation, the 
bioavailability of MO NMs such as nTiO2 and nCeO2 will be reduced. Therefore, we 
can predict that the risk of such materials to planktonic species will be reduced in the 
longer term, however these processes may facilitate the accumulation of NMs in 
benthic and sediment zones, where they may impact upon biota. The remarkably 
similar fate and impact of nTiO2 and nCeO2 recorded throughout this work, raises the 
possibility of a generalised behaviour of MO NMs in the marine environment, and 
hence provides useful information for evaluating their likely environmental risk. 
 
In the final chapter, works were extended to investigate the impacts of nano-enabled 
products upon marine biofilm formation. Novel nCeO2 antifouling surface coatings 
developed by an industrial collaborator were revealed to have little effect on biofilm 
formation or community structure. Noticeable differences were recorded between 
communities formed on bare metal compared to coated surfaces, in accordance with 
the literature outlining that specific surface characteristics determine colonisation. 
However, the presence of nCeO2 within surface coatings had little impact upon the 
diversity or composition of marine biofilm communities. Whilst limited information 
on the likely impact of such nano-enabled surface coatings was gained, the 
experimental approach utilised provides scope for future ecotoxicological 
experimentation. By combining 16S and 18S rRNA amplicon sequencing with 
imaging and nutrient analysis, a comprehensive insight into effects upon biofilm 
formation and structure can be gained. Here, the incorporation of early timepoints will 
better facilitate the understanding of initial colonisation processes. 
 
5.2 Evaluating the environmental risk of nanomaterials towards marine 
microorganisms. 
 
Engineered NMs represent an emerging contaminant. It is believed approximately 0.4-




represents the eventual sink. It is well established and is strongly supported by works 
presented in this thesis that NM fate and behaviour in experimental media largely 
drives their interaction and effect upon biota. The propensity of engineered NMs to 
aggregate in saline media has been displayed repeatedly in both the works presented 
in this thesis and published literature. Both metal and MO NMs have been shown to 
aggregate immediately upon entry into natural seawater, with the latter doing so in a 
more extreme manner. Whilst AgNPs remain in the water column where they exert 
detrimental effects upon planktonic species such as the cyanobacteria studied herein, 
the action of MO NM aggregation results in an increase in density of particles and 
facilitates their transport through the water column towards deeper zones due to 
sedimentation. This action reduces the bioavailability of such materials to planktonic 
species as time increases, thus reducing their risk of exposure, as seen in the works 
examining the toxicity of nTiO2 and nCeO2 herein. However, if such processes are to 
occur in the natural environment, the bioavailability of NMs to marine sediment-
dwelling and benthic species is likely to increase. Here, it is particularly important to 
increase research on the impact of exposure on sediment-dwelling and benthic 
microbes which have been little examined, as well as taxa occupying higher trophic 
levels such as filter-feeding organisms where bioaccumulation of NMs may occur. 
 
Based on the works presented in this thesis, the environmental risk of engineered NMs 
towards planktonic marine microbial species appears low. Toxic impacts are restricted 
to concentrations at the upper limit of those predicted to occur in the environment and 
supra-environmental values. Natural communities appear little affected by NMs 
extracted from consumer products which are likely to enter the coastal environment, 
as well as whole nano-product formulations, at environmental concentrations. The 
adverse impact of NMs upon the model cyanobacterium, Prochlorococcus examined 
in our work, is largely dependent upon material type (i.e., metal or metal-oxide) and 
their respective fate and behaviour in saline media, in accordance with previous 
research. However, given that significant impacts are only observed at relatively high 
concentrations, exceeding those predicted in the environment, it is unclear how the 
fate and behaviour of NMs at lower concentrations might influence their impact on 
biota in the natural environment. At lower concentration as NMs become more dilute, 
their likelihood of interaction with other natural particles and other NMs is reduced, 




observed herein are less likely to occur in nature. Efforts must be directed towards 
establishing effective methods to comprehensively understand the fate and behaviour 
of NMs at these low concentrations. 
 
Whilst NMs appear low risk at current environmental concentrations, such a 
conclusion may have been formed when discussing pollutants such as plastic debris 
many years ago, which has now developed into a global concern. Given that at supra-
environmental concentrations, NMs are recorded to exert detrimental effects, we have 
an opportunity to take early action to monitor and control their entry into the 
environment and therefore prevent negative effects occurring in the future. 
 
5.3 Research gaps and recommendations for future research 
 
As a result of the works presented in this thesis, a number of recommendations for 
future research in the nano-ecotoxicological field have been generated. As mentioned 
above, a major focus of nano-ecotoxicological study must be directed towards 
establishing effective analytical techniques to accurately record engineered NM 
concentrations in the environment.420 In addition, approaches which are able to 
comprehensively characterize the state of NMs in the environment (i.e., aggregation, 
oxidative state, dissolution) will be beneficial. It is likely such an approach will require 
multiple techniques working in tandem, for example in a similar manner to the use of 
DLS alongside pyrolysis GC-MS to identify nanoplastics in the North Atlantic.421 
 
Recently, there has been much discussion on the accuracy and environmental-
relevance of media used in laboratory investigation, as well as methods to develop 
effective standardisation and comparison of studies completed by various 
researchers.422 As part of a field-wide workshop, researchers proposed that a suite of 
laboratory prepared media should be used to simulate natural waters in future studies 
to provide enhanced consistency across the field.422 The use of such recommendations 
will aid comparability between studies, thus improving our understanding in model 
systems. However, the great variation that exists between different natural 
environments, dependent upon dynamic processes such as biological activity, tidal 
processes and freshwater discharge means that countless test media could be used to 




lakes or oceans).422 As such, whilst effective for standardisation, artificial media does 
not fully represent the complex nature of environmental systems.73, 80 In future, by 
observing behaviour of NMs and carrying out laboratory experimentation in natural 
waters collected directly from the environment, key insight into their fate within a 
natural system can be obtained, whilst also providing data to compare against and 
validate work carried out in recommended laboratory-prepared media. Here, it will be 
important to comprehensively characterise natural waters to enhance their wider use 
by the nano-ecotoxicology community. 
 
Given that it appears aggregation of NMs in the saline conditions of the marine 
environment is likely, albeit this will be influenced by NM concentration, a shift in 
focus of research to priority areas such as estuarine and coastal waters is required. 
Here, understanding the interaction between NMs and naturally occurring organic and 
particulate manner at environmental concentrations is key. It will be important to 
determine whether at lower concentrations, NMs remain in water column, or 
precipitate as observed in laboratory investigation. If the latter is to occur, the rate of 
sedimentation at environmental concentrations will be of great use in evaluating risk 
to planktonic species in particular. Hence, tracking the flux of NMs from water column 
to marine sediments and vice versa under representative conditions is key. Assuming 
NMs are transported to sediments, their impact upon sediment-dwelling organisms, 
and the potential for bioaccumulation through the food chain, should be addressed. 
 
Going forward nano-ecotoxicological studies must move towards the use of NMs 
representative of those likely to enter the environment.420, 423 The use of methods such 
as those presented in this thesis to extract NMs from product formulations provide 
scope to investigate the potential effects of exposure to a wide range of NMs utilized 
in nano-enabled products. Additionally, in this work the importance of considering 
whole product formulations of nano-enabled products is highlighted, which are likely 
to influence the outcome of exposure. Whilst such extracted materials better represent 
those NMs likely to enter the environment than pristine research-grade materials, they 
do not account for physicochemical transformations that may occur as NMs are used 
(e.g., combusted), enter WWTPs, are released into aquatic environments, or after 
interaction with organic or particulate matter. We require greater understanding of 




particles and biota.423 The impact of so-called end-product NMs and those ‘aged’ in 
the environment requires our focus as we determine the impact of such transformations 
on NM effect towards biota.423 However given the vast variety of engineered NMs 
utilised, protocols will have to put in place to prioritize materials for research.424 Here, 
the use of scoring schemes based on perceived hazards of various NMs may be 
required.424 
 
Research has largely focused upon single-species exposure under traditional toxicity 
assessment. Results are largely case-specific and limited to model organisms, hence 
the development of high-throughput approaches are required to increase the output to 
examine an increased number of species-NM interactions.425 Often cell-dense cultures 
are used, supplemented by nutrient-rich media, exposing microorganisms to NMs at 
cell numbers far higher than expected in the environment. In this thesis the influential 
role of subtle variations in cell density in altering outcome of ecotoxicity assessment 
is shown, and hence it is recommended that future research is carried out at ambient 
cell densities where any variation in cell density between experimental runs is 
accounted for by altering NM load. Use of omics approaches such as shotgun 
proteomics as used in this thesis provide great scope to examine the molecular 
response to NM exposure in a range of organisms. These methods provide great scope 
for future research across the field of ecotoxicology. The microbial community is 
dynamic, and its health relies on interspecies interactions and interaction with the 
natural environment. As such, to assess the risk of NMs in greater detail, community 
exposure is a great tool to identify any susceptible taxa, as well as to gain insight into 
likely impacts on community functioning at toxic and sub-lethal concentrations. To 
date, works in this area have mainly only been examined for AgNP exposure. 
Expanding this to investigate a range of NMs is required. 
 
It is also important to consider that environmental changes are occurring in the ocean, 
such as sea temperature rise and ocean acidification.426, 427 Recently, increased efforts 
are being placed into investigating what such changes might mean for NM toxicity. 
Increased water temperature appears to alter the manner by which biota interact with 
NMs, enhancing toxic responses such as disruption to photosynthetic processes.428 135, 
136 Therefore, as global seawater temperature rises populations inhabiting warmer 




processes at a greater rate than those in cooler waters. Similarly, Xia et al. (2018) 
found that ocean acidification increased the inhibitory effects of nTiO2 growth of 
marine microalga. Under more acidic conditions particles did not aggregate as freely 
and remained more stable in suspension, thought to increase the internalisation of 
particles into cells, inducing oxidative stress.306 Synergistic adverse effects of NM 
exposure and acidification have also been recorded in marine invertebrate species.107, 
429 In this era of environmental change it will be increasingly important to understand 
the interactions between anthropogenic contaminants and environmental changes. 
 
A great number of anthropogenic pollutants enter the marine environment, and hence 
NMs are unlikely to be the sole contaminant that biota interact with, particularly in 
coastal regions.430 NMs have been recorded to interact with a number of co-
contaminants in the aquatic environment.2, 105, 304, 311, 431-434 Materials such as nTiO2 
display high affinity for a number of metals and organic substances, enhancing toxicity 
of contaminants including TBT, PAHs and heavy metals in marine invertebrate 
species by increasing their bioavailability and facilitating their uptake.2, 105, 304, 311, 431, 
432 NMs have also been found to enhance the toxicity of other particulate material such 
as microplastics.433, 435 For example, growth of the diatom S. costatum was inhibited 
by co-exposure to CuNPs and microplastic particles.433 To further evaluate the likely 
impact of NMs in the natural marine environment, efforts should be made to 
investigate the likely synergistic effects of individual stressors upon wild species, as 
well as impacts upon the fate and behaviour of each respective contaminant which 
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A1.1 Chapter 2 Supplementary Information 
 
A1.1.1. Proteomics analysis of Prochlorococcus sp. MED4 exposed to AgNPs: 
Supporting data. 
 
Data tables supporting shotgun proteomic analysis of Prochlorococcus sp. MED4 
exposed to AgNPs are provided on the pages below. 
 
A full list of proteins, and associated function, identified during shotgun proteomic 


























RNA polymerase sigma factor 
33 kDa chaperonin 
Glycosyl transferase, family 2 
Photosystem I protein PsaD 
Riboflavin biosynthesis protein RibD 
Aminotransferase 
Circadian clock protein kinase KaiC 
50S ribosomal protein L18 
Possible uncharacterized restriction enzyme, interrupted-C 
Zeta-carotene desaturase 
ATP-dependent Clp protease, Hsp 100, ATP-binding subunit ClpB 
Photosystem I iron-sulfur center 
Carbamoyl-phosphate synthase large chain 
50S ribosomal protein L28 
Putative ATP-dependent Clp protease, Hsp 100, ATP-binding subunit ClpB 
DNA gyrase subunit A 
Indole-3-glycerol phosphate synthase 
Tyrosine binding protein 
Putative glycosyl transferase, group 1 
Protein 
Other/Undefined 
Basic cellular processes 






Basic cellular processes 
Other/Undefined 
Photosynthesis 
Basic cellular processes 
Photosynthesis 
Central Metabolism 
Basic cellular processes 
Basic cellular processes 
Other/Undefined 
Central Metabolism 




















































































































Chaperone protein HtpG 
DNA topoisomerase 1 
Adenylyl-sulfate kinase 
2-isopropylmalate synthase 
Possible cAMP phosphodiesterases class-II 





Protein translocase subunit SecA 
ATP-dependent zinc metalloprotease FtsH 
Alanine--tRNA ligase 
Transaldolase 
Putative chaperon-like protein for quinone binding in photosystem II 
Elongation factor P 
Chaperone protein DnaK 
Putative sulfate transporter 
Putative cell division inhibitor 
Magnesium transporter MgtE 
Protein 
Basic Cellular Processes 
Basic Cellular Processes 
Inorganic Nutrient Processing 
Central Metabolism 
Central Metabolism 
Basic Cellular Processes 
Central Metabolism 
Central Metabolism 
Energy Production and Conversion 
Basic Cellular Processes 
Membrane Transport 
Basic Cellular Processes 





































































































ATP synthase gamma chain 
Mg-protoporphyrin IX chelatase 
Replicative DNA helicase 
Sulfolipid (UDP-sulfoquinovose) biosynthesis protein 
Acetyl-coenzyme A carboxylase carboxyl transferase subunit beta 
30S ribosomal protein S1-like protein A 
50S ribosomal protein L22 
GMP synthase 
50S ribosomal protein L4 
50S ribosomal protein L7/L12 
Chromosome partition protein Smc 
Adenosylhomocysteinase 
Putative sulfate transporter 
Photosystem II reaction center protein I 
Cell division protein FtsZ 
30S ribosomal protein S2 
NDP-hexose 3,4-dehydratase 
Possible Major surface glycoprotein 
30S ribosomal protein S5 
50S ribosomal protein L5 
Protein 
Energy Production and 
Conversion 
Photosynthesis 
Basic Cellular Processes 
Central Metabolism 
Central Metabolism 
Basic Cellular Processes 
Basic Cellular Processes 
Central Metabolism 
Basic Cellular Processes 
Basic Cellular Processes 




Basic Cellular Processes 
Basic Cellular Processes 
Central Metabolism 
Basic Cellular Processes 
Basic Cellular Processes 





























































































Transcription termination/antitermination protein NusG 
Branched-chain-amino-acid aminotransferase 





50S ribosomal protein L4 
NDP-hexose 3,4-dehydratase 
Cell division protein FtsZ 
50S ribosomal protein L22 
ABC transporter, membrane component 
30S ribosomal protein S7 
Dihydrolipoamide acetyltransferase component of pyruvate dehydrogenase complex 
DNA-directed RNA polymerase subunit alpha 
30S ribosomal protein S5 
Putative iron ABC transporter, substrate binding protein 
3-oxoacyl-[acyl-carrier protein] reductase 
Histidine--tRNA ligase 
30S ribosomal protein S4 
Protein 
Basic Cellular Processes 






Basic Cellular Processes 
Central Metabolism 
Basic Cellular Processes 
Basic Cellular Processes 
Membrane Transport 
Basic Cellular Processes 
Central Metabolism 
Basic Cellular Processes 
Basic Cellular Processes 
Membrane Transport 
Central Metabolism 
Basic Cellular Processes 





























































































Chaperone protein DnaK 
Uncharacterized protein 
Cysteine synthase 
Dehydrogenase E1 component beta subunit 
 
 
ATP synthase subunit beta 
Pyruvate kinase 
60 kDa chaperonin 2 







50S ribosomal protein L13 
Putative potassium channel, VIC family 
Putative ATP-dependent Clp protease, Hsp 100, ATP-binding subunit ClpB 
 
 
Elongation factor Ts 
Protein translocase subunit SecA 
Bifunctional protein HldE 
Carboxysome shell protein CsoS2 








Energy Production and Conversion 
Central Metabolism 
Basic Cellular Processes 





Basic Cellular Processes 
Membrane Transport 


































































































ATP-dependent Clp protease ATP-binding subunit ClpX 
DNA-directed RNA polymerase subunit beta 
Chaperone protein HtpG 
Photosystem I reaction center subunit IV 
30S ribosomal protein S3 
50S ribosomal protein L18 
Glutamine--fructose-6-phosphate aminotransferase 
 
3-oxoacyl-[acyl-carrier protein] reductase 
Uncharacterized protein 
Possible Major surface glycoprotein 
50S ribosomal protein L24 
Uncharacterized protein 
Protein GrpE 
50S ribosomal protein L19 
Transketolase 
30S ribosomal protein S8 
30S ribosomal protein S12 
S1 RNA binding domain:Ribonuclease E and G 
 
30S ribosomal protein S21 
30S ribosomal protein S7 
Protein 
Basic Cellular Processes 
Basic Cellular Processes 
Basic Cellular Processes 
Photosynthesis 
Basic Cellular Processes 





Basic Cellular Processes 
Uncharacterized 
Other 
Basic Cellular Processes 
Carbon Fixation 
Basic Cellular Processes 
Basic Cellular Processes 
Basic Cellular Processes 
Basic Cellular Processes 








































































































































50S ribosomal protein L1 
Peptidyl-prolyl cis-trans isomerase 
50S ribosomal protein L14 
Circadian clock protein KaiB 
50S ribosomal protein L23 
30S ribosomal protein S16 
Ribosomal silencing factor RsfS 
50S ribosomal protein L16 
30S ribosomal protein S14 
Putative tRNA (cytidine(34)-2'-O)-methyltransferase 
50S ribosomal protein L15 
50S ribosomal protein L20 
Bacterial regulatory protein, LuxR family 
Endoribonuclease YbeY 
50S ribosomal protein L22 
50S ribosomal protein L7/L12 
50S ribosomal protein L28 
50S ribosomal protein L33 
UDP-N-acetylenolpyruvoylglucosamine reductase 
50S ribosomal protein L35 
Annotation 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 



















































































































30S ribosomal protein S4 
50S ribosomal protein L11 
30S ribosomal protein S5 
50S ribosomal protein L24 
SAM (And some other nucleotide) binding motif:Generic methyl-
transferase 
50S ribosomal protein L17 
50S ribosomal protein L29 
Possible Helix-turn-helix protein, copG family 
Translation initiation factor IF-3 
Cell division protein SepF 
30S ribosomal protein S2 
30S ribosomal protein S13 
Peptide deformylase 
10 kDa chaperonin 
UDP-N-acetylmuramoylalanine--D-glutamate ligase 
30S ribosomal protein 
50S ribosomal protein L10 
50S ribosomal protein L5 
30S ribosomal protein S7 
30S ribosomal protein S12 
Annotation 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 



















































































































Rod shape determining protein 
Signal recognition particle protein 
30S ribosomal protein S10 
Putative gluconeogenesis factor 
 D-alanine--D-alanine ligase 
30S ribosomal protein S9 
Cell division protein FtsZ 
Two-component response regulator 
50S ribosomal protein L3 
Possible Helix-turn-helix domain of resolvase 
50S ribosomal protein L9 
Possible Major surface glycoprotein 
DNA-directed RNA polymerase subunit alpha 
50S ribosomal protein L6 
Possible transcriptional regulator 
Elongation factor P 
tRNA N6-adenosine threonylcarbamoyltransferase 
60 kDa chaperonin 2 
50S ribosomal protein L13 
Queuine tRNA-ribosyltransferase 
Annotation 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 



















































































































Global nitrogen regulatory protein, CRP family  
DNA polymerase III subunit beta 
NUDIX hydrolase 
Cysteine--tRNA ligase 
Chaperone protein DnaJ 
Ribosomal RNA small subunit methyltransferase I 
Glycine--tRNA ligase alpha subunit 
Glutamyl-tRNA(Gln) amidotransferase subunit A 
DNA gyrase subunit B 
DNA topoisomerase (ATP-hydrolyzing) 
Circadian clock protein kinase KaiC 
Methionine--tRNA ligase 
Peptide chain release factor 3 
 60 kDa chaperonin 1 
ClpC 
Putative Rubisco transcriptional regulator 
Replicative DNA helicase 
Two-component response regulator 
DNA repair protein RadA  
Rod shape determining protein 
Annotation 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 
Basic cellular processes 






















































































































N5-carboxyaminoimidazole ribonucleotide mutase 
2-C-methyl-D-erythritol 4-phosphate cytidylyltransferase 
Short-chain dehydrogenase/reductase (SDR) superfamily 
Serine:pyruvate/alanine:glyoxylate aminotransferase 
Putative sugar-phosphate nucleotidyl transferase 




Putative pterin-4-alpha-carbinolamine dehydratase 
Probable O-succinylbenzoic acid--CoA ligase (OSB-CoA 
synthetase) 
Insulinase family (Peptidase family M16) 
Phosphoenolpyruvate carboxylase 
Ribose-5-phosphate isomerase A 
Ribulose bisphosphate carboxylase large chain 
Carbon dioxide-concentrating mechanism protein CcmK 
Ferric uptake regulator family 




















Basic cellular processes 



















































































































Putative short-chain dehydrogenase 
3-isopropylmalate dehydrogenase 
Chorismate synthase  
 Phytoene desaturase 
4-hydroxy-tetrahydrodipicolinate reductase 





Glycosyl transferase, group 1 
Glycosyl transferase, family 2  
Possible cAMP phosphodiesterases class-II 
3-oxoacyl-[acyl-carrier-protein] synthase 3 
Cobalamin synthesis protein/P47K 
Orotate phosphoribosyltransferase 
Pyruvate dehydrogenase E1 beta subunit 
4-hydroxy-3-methylbut-2-en-1-yl diphosphate synthase 
(ferredoxin) 
Putative O-succinylbenzoate synthase 








































































































































Acetyl-coenzyme A synthetase 
Orn/Lys/Arg decarboxylases family 1 
Putative carotenoid isomerase 
Isoleucine--tRNA ligase 







1,4-alpha-glucan branching enzyme GlgB 
Creatininase 
Fumarate hydratase class II 
Acetyl-CoA carboxylase, biotin carboxylase subunit 
Citrate synthase 
Aminotransferase 
Carboxyl-terminal processing proteinase 









































































































































Putative glycosyl transferase, family 2 
Phosphoribosylformylglycinamidine synthase subunit PurL 
Riboflavin biosynthesis protein 
Putative isoamylase 
GMP synthase [glutamine-hydrolyzing] 
S-methyl-5'-thioadenosine phosphorylase 
Glycosyl transferase, family 2 
Acetolactate synthase 





Riboflavin biosynthesis protein RibBA 
Proline--tRNA ligase 
Biosynthetic arginine decarboxylase 











































































































































Putative iron ABC transporter, substrate binding protein 
Putative urea ABC transporter, substrate binding protein 
ATP synthase epsilon chain 
Nitrogen regulatory protein P-II 
PhoH-like phosphate starvation-inducible protein 
Adenylate kinase 
Probable malate:quinone oxidoreductase 
ATP synthase subunit beta 
ATP synthase gamma chain 
NAD(P)H-quinone oxidoreductase subunit H 
ATP synthase subunit b 
Putative NADH Dehydrogenase (Complex I) subunit (Chain 6) 





Pyridoxal-dependent decarboxylase family protein 
Homoserine dehydrogenase 





Inorganic nutrient processing 
Inorganic nutrient processing 
Energy production and conversion 
Energy production and conversion 
Energy production and conversion 
Energy production and conversion 
Energy production and conversion 
Energy production and conversion 
Energy production and conversion 
Energy production and conversion 

























































































































Possible DsrE-like protein 
Type-1 copper (Blue) domain 
FAD linked oxidase, N-terminal 
Putative nucleoside-diphosphate sugar epimerase 
Possible nucleoside-diphosphate-sugar epimerase 
Protein Thf1 
Two-component response regulator 
Possible Heat-labile enterotoxin alpha chain 
UPF0367 protein PMM0124 
Possible Spectrin repeat 
Possible Integrin alpha cytoplasmic region 
Protein translocase subunit SecE 
Putative Na+/H+ antiporter, CPA1 family 
ABC transporter, ATP binding component, possibly for 
oligopeptides 
Putative sulfate transporter  
Signal peptide peptidase SppA (Protease IV) 
Possible ABC transporter 
ABC transporter, possibly multidrug efflux 
Putative potassium channel, VIC family 










































































































































Protoporphyrin IX magnesium chelatase, subunit chlH 
Photosystem II reaction center protein M 
Photosystem I P700 chlorophyll a apoprotein A1 
Photosystem I protein PsaD 
Ferredoxin-NADP oxidoreductase (FNR) 
Aromatic-ring hydroxylase (Flavoprotein monooxygenase)  
Light-independent protochlorophyllide reductase subunit B 
Photosystem I assembly protein Ycf4 
Photosystem I assembly protein Ycf3 
Cytochrome b6-f complex iron-sulfur subunit 
NAD(P)H-quinone oxidoreductase subunit K 
Photosystem II reaction center protein L 
Plastocyanin 
Thioredoxin peroxidase 
Peptide methionine sulfoxide reductase MsrA 
Glutathione S-transferase C terminus 
Thioredoxin 















































































































































































































































































































































































































































































































































































hypothetical protein [Prochlorococcus marinus] 
DNA repair enzyme [Prochlorococcus marinus str. EQPAC1] 
hypothetical protein [Prochlorococcus marinus] 
NAD(P)-dependent oxidoreductase [Prochlorococcus marinus] 
DUF3326 domain-containing protein [Prochlorococcus marinus] 
DUF565 domain-containing protein [Prochlorococcus marinus] 
hypothetical protein [Prochlorococcus marinus] 
DUF2996 domain-containing protein [Prochlorococcus marinus] 
nitrogen regulatory protein P-II [Prochlorococcus marinus] 
DUF3685 domain-containing protein [Prochlorococcus marinus] 
hypothetical protein [Prochlorococcus marinus] 
Folate-dependent protein for Fe/S cluster synthesis/repair in oxidative 
stress [Prochlorococcus marinus str. EQPAC1] 
CocE/NonD family hydrolase [Prochlorococcus marinus] 
hypothetical protein [Prochlorococcus marinus] 
alpha/beta hydrolase [Prochlorococcus marinus] 
SAM-dependent methyltransferase-like [Prochlorococcus marinus str. LG] 
membrane protein [Prochlorococcus marinus] 
Cell division protein FtsK [Prochlorococcus marinus str. EQPAC1] 
phosphotransferase [Prochlorococcus marinus] 




























































































DUF1825 family protein [Prochlorococcus marinus] 
transketolase [Prochlorococcus marinus] 
glutathione S-transferase family protein [Prochlorococcus marinus] 
nickel pincer cofactor biosynthesis protein LarC [Prochlorococcus 
marinus] 
ferredoxin-NADP reductase [Prochlorococcus sp. MED-G72] 
DUF3464 family protein [Prochlorococcus marinus] 
hypothetical protein [Prochlorococcus marinus] 
PH domain-containing protein [Prochlorococcus marinus] 
Hypothetical protein P9211_04751 [Prochlorococcus marinus str. MIT 
9211] 
DUF1995 family protein [Prochlorococcus marinus] 
DUF2488 family protein [Prochlorococcus marinus] 
secondary thiamine-phosphate synthase enzyme [Prochlorococcus sp. 
MED105] 
HlyC/CorC family transporter [Prochlorococcus marinus] 
hypothetical protein [Prochlorococcus marinus] 
DUF3318 domain-containing protein [Prochlorococcus marinus] 
tetratricopeptide repeat protein [Prochlorococcus marinus] 
SAM-dependent methyltransferase [Prochlorococcus marinus] 
hypothetical protein [Prochlorococcus marinus] 
DUF3172 domain-containing protein [Prochlorococcus marinus] 





















































































putative membrane protein [Prochlorococcus marinus str. P0903-H212] 
hypothetical protein [Prochlorococcus marinus] 
Conserved hypothetical protein [Prochlorococcus marinus subsp. pastoris 
str. CCMP1986] 
hypothetical protein [Prochlorococcus marinus] 
hypothetical protein [Prochlorococcus marinus] 
DUF2997 domain-containing protein [Prochlorococcus marinus] 
pentapeptide repeat-containing protein [Prochlorococcus marinus] 
hypothetical protein [Prochlorococcus marinus] 
hypothetical protein [Prochlorococcus marinus] 
DUF3120 domain-containing protein [Prochlorococcus marinus] 
hypothetical protein [Prochlorococcus marinus] 
DUF2862 domain-containing protein [Prochlorococcus marinus] 












































   





A1.2 Chapter 3 Supplementary Information 
 
A1.2.1. Investigating the effect of consumer nTiO2 upon natural marine 
communities: Additional Information 
 
a) Library Preparation  
 
The 16S rRNA gene v4-5 regions (515F-Y and 926R primers) and 18S rRNA gene 
v8-9 regions (V8F and 1510R primers) were amplified using the Q5® Hot Start High-
Fidelity 2X Master Mix (New England Biolabs® inc.). PCR conditions were as 
follows; 16S rRNA: 98°C (30 s), 25 cycles of: 98°C (10 s), 50°C (15 s), 72°C (20 s), 
72°C (5 min), and cool to 4°C; 18S rRNA: 98°C (3 min), 25 cycles of: 98°C (20 s), 
65°C (15 s), 72°C (15 s), and cool to 4°C. Following PCR, Ampliclean magnetic beads 
(Nimagen) were used to purify the PCR product. Normalisation was carried out using 
a SequelPrep® Normalisation Plate Kit (ThermoFisher Scientific). NEBNext Library 
Quant Kit for Illumina (New England Biolabs, UK) was used to pool and quantify the 
16S rRNA and 18S rRNA libraries before diluting to 4 nM. Subsequently, 0.2N NaOH 
was used to denature the libraries and the MiSeq Reagent Kit v3 (600 cycles; Illumina) 
was used for amplicon sequencing following the manufacturer’s instructions for a 
library of 14 pM, using phiX (2%) and an internal reference. Amplicon sequencing 
was carried out on an Illumina MiSeq and reads subsequently demultiplexed using 
BaseSpace (Illumina).  
 
b) DADA2 Analysis 
 
The DADA2 pipeline (version 1.8.0) was used to analyse data obtained from 
sequencing.285, 286 This pipeline was chosen due to its enhanced resolution upon 
taxonomic assignment compared to other methods.287 The output from the DADA2 
pipeline are referred to as amplicon sequencing variants (ASVs). Here, the SILVA 
reference database (v132) was used in order to classify ASVs.436 Prior to downstream 
analysis, mammalia, chloroplasts, and mitochondria were removed from both the 
bacterial (16S rRNA) and eukaryotic (18S rRNA) datasets, as well as removing any 
eukaryotes from the 16S rRNA data and any bacteria or archaea from the 18S rRNA 




28699 reads per sample respectively. Any samples that contained less than 1000 reads 
were removed from downstream analyses.  
 
c) Analysis of 16S rRNA and 18S rRNA data using MicrobiomeAnalyst 
 
16S rRNA and 18S rRNA datasets were analysed using the web-based tool 
MicrobiomeAnalyst.288, 289 This tool was selected based on its ease-of-use and 
effectiveness to gain quick insight into possible alterations in alpha- and beta- diversity 
of microbiome data. Briefly, ASV data was uploaded to the MicrobiomeAnalyst 
platform and filtered as follows; for low count ASVs, those with less than 2 counts or 
in the lowest 10% prevalence were removed, as well as those in the lowest 10% based 
on interquartile range. This resulted in a total of 1316 ASVs being taken forward for 
analysis in the 16S rRNA dataset, and 1480 ASVs in the 18S rRNA dataset 
respectively. No rarefication was applied as read counts did not vary substantially 
between samples in either the 16S or 18S rRNA datasets. Total sum scaling was 
performed on data and no transformation was applied. Subsequently, various measures 
of alpha diversity were calculated to assess differences in species richness and 
evenness between treatments. Relative abundance of major bacterial (16S rRNA 
dataset) and eukaryotic (18S rRNA dataset) phyla were then calculated and bar charts 
produced to visualise this data. To assess any statistically significant differences 
between communities belonging to individual treatments, PCoA was carried out 
(PERMANOVA based on Bray-Curtis dissimilarity) were used to assess differences 
in the 16S rRNA and 18S rRNA datasets respectively. Figures for both relative 
abundance and PCoA plots were downloaded and utilised to present data. Relative 
abundance values were utilised for subsequent statistical analysis via two-way T-tests 











A1.2.2 TEM of nTiO2 extracted from consumer products utilised in experimental 









































Figure A1.1. TEM imaging of particles extracted from Skinceuticals sunscreen. 
 



























































The published articles derived from the works carried out during this thesis are 
appended below: 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
